HJNIVERSITY OF

Southampton

University of Southampton Research Repository

ePrints Soton

Copyright © and Moral Rights for this thesis are retained by the author and/or other
copyright owners. A copy can be downloaded for personal non-commercial
research or study, without prior permission or charge. This thesis cannot be
reproduced or quoted extensively from without first obtaining permission in writing
from the copyright holder/s. The content must not be changed in any way or sold
commercially in any format or medium without the formal permission of the
copyright holders.

When referring to this work, full bibliographic details including the author, title,
awarding institution and date of the thesis must be given e.g.

AUTHOR (year of submission) "Full thesis title", University of Southampton, name
of the University School or Department, PhD Thesis, pagination

http://eprints.soton.ac.uk



http://eprints.soton.ac.uk/

UNIVERSITY OF SOUTHAMPTON

FACULTY OF ENGINEERING AND THE ENVIRONMENT

School of Civil Engineering and the Environment
Environmental Engineering

Synthesis and Use of Magnetic Nanoparticles for the Adsorption of
Mercury from Water

By
Othman M. Hakami

Supervisors
Prof. Charles J. Banks and Dr. Yue Zhang

Thesis for the degree of Doctor of philosophy

June 2012






University of Southampton
Abstract
Faculty of Engineering and the Environment
Civil Engineering and the Environment
Environmental Engineering
Doctor of Philosophy
Synthesis and Use of Magnetic Nanoparticles for the Adsorption of Mercury from
Water
By
Othman M. Hakami

This study used magnetite (Fe3O4) nanoparticles (NPs), mesoporous silica coated
magnetite NPs (SCMNPs) and thiol functionalised silica-coated magnetite nanoparticles
(SH-SCMNPs) for Hg(ll) removal and recovery from water. The Fe3;O4 NPs were
prepared via conventional co-precipitation methods. Mesoporous silica coating was
created on dense liquid-silica coated magnetite NPs (DLSC-Fe3O4 NPS) using cetyltri-
methyl-ammonium chloride (CTAC) as molecular templates and followed by a sol-gel
reaction. SCMNPs were functionalised with 3-MPTMS using the co-condensation
method. Functionalisation of SCMNPs with this specific organic group was performed
to enhance the selectivity of the magnetic NPs towards Hg(ll). The characteristics of
these particles were assessed at different stages in the production process. The
hydrodynamic particle size distribution increased from an average diameter of ~75 nm
for FesO4 NPs to ~105 nm after silica coating, and was found to be ~111 nm after
functionalisation with thiol. The particles were found to be almost spherical with a
uniform mesoporous structure with a pore size of ~2.1 nm. The particles were strongly
responsive to an external magnetic field making separation from solution possible in less
than 1 minute using a permanent magnet.

Batch tests were used to evaluate the feasibility of the prepared NPs for the
adsorption and desorption of Hg (I1) from synthetic wastewater. SH-SCMNPs displayed
a high removal efficiency for Hg(ll) uptake, with 90% of Hg(ll) removed during the
first 5 minutes and equilibrium in less than 15 minutes. The adsorption efficiency was
highly pH dependant. Adsorption was not affected by the majority of coexisting cations
and anions under the conditions tested. 3 M HCI and thiourea in a 3 M HCI solution was
an effective eluent for the desorption of adsorbed-Hg on SCMNPs and SH-SCMNPs
respectively. This did not result in the destruction of the nanoparticles and they could
subsequently be reused, without loss of their activity, in further adsorption tests. The
adsorption characteristics of the particles were quantified in a series of isotherm
experiments using Hg(Il) solution concentrations of between 40 and 1000 ug L at
adsorbent concentrations of 4 and 8 mg L™. The adsorption capacity was higher than for
other commonly used adsorbents. Both the Langmuir and Freundlich isotherm models
were applied to the isotherm data and the maximum adsorption capacity was achieved
when the ratio of adsorbent to adsorbate was low.

A semi-continuous method for using the process at a lab scale was developed and
was found to be successful in the removal and recovery of Hg(ll) and confirmed the
results of the batch experiments.

Key words: Mercury, Magnetite NPs, Mesoporous, SH-SCMNPs, Adsorption,
Desorption.
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Chapter 1

Introduction

1.1 Research Background

Mercury (Hg) is a naturally occurring element which is found in air, water and soil, and
Is one of the most hazardous metals found in the environment. It is also frequently
found in wastewater originating from chemical manufacturing, chlor-alkali plants,
electrical wiring devices and switches, mining, painting and coating, dental works,
nuclear and other industries (Clarkson, 1998; Black and Corporation, 2010) and also by
agricultural sources (Veiga et al., 1994). Hg exists in several forms: elemental mercury,
inorganic mercury, and organic mercury compounds (Clarkson, 1998). Very low
concentration of Hg in water has been recognised as a primary problem that can cause
severe physiological and health effects because it can easily pass through the skin and
damage the central nervous and endocrine systems (Wu et al., 2007; Wang et al., 2010a).
The limit of a maximum guideline concentration of Hg in drinking water and discharge
to water are summarised in Table 1.1 which is a comparison between values in the EU
drinking water directive (98/83/EC) (Directive, 1998), the WHO guideline values for
drinking water quality regulation (WHO, 2006), and the EU discharge to inland surfaces
waters directive (2000/60/EEC) (Commission, 2006). The regulated levels of Hg ions in
drinking water and wastewater discharges are extremely low and it is a major challenge
to decrease the level of Hg to these levels in the large volumes of water in a cost
effective manner. For this reason already contaminated ground water resources may not

be available for abstraction or use and may also continue to pose an environmental risk.
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Table 1.1: Health impacts of Hg, contaminant sources and maximum guideline
concentration of mercury in drinking water and wastewater discharges.

Short term exposure: gastrointestinal distress

Potential health effects ) .
Long term exposure: nervous system or kidney

from ingestion of water

damage *
Sources of contaminant in Erosion of natural deposits, discharge from refineries
drinking water and factories, runoff from landfills and croplands *
Hg emission (ty™) Natural sources Anthropogenic sources
2500-3000** 6000***
Mercury
Regulatory limit (ug L™)
EU (98/83/EC) WHO EU (2000/60/EEC)
1 2 5

*Information retrieved on August 12, 2012, from
Information sources USEPA, (EPA, 2012)

** (Rye, 2010)

*** (Pirrone et al., 2009)

A number of approaches, such as chemical precipitation, volatilisation, electrochemical
deposition, oxidation reduction, ion exchange, membrane technologies, and mechanical
filtration, have already been employed for the removal of Hg from industrial effluent
(Pacheco et al., 2006; Mattigod et al., 2007). Unlike other heavy metals, however, Hg
can be recovered through biological treatment by converting Hg”* to Hg®, which can
then be removed by adsorption (Otto and Bajpai, 2007). Although the effectiveness of
these processes has been sufficiently proved, they present many difficulties and
limitations due to high energy requirements, complex operation, incomplete metal
removal, and a large volume of sludge production (Xu et al., 2003). Furthermore,
increasingly stringent environmental regulations pertaining to discharges containing
mercury necessitate the development of technically and economically feasible processes

for the removal of mercury from wastewater (Spiegel and Veiga, 2010)

One of the most promising technologies for the removal of low concentrations of heavy
metals from water and wastewater is adsorption. This technique has been used for many
years and the effectiveness of various adsorbents has been demonstrated in different

water and wastewater applications (Babel and Kurniawan, 2003; Brown et al., 2001).




Chapter 1

Adsorption is widely used for the removal of Hg from industrial effluent due to its high
performance and low cost (Rezaee et al., 2005). In principle, adsorption can be used not
only for the removal of Hg from industrial effluents, but also to recover and recycle Hg
back to industrial processes (Paez-Hernandez et al., 2005). For an industrial separation
process to work efficiently, whether bulk separation or purification, it is vital for the
adsorbent material to possess a high internal volume that is accessible to the elements
extracted from the fluid. Moreover, it is essential that the adsorbent have several strong
mechanical properties, such as durability and resistance to attrition, and good Kinetic
properties — that is, it must be capable of transferring adsorbing molecules rapidly to the
adsorption sites. In most applications, the adsorbent must be regenerated after use and it
is therefore desirable that regeneration be carried out efficiently and without damage to
mechanical and adsorptive properties. Finally, in order to compete with other
commercially available separation processes, the raw materials and techniques for
producing adsorbents must be cost-effective (Bailey et al., 1999; Celis et al., 2000;
Thomas and Crittenden, 1998).

Activated carbon (AC) is one of the most common industrial adsorbents used for
mercury removal (Bailey et al., 1999; Kurniawan et al., 2006; Namasivayam and
Kadirvelu, 1999), yet various studies have shown practical limitations to this method.
Even in a well-operated system, regeneration of the carbon may result in a loss of ~15%
of the original material; this coupled with the use of complexing agents to improve
performance can result in substantial waste generation (Babel and Kurniawan, 2003;
Bailey et al., 1999). Fly ash (Rio and Delebarre, 2003), clay (Senevirathna et al., 2011) ,
Zeolite (Chojnacki et al., 2004) and peat moss (Brown et al., 2001) have also been used
as adsorbents because their structure provides sufficient surface area for adsorption. In
all cases, however, the presence of an ill-defined pore structure (Hahn et al., 1996;
Yoshitake et al., 2002) has a hindering effect on diffusion, which may lead to a decrease
in the adsorption rate and the available capacity (Hu et al., 2006). Ideally, the pores of
an adsorbent should facilitate the transport of molecules and provide free access. This
can be achieved through interlinked pores with a near uniform size distribution
(Yoshitake et al., 2002).
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Recently, nanotechnology has been identified as a promising technology for solving
many problems and as having an important role in water purification and quality (Diallo
and Savage, 2005). The American Society for Testing and Materials (ASTM) defined
nanotechnology as “a term referring to a wide range of technologies that measure,
manipulate or incorporate materials and or features with at least one dimension between
approximately 1 and 100 nanometer (nm)” (ASTM, 2006). Given increase in the
methods for environmental remediation and water treatment techniques related to
removal that rely on adsorption at the solid-liquid interface, it is only logical to explore a
new generations of adsorbent based on nanotechnology for the removal of heavy metals.
In comparison with conventional adsorbents and their bulk or micron-scale analogue,
nanoparticles (NPs) demonstrate greater specific surface area. This can be translated for
more reactive sites with faster kinetics for uptake (Tratnyek and Johnson, 2006).
Although nanomaterials may provide better immediate results compared to other water
and wastewater techniques, our knowledge of the environmental fate, transport and
toxicity of nanomaterials is still in its infancy (Colvin, 2003). It is thus necessary to
study the regeneration process of nanomaterials in order to decrease any environmental
pollution that may follow their release. There are four classes of nanoscale materials
with potential for water purification: (i) metal-containing nanoparticles, (ii)
carbonaceous nanomaterials, (iii) zeolite and (iv) dendrimers. These have a broad range
of physico-chemical properties that make them particularly attractive for the separation
process or as reactive media for water purification (Tiwari et al., 2008). Diallo and
Savage (2005) conducted a brief review of the application nanoscale adsorbents in water
purification for mitigation of heavy metals. Many kinds of nanomaterials are in various
stages of research and development, each possessing a unique functionality that makes
them potentially applicable to the remediation of industrial effluents, groundwater,
surface water and drinking water. As a result of these developments, nanomaterials that
have become available include: nano-sorbent, nanocatalysts, bioactive nanoparticles,
nanostructured catalytic membranes, submicron, nanopowder, nanotubes, magnetic
nanoparticles, granules, flake, high surface area metals particles supramolecular

assemblies with characteristic length scales of 1-100 nm, including clusters,
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micromolecules and colloids; all of these could in the future have a significant impact on
improving water quality in the natural environment (Diallo and Savage, 2005).

Magnetic (Fe304) nanoparticles (NPs) have unique properties, such as small size, large
surface area, magnetic properties and a high number of active surface sites on Fe;O,
NPs. These properties can also lead to an enhancement in adsorption capacities of this
sorbent material. These characteristics all contribute to a high adsorption efficiency,
high removal rate, and easy and rapidly facilitated separation of the adsorbent from the
solution using a magnetic field (Oliveira et al., 2003; Hu et al., 2004). Magnetic
composite particles can be designed to have specific physical, chemical and surface
properties that allow the selective attachment of ions, molecules, macromolecules, cells,
colloidal particles or liquid phases (Warner et al., 2009; Xu and Dong, 2008). Once the
target has attached, the use of a magnet provides a very simple and effective method of
separating the particles along with their targeted specific group from the aqueous phase.
The manufacture of these magnetic composite particles first requires the creation of the
nanoparticles and then modification of the surface to match the requirements and
constraints of the proposed end use (Hu et al., 2006; Williams, 1994). However,
magnetic separation could solve many of the issues associated with conventional
methods, such as filtration, centrifugation or gravitational separation, which requires

much less energy to achieve a given level of separation (Shipley et al., 2009).

Since discovery in 1992 (Kresge et al., 1992), micro and mesoporous nanomaterials
have had a great focus of scientific and technological interest. Due to their high surface
area, high porosity, and extremely good catalytic properties, there has been a huge effort
to show their potential for applications in many fields, such as materials science,
chemistry, medical and biomedical sciences and bioengineering (Kanel and Nepal,
2008). Nanoporous materials have numerous applications in environmental research, as
these have good chemical and physical properties, such as a high surface area and high
porosity (Kanel et al., 2005); this coupled with high reactivity makes them useful as
adsorbents in water and wastewater treatment. Functionalised nanoporous adsorbents

are therefore now being studied with respect to their possible use in the removal of
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heavy metals from aqueous media (Mamadou et al., 2008; Da'na and Sayari, 2011;
Shahbazi et al., 2010; Brown et al., 2000). Among the types examined, those with thiol-
functionalised groups have been found to be most efficient for the removal of Hg(Il)
(Walcarius and Delac6te, 2005). However, the majority of related reports, such as those
of Bibby and Mercier (2002), Mattigod et al. (2007), Delacote et al. (2009a), and
Yamauchi et al. (2009) focused on the application of adsorption of Hg(ll) onto the
modification silica. The sorption mechanism of adsorption of Hg(ll) onto thiol-
functionalised silica was not examined. With all unique properties of nanoporous
materials, mesoporous silica coated magnetite particle can offer simple and rapid
separation of Hg loaded magnetic NPs from treated water using an external magnetic
field (Dong et al., 2008).

While the application of magnetic nano-sorbent for removing heavy metals is still in its
very early stages, new developments are rapidly coming to the surface as the area of
nanotechnology is growing fast. Most of these previous studies focus on the adsorption
process for the removal of heavy metals from contaminated water, and little exists on
factors leading to a decrease of adsorption, such as dissolution, types of eluents and the
effect of pH on these ideal sorbents. Studying these factors, along with understanding of
the mechanism of adsorption of Hg(ll), could lead to the establishment of a good
knowledge based on adsorption behaviours and provide the foundation for further

studies.

1.2 Research Aim and Objectives

The aim of the research was to develop an adsorption system for the removal and
recovery of mercury from water using nanoparticles formed from magnetite. This goal
was sought by achieving the following objectives.

1. To syntheses Fe3O4 NPs through conventional co-precipitation method and coat
them with mesoporous silica (SCMNPs) to obtain in a magnetic nano-sorbent
with a large surface area, uniform pores and high magnetic properties. Finally, to
functionalise these SCMNPs with a thiol functional group by co-condensation

and thus enhance their selectivity towards Hg(Il) ions.
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. To study their physical and chemical properties through various physical and

chemical instrumental techniques.

To identify practical operating conditions for achieving the maximum Hg(ll)
adsorption and desorption using batch tests.

To examine the reusability of the prepared adsorbents.

To understand the mechanism of mercury adsorption onto magnetic NPs,
including the action and behaviour of any functional chemical groups.

To test if the adsorbent could work in real application by developing a semi-

continuous system.

1.3 Thesis Overview
The thesis is divided into eight chapters

Chapter 1(Introduction): briefly presents the background and scope of this work.
Chapter 2 (Literature review): reviews the literature relating to potential health
and environmental impacts of mercury.  This chapter also introduces
conventional technologies for mercury removal from water and wastewater,
along with a summary of fundamental adsorption principles and a state-of-the-art
of the mercury removal using adsorption technique. The conventional methods
for nanoparticles production, surface modification and their application in
environmental protection are also discussed.

Chapter 3 (Experimental Materials and Methods): describes the methods used in
this study for the preparation of Fe3O, NPs, SCMNPs and SCMNPs and SH-
SCMNPs. Advanced methods for NPs characterisation are described as well as
the analytical method for Hg and other metals ion’s determination. The
experimental design and batch test procedures are also described.

Chapter 4 (Characterisation of NPs): the crystallinity and mineral composition,
size, morphology, magnetisation and surface charge of Fe3sO, NPs, SCMNPs and
SH-SCMNPs is described in this chapter.

Chapter 5 (Adsorption and Desorption of Hg): discusses the application of
prepared NPs for the removal and recovery of Hg and the optimising of the

operational conditions for mercury removal and recovery in batch system.
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Chapter 6 (Mechanism of Adsorption): mechanism of adsorption is analysed in
this chapter using the Langmuir and Freundlich isotherms and advanced
analytical techniques.

Chapter 7 (Semi-Continuous System for Adsorption and Desorption of Hg):
taking into account real applications, the semi-continuous system presented the
potential application of SH-SCMNPs for the removal and recovery of mercury.
Chapter 8 (Conclusions and Future Work): the results of this study are

summarised in this chapter, and proposals for possible future work are offered.




Chapter 2

Literature Review

2.1 Characteristics of Mercury and its Environmental Impact

2.1.1 Introduction

Mercury (Hg), a highly toxic element, is a major environmental concern (EPA, 2009).
Hg is released both naturally into the environment and through human activities. Hg has
been used intensively for a number of industrial purposes due to its chemical and
physical properties. Hg contamination of the environment by mining activities and
industrial wastewater has resulted in the pollution of large areas of soils and sediments
worldwide. This is the result of improper disposal or discharge of processed waste
streams from abandoned Hg mines, gold mines where Hg is used in an amalgamation
process, and where Hg has been released as a by-product of a chemical process. In all
cases, these wastewater effluents often contain mercury ions at concentrations above
local discharge limits (Tchounwou et al., 2003; Pacheco et al., 2006). There are still
many uses of mercury, including the production of chlor-alkali, in electrical wiring
devices and switches, measuring and control devices, lighting and dental works. As a
result of industrial, domestic and medical activities, the amount of total mercury in the
environment is increasing (Hissler and Probst, 2006). The amount of Hg introduced to

the earth’s atmosphere every year is approximately 5000 tons (Ram et al., 2009).

2.1.1.1 Forms and sources of mercury

Three forms of Hg occur in the environment: elemental (Hg®), inorganic (Hg (1) and
Hg(Il) and organic compounds. The physical and chemical properties of Hg compounds
are summarised in Table 2.1. Elemental Hg is of considerable importance
toxicologically due to its high water solubility (20 mg L™) and high vapour pressure.
Because of its high surface tension, it forms small compact spherical droplets when

released into the environment.
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Table 2.1: Physical and chemical properties of Hg compounds (Atwood, 2006; EPA,
2007).

Compound Elemental Mercuric Mercurous rzﬂeitzrmllc
Mercury Chloride Chloride Chlori
oride
Molecular formula Hg’ HgCl, Hg,Cl, CH3HgCl
Molecular weight 200.59 271.52 472.09 251.1
Solubility 20mgL*at25 74gL'at20 20mgL'at 100mgL™at
°C °C 25°C 21°C
Density 13534gcm®  54gcm®at 7.15gcm®at  4.06 gcm at
at 25 °C 25°C 19 °C 20 °C
Boiling point (°C) 357 302 384 Not available
Melting point (°C) -39 277 302 170
Oxidation state 0 +2 +1 +2

Hg also exists in the inorganic form Hg(l) (mercurous salts) and Hg(Il) (mercuric salts)
(WHO, 1991). In its most prevalent state, Hg(ll), Hg can be ligated to a variety of
counterions, including hydroxide, chloride, sulphide. The most common natural form of
mercury is mercuric sulphide (HgS - commercially known as cinnabar ore), which has
the least water solubility of 10 ng L™ (Atwood, 2006). The most important salts are
mercuric chloride (HgCl,), a poison that is highly soluble in water (74 g L™ at 20 °C),
and mercurous chloride (Hg,Cl,), which has low water solubility (2.0 mg L™ at 20 °C)
(Ullrich et al., 2001; Otto and Bajpai, 2007).

The last form of Hg is organic Hg compounds, which consist of diverse chemical
structures in which Hg forms a covalent bond with carbon. Organic Hg compounds
include three main groups: 1) alkalimercurials, such methylmercury (CHsHg") and
ethylmercury (C,HsHg™); 2) artylmercurials, such as phenylmercury ( C¢HsHg™) and 3)
the family of alkoxyalkali mercury diuretics (Otto and Bajpai, 2007).

Hg is emitted by both anthropogenic and natural processes. Approximately 80% of the
Hg released into the environment comes from human activities, including the burning of
fossils, compost incinerators, mining and extraction of Hg from cinnabar, the chlor-
alkali industries, pulp and paper industries, paints, fungicides, electrical equipments,
instrumentation, amalgamation and dental use. Recent human activities, such as metal

smelting, chemical synthesis, medical devices and waste deposal also produce a
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considerable amount of Hg emission into atmosphere. The emissions of Hg associated

with various anthropogenic activities are summarised in Figure 2.1.

M Fossils fuel consumption B Gold mining B Metal production
B Cement production B Waste incineration m Cholr alkali

Denatal amalgam

2% 1%

Figure 2.1: Estimated proportion of global anthropogenic mercury emissions in 2008
from different sources (Pacyna et al., 2010).

The earth’s crust naturally contains 0.5 parts per million of mercury. This amount is
released slowly from rocks and minerals as they erode under normal weathering

conditions or volcanic activities (Clarkson, 1998).

2.1.1.2 Transformation of mercury

Hg occurs naturally in the environment and can be found in air, soil and water. It is
rarely found as pure liquid metal mercury in nature but rather within compounds and
inorganic salts. Its chemistry is complex being present in a number of chemical forms
that can be readily transformed from one to another. The transformation into different
chemicals forms allows Hg to be transferred between soils, water and air. This mobility
has resulted in Hg becoming one of the most global spread pollutants (EPA, 2009).

Due to its chemical properties, Hg can move through various environments and possibly
change from one form to another during this process. Three main types of reaction in
the Hg cycle determine the Hg transformation between the various forms: oxidation-
reduction and methylation- demethylation (Atwood, 2006; Khatoon-Abadi et al., 2008;

11
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Adeniji et al., 2004). In oxidation and reduction reactions, Hg is oxidized to a higher
valence state, for example from Hg° to Hg?*, and conversely Hg?* is reduced to low
valence state. The process to convert inorganic Hg to the toxic methylmercury is called
Hg methylation (MeHg). MeHg occurs by bioreaction under aerobic or anaerobic
conditions, such as by sulphate-reducing bacteria (SRB). The MeHg occurrence
depends on bacteria activity and some chemical factors, such as pH, inorganic Hg
concentration in sediments, concentration of dissolved oxygen (DO), temperature and
availability of chemical precursor or methyl donor. Normally, methylation takes place
in the bottom of sediments but it can also occur in water columns near the oxycline area.
The most intense MeHg occurs in transitional oxidising anaerobic zones of natural
sediments. Demethylation is a chemical process resulting in the removal of a methyl
group (CHs) from a molecule in biochemical systems. Demethylation can occur under
aerobic and anaerobic conditions (EPA, 1997). The Hg transport in the environment is
illustrated in Figure 2.2.

evaporation deposition
P! 5 Hg° po
CH, / C,H, hy
Atmosphere
bioaccumulation
108
oxidation methylation MeHq" /
Hgo é ng‘" é M: I-?g
reduction demethylation 2
Hydrosphere sedimentation /

Figure 2.2: Mercury cycle (Leopold et al., 2009).
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2.1.1.3 Toxicity of mercury

Hg is one of the most hazardous contaminants that can be found in aquatic
environments. High levels of exposure to Hg may lead to neural and brain damage.
Brain damage occurs more usually in children than adults due to parental or postnatal
exposure (Bittner et al., 1998). The ecological and toxicological impacts of Hg are
strongly dependant on its chemical form (Ullrich et al., 2007). The WHO suggested that
the intake for adults should be less than 0.3 mg total Hg per person per week, of which

no more than 0.2 mg should be methylmercury (O'Neill, 1998).

There are two pathways to the human exposure to Hg; these are: 1) in consumption as
methylmercury (CHsHg") or by breathing vaporous mercury (Hg®) emitted from various
sources, such as metallic mercury, dental amalgams and ambient air; 2) Elemental
mercury (Hg®) itself can be toxic, especially if inhaled, but this element can also be
methylated by microorganisms in aquatic systems into its most toxic organic form,
methylmercury (CHsHg"), which biomagnifies through the food chain, especially in fish
tissue (Malm et al., 1995). In the following, the most common exposure of Hg will be
briefly reviewed (Nuflein et al., 1995):

" Direct :
1. Inhalation of airborne gases and particles.
2. Incidental ingestion of contaminated soils.
3. Ingestion of contaminated drinking water.
4.  Contact with contaminated sediments.

. Indirect:
1. Ingestion of locally grown vegetables.
2. Ingestion of locally produced dairy products, such as milk.
3. Ingestion of meat and fish.
Chronic toxicity is the toxicity impact that lingers or continues for a relatively long

period of time.

An improved understanding of the toxic health effects of Hg and its bioaccumulative

properties has led to greater regulatory control. For example, the WHO recommends a
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maximum mercury level of 2.0 pg L™ in drinking water, although the guidelines in
developing countries are still based on US guidelines of 5.0 pg L™, which is listed under
the Clean Water Act (CWA) (EPA, 2007). Also, under the CWA, the US EPA has
established ambient water quality criteria (WQC) for Hg and has issued technology
based standards for specific industries to control Hg discharge into rivers, streams, lakes
and wet lands (Otto and Bajpai, 2007). The EU maximum levels of Hg ions in drinking
water is 1.0 ug L™ (Directive, 1998).

2.2 Currently Used Methods for Mercury Removal

2.2.1 Mercury Removal Technologies

The problem of disposing of industrial wastewater is as old as industry itself. Industrial
wastes often cause serious water, air and soil pollution. Hg is frequently found from
electrolytic production of chlorine and caustic soda in mercury cells (chlor-alkali
industry), nuclear, pulp and paper industries, paints, fungicides, electrical equipments,
manufacturing of wiring devices and switches, and many other industries (Xu and Dong,
2008). These industries still generate wastewater containing mercury at different
concentrations and in different forms. Sometimes, the concentration could be as high as
10 mg L™ (Von Canstein et al., 1999) | It is necessary for these industries to reduce their
mercury pollution load to an acceptable level before discharge into the municipal sewer
(Paez-Hernandez et al., 2005).

In order to remove Hg contamination from contaminated soil, water and wastewater
streams, several technologies have already been employed, including chemical
precipitation, volatilisation, electrochemical deposition, oxidation reduction, ion
exchange, membrane technology, and mechanical filtration (Paez-Hernandez et al.,
2005). However, these methods tend to be either ineffective or extremely expensive
when used to remove low metal concentrations in general. Nine technologies have been
identified as being able to treat Hg contaminated soil, waste, water and wastewater (as
shown in Table 2.2), but only five out of the nine methods have been recommended to

remove Hg from water and wastewater. These include: precipitation/co-precipitation,

14



Chapter 2

adsorption, ion exchange membrane filtration and bioremediation (EPA, 2007).
Different factors should be considered before choosing a method to remove mercury
from aqueous environment. The first important factor in choosing a method is that it
must not leave toxic residue that may release Hg in the future and must later be removed
by another method. Localisation of the water stream under treatment is very important
from an efficiency and cost-saving perspective, and it is necessary to have low-cost
materials to treat large volumes of wastewater (Atwood, 2006). Therefore, a selection of
the most appropriate treatment for any given waste system, whether consisting of one or

more individual metal removal processes, requires accurate determination of the volume

and characteristics of the effluent along with bench-scale treatability studies.

Table 2.2: Applicability of mercury treatment technologies (EPA, 2007).

Water
Technology Soil @ Waste P Ground & Wastewater ¢
surface water ©

Solidification/Stabilisation ° °
Soil Washing and Acid ° °
Extraction

Thermal Treatment ° °
Vitrification ° °

Precipitation/Coprecipitation
Adsorption

lon exchange

Membrane Filtration

Biological Treatment

Notes:

% Soil includes soil, debris, sludge, sediments and other solid-phase environmental

media.

b Waste includes nonhazardous and hazardous solid waste generated by industry.

¢ Ground and surface water also includes mine drainage.

d Wastewater includes nonhazardous and hazardous industrial wastewater and leaches.
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Below, a brief presentation of the five methods currently used to remove toxic heavy

metals, including mercury, from water and wastewater.

2.2.1.1 Chemical precipitation process

The conventional technology for the removal of toxic heavy metals, such as Pb, Cu, Zn
and Hg, in large industrial plants is chemical precipitation. Metals precipitate from the
solution by adding alkali to raise the pH, as shown in Figure 2.3, and the settled sludge
is then collected and dewatered before its ultimate disposal (Kamara et al., 1989).
Sulphide precipitation is considered the most common precipitation method to remove
inorganic Hg from wastewater (EPA, 1998). Precipitation technologies can reduce Hg
concentrations to less than 2.0 pg L™. However, some systems, such as those based on
activated carbon polishing, have to use multiple precipitation steps and additional

technologies as pre-treatments to reach this level (EPA, 2007).

Reagent Polymer
Wastewater =———————— | j | j
v

> Effluent

Clarification

pH Adjustment and Flocculation 1
Reagent Addition !
C T T T T TT L
1 [ S ——
: Filtrate Thickener
| Overflow
1
Solids {0 emmmmmm—r] ~_ Sludge [ Sludge Sludge
Disposal Dewatering Thickening

Figure 2.3: Model of precipitation system (EPA, 2007).

As it is very simple and highly efficient technique for removing large quantities of Hg
from contaminated water, this method is widely used in industry. However, the
presence of other contaminants, both dissolved, colloidal and suspended, may affect
precipitation and therefore need to be removed through other processes (Randtke, 1988).

The main problems associated with precipitation processes is that they are often
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followed by solid/liquid separation processes as a secondary step, low density of solids
and the ultimate disposal of the voluminous sludge which often contains a high content
of water. The inappropriate disposal of unstable precipitates may cause secondary
contaminate of water because metal ions can be leached out from the sludge, returning to
the aqueous environment. In addition, a polishing step is required for most precipitation
processes in order to achieve low residual levels of metal ions in the processed water
(Dong et al., 2008; EPA, 2007).

2.2.1.2 lon exchange process

lon exchange is used as a non-consumptive method for selective removal and recovery
of heavy metals. The ions are removed from wastewater and concentrated on the
exchange resin (Baes et al., 1997). Then, the resin is regenerated. This method is a
simple and highly efficient technique for removing even traces of impurities from the
solution. Such a process includes the removal of Pb(ll), Hg(ll), Zn(ll), Cd(ll) and
Cr(11) and Cr(VI) from water and industrial wastewater (Dabrowski et al., 2004). The
ion exchange process continues until the solution being treated exhausts the resin
exchange capacity. The exhausted resin must be regenerated by other chemicals that
replace the ions captured in the ion exchange operation, thus converting the resin back to
its original composition for reuse in the next cycle (Xu and Dong, 2008). Generally, ion
exchange has many problems for the removal of heavy metals, such as poor wettability,
small surface area, poor selectivity, slow adsorption rate and challenges in regeneration
(Nam et al., 2003). The presence of suspended solids may affect the effectiveness of ion
exchange process. However, in practice for wastewater treatment, ion exchange could
not achieve the treatment goal and prefiltration is required to remove suspended solids

that might mechanically clog the resin bed (Xu and Dong, 2008).

It is possible to remove Hg(l1) from water and industrial wastewater using several types
of ion exchangers, such as strongly acidic cation exchangers, weakly and strongly basis
anion exchangers as well as selective ion exchangers of various types. However, these
methods are particularly useful when treating large volumes of a diluted solution
(Larson and Wiencek, 1992). Among many types of ion exchange resins used, total

mercury removal (TMR), which was developed by Akazo in 1976 (Dujardin et al.,
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2000), was found to be the most efficient for mercury removal (Atwood, 2006).
Western European industries have applied the selective ion exchange Imac TMR to
remove Hg(ll) ions from technological solutions, especially from electrolytic brines
(Dabrowski et al., 2004). In order to enhance the affinity of ion exchangers towards
Hg(ll), the ion exchangers are functionalised with thiocarbamate functional groups.
This has the capability to improve the reduction of the ions level from 20 mg L™ to less
than 2.0 ug L™.

2.2.1.3 Membrane filtration process

Membranes are a selective barrier, allowing some constituents to pass while blocking the
passage of others. There are four types of membrane filtration techniques, which are
classified by pore size: (1) microfiltration (MF), (2) ultrafiltration (UF), (3)
nanofiltration (NF), and (4) reverse osmosis (RO) (AWWA, 2005).

For Hg removal, a pre-treatment step should be used to form mercury precipitates that
can be more effectively removed by this technology. Then, membranes can reduce
concentrations of mercury to less than 2.0 ug L™ (EPA, 2007). Suspended solid, organic
compounds and other contaminants can cause membrane fouling during mercury
removal operations (Uludag et al., 1997). In order to enhance separation of mercury
from aqueous waste, modern membranes are incorporated with functional materials or
applied electric current. Generally, membrane filtration is used less than frequently
because it tends to produce larger volumes of residual than other mercury treatment
technologies (Otto and Bajpai, 2007).

2.2.1.4 Biological treatment process

Although biological treatment has been successfully applied to degrade organic
contaminants, it is not applicable to the treatment of Hg contamination of wastewater. It
can, however, be used as a treatment by converting soluble ionic mercury (Hg(ll)) into
element or metallic mercury (Hg®) that is retained on the biomass where it is more easily
removed from the water by another technology, such as adsorption or precipitation
(Wagner-Dabler et al., 2000). The simplified model of a biological treatment system is

shown in Figure 2.4. In this type of process, pre-treatment should be applied to adjust
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the pH of the solution to be in the optimal range at 6.5 to 7.5 using sodium hydroxide
and phosphoric acid as optimal for aerobic biotreatment process (EPA, 2007).

The problem associated with biological treatment is that a high concentration of Hg may
be toxic to microorganisms used in biological treatment. Also, the presence of sufficient
amount of nutrients, such as sucrose and yeast extract, is crucial to the performance of a
biological system because nutrients are essential for the growth of microorganisms
(Wagner-Dabler et al., 2000; Mattigod et al., 2007). Also, this technique requires an

extensive rector setup and for this reason is not suitable for in situ remediation.

Influent

Packed
media and
microbes

Effluent
Figure 2.4: Model for a biological treatment system (EPA, 2007).

This technique had been used in chlor-alkali plants (Wagner-Dobler et al., 2000;
Wagner-Ddbler, 2003). They found that after water had remained in the reactor for
approximately three hrs, this technique could not achieve the minimum level for
discharge and passed through an activated carbon filter to remove any mercury not
captured by the bacteria. The other drawback is that the Hg concentration in the
incoming wastewater must be regulated, as if it grows too high, the Hg will overwhelm

the bacteria and kill them.
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2.2.1.5 Adsorption process

Various studies have shown that adsorption techniques are highly efficient in removing
heavy metals from water and industrial wastewater without discharging any harmful by-
products to the treated water. Effective recovery of adsorbed Hg can also be expected
from an adsorption system (Bailey et al., 1999; Babel and Kurniawan, 2003; Pérez-
Quintanilla et al., 2006; Nam et al., 2003). Adsorption takes places in most natural,
physical, biological and chemical systems and adsorption operations employing solids,
such as activated carbon (Skubal and Meshkov, 2002; Ruthven, 1984). The choice of an
adsorbent for mercury removal is governed by three criteria: (1) mercury adsorption
must be thermodynamically possible, (2) kinetic limitations must not prevent it even at a
very low contact time, and (3) in biosorption process, the adsorbent must not lead to the

growth of bacteria (Pacheco et al., 2006).

Adsorption of molecules can be represented as a physical or chemical reaction:

A+B< AB
where A is the adsorbate (contaminant), B is the adsorbent and A.B is the adsorbed
compound. The most common adsorbents widely used for the removal of Hg from
wastewater are activated carbon fly ash and clay (Namasivayam and Kadirvelu, 1999;
Babel and Kurniawan, 2003). The common adsorbents for removal of Hg(ll) will be

discussed in details in following section.

The effectiveness of adsorption is sensitive to many kinds of contaminants in the
untreated water. The presence of suspended solids, organic compounds and biological
growth can cause fouling and plugging. Pre-treatment using flocculation or filtration is
commonly used to reduce organic compounds and suspended solids and enhance

adsorption characterization (EPA, 2007).

2.2.1.5.1 Common Hg adsorbents

Apart from the criteria mentioned in the Chapter 1 (Section 1.1), other factors must be
considered before choosing an adsorbent for removing Hg from an aqueous
environment. One of the most important requirements when making such a choice is

that the toxic residue should not generate a new contaminant that will need to be
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removed later by another method. Highly efficient and low-cost materials are necessary
in the remediation process. For an industrial separation process to work efficiently,
whether this be a bulk separation or purification, it is vital for the adsorbent material to
possess a high internal volume that is accessible to the elements extracted from the fluid.
Moreover, it is essential that the adsorbent must have several strong mechanical
properties, such as durability and resistance to attrition, and good Kinetic properties —
that is, it must be capable of transferring adsorbing molecules rapidly to the adsorption
sites. In most applications, the adsorbent must be regenerated after use and it is
therefore desirable that regeneration be carried out efficiently and without damage to
mechanical and adsorptive properties. It is important to regenerate the adsorbent after
most uses, which in turn makes it essential that the regeneration process be conducted
efficiently, preventing any damage to the mechanical and adsorptive properties. Most
importantly, in order to compete with other commercially available separation processes,
the raw materials and techniques used for producing adsorbents must be cost-effective.
Finally, the environmental regulations governing the discharge of treated wastewater
should be considered, and the amount of sludge or residue generated and their disposal
costs (Thomas and Crittenden, 1998; Bailey et al., 1999; Celis et al., 2000). There are
many types of adsorbents that have already been investigated, including activated
carbon, chitosan, fly ash, clay, natural zeolites and agricultural waste for removing
mercury from industrial effluent (Babel and Kurniawan, 2003; Kurniawan et al., 2006;
Atwood, 2006). However, most published works using conventional adsorbents have
dealt with high and environmentally unrealistic concentrations of mercury (usually
more than 20 mg L™) (Girginova et al., 2010), even knowing that the average mercury
concentration from industrial wastewater discharge is less than 10 mg L™ (Von Canstein
et al., 1999; Wagner-Dobler, 2003) and that pharmaceutical wastewater contains
mercury with average of 3.8 mg L™ (Cyr et al., 2002). This is mostly because the
determination of Hg at low concentrations of less than 100 ug L™ is a difficult task.
Therefore, the development of new adsorbents with high efficiency for removal of Hg at
low concentrations is an extremely important task in wastewater treatment. Below, a
brief presentation of the common adsorbents used to remove Hg from water and

wastewater is presented.
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Activated carbon (AC) has been widely used in industrial applications for Hg removal.
AC is classified into four types based on shape and size: powder (PAC), granular
(GAC), fibrous (ACF), and clothe (ACC). Due to the different sources of raw materials,
the extent of chemical activation, and the physicochemical characteristics, each type of
activated carbon has its specific application as well as inherent advantages and
disadvantages in wastewater treatment (Lewinsky, 2007). Although a significant
number of low-cost adsorbents from various materials have been investigated,
commercially activated carbon (CAC) is still the standard sorbent of Hg. Many
researchers are continuing to develop and investigate the use of AC for Hg removal
(Babel and Kurniawan, 2003). Various studies have reported that the removal efficiency
of Hg using GAC was more 60% of total Hg at the range of Hg concentrations 1-30 pg
L™ at pH 7.0 (Patterson and Stein, 1997). The equilibrium time for the removal of
mercury was more than two hrs and GAC generally cannot be regenerated
(Namasivayam and Kadirvelu, 1999). However, some results showed that its
regeneration process is complicated (Zhang et al., 1991). PAC is not widely used for
removal of mercury as GAC due to low efficiency and the fact that it cannot be
regenerated for reuse (Warhurst et al., 1997). As a result of intensive applications of
activated carbon, activated carbon has become an expensive material.  Another
disadvantage is that activated carbon requires complexing agents to improve its removal
performance of inorganic Hg (Babel and Kurniawan, 2003). Therefore, the cost-
effectiveness of this material is reduced. Recently, activated carbon has ceased to be
attractive in small-scale industries because of cost-inefficiency reasons (Dias et al.,
2007).

Fly ash is an industrial solid material generated from thermal power plants, such as those
located in India during coal combustion. Generally, it is one of the most conventional
and cheapest adsorbents having an excellent ability for mercury removal (Patterson and
Stein, 1997; El-Mogazi et al., 1988). The disadvantage of using fly ash is that it was
reported in many published studies that the adsorption’s capacity is generally low,
usually between 2.5-6 mg Hg g, and also required a large amount of fly ash, which

cannot be replaced (Sen and De, 1987; Babel and Kurniawan, 2003).
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Peat moss, originally from plants, mainly contains lignin and cellulose as major
components. It is widely available and commonly used as a sorbent that has adsorption
capabilities for mercury removal. Peat moss is a porous material with a large surface
area (>200 m? g*) and can be modified to improve its sorption capacity, so that high
efficiency for binding heavy metals can be achieved. Peat moss materials are also
relatively inexpensive sorbents and are widely commercially available with an average
cost of about US$ 0.023/Kg (Bailey et al., 1999; Babel and Kurniawan, 2003). The
peak adsorption of Hg(ll) onto peat moss was found at pH ranges between 3.5 and 6.5,
and the maximum capacity obtained was 16.2 mg Hg g*. However, peat moss, like
any kind of biosorbent, requires drying and chemical pre-treatment either with acid or

alkali to enhance effective performance (Sharma and Forster, 1993).

Clay minerals, such as micas, montmoillonite and kaolinite, have been widely used in
mercury removal (Guerra et al., 2009). The adsorption capabilities of clay minerals are
the result of a net charge on the structure of very fine-grain silicate minerals. Another
factor that contributes to the enhancement of adsorption capabilities is the high surface
area of clay minerals (~800 m? g') (Cadena et al., 1990). In comparison with
conventional adsorbents, the adsorption capacity of clay for Hg is very low, usually less
than 1 mg g™ (Viraraghavan and Kapoor, 1994; Wang et al., 1985) at Hg concentrations
1000 pg L. However, the uptake and adsorption capacity of Hg(I1) was enhanced when
clay was modified with thiol organic groups (Senevirathna et al., 2011; Manohar et al.,
2002). Clay minerals require a high temperature to achieve their adsorption, which
increases the cost-effectiveness of this sorbent (Manohar et al., 2002; Brigatti et al.,
2005).

Zeolites are naturally occurring as microporous crystalline aluminosilicates consisting of
a framework of tetrahedral molecules, linked with each other by oxygen atoms. Zeolites
are generally cheap adsorbents and their price is about US$ 0.03-0.12/kg, according to
quality (Lin and Juang, 2009). The surface area of zeolites is around 70 m? g*. The
mechanism of adsorption is not only physical, but is also based on ion-exchange, where

cations bind to negatively charged groups on the sorbent surface (Chojnacki et al.,
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2004). Zeolites cannot be regenerated for reuse (Komarowski and Yu, 1997; Lin and
Juang, 2009).

Although the above methods have been widely used for removal of Hg from aqueous
solutions, most of these materials suffer from inherent problems such as low removal
capacity, low selectivity, long equilibrium time or mechanical and thermal instability.
Therefore, the development of new sorbents should be governed by the following
criteria: the ideal adsorbent should have great stability against coagulation and consist of
an insoluble porous material with large active sites. It should be modified with organic
groups that can interact with target pollutants. It should achieve fast adsorption with
high capacity and good reusability.

2.2.1.5.2 Mechanism of adsorption

Adsorption is the ‘process by which liquid or gaseous molecules are concentrated on the
surface of a solid’ (Seader and Henley, 2012). In some ways, it is like absorption, except
the liquid-phase absorbent is replaced with a solid-phase adsorbent. In the absorption
process the solid is captured via surface tension or non-selective penetration, or in other
words absorption is the ‘process by which atoms, molecules or ions enter a bulk phase
(liquid, gas, or solid)’. For example, granules used to absorb oil that has spilled on a
floor. When a solid exhibits selective uptake, this process is called an
adsorption.(Albright, 2008). Sorption is a term introduced by J.W. McBain (McBain,
1909), includes selective transfer to the surface and/or into the bulk of a solid or liquid.
Several mechanisms can be involved in adsorption process, such as physical adsorption
involving Van der Waals forces and chemical adsorption (Thomas and Crittenden,
1998). The Adsorbate is the substance that is removed from liquid phase during the
interface.  Adsorbent is the solid, liquid or gas phase onto which the adsorbate
accumulates.  Adsorption processes include the attachment of the materials to be
adsorbed to the adsorbent at an available adsorption site (Tchobanoglous et al., 2003).

In an adsorption process, molecules, ions or atoms, as shown in Figure 2.5, in a gas or
liquid diffuse to the surface of a solid where they bound with the solid surface or are
held by intermolecular forces. To achieve a large adsorption surface per unit volume,

porous solid particles, such as micro or mesoporous, with small-diameter less than 50
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nm, interconnected pores are used. In porous adsorbents, the adsorption occurs on the
surface of the active sites of the pores as shown in Figure 2.6.

Adsorbent

Adsorbed layer Fluid phase
on surfaces

in pores

Figure 2.5: Adsorption process on the solid-particles adsorbents (Seader and Henley,

2012) .

Figure 2.6: Adsorption of metal ions into uniform pore morphology of hexagonal
mesoporous silica leads to a grafted material with unrestricted access of ions to all of the
functional sites (Walcarius and Mercier, 2010).

The adsorption phenomenon at a surface is essentially an attraction of adsorbate
molecules (gaseous or liquid) to the adsorbent surface. The interaction between the
adsorbate and the adsorbent is largely the result of binding forces between the individual
atoms, ions, or molecules of an adsorbate and the adsorbent surface; all of these forces
having their origin in electromagnetic interactions. Adsorption includes physical
adsorption, ion exchange and chemical adsorption, depending on the attraction force
between adsorbent and adsorbate (Thomas and Crittenden, 1998).

Physical adsorption results from the action of Van der Waals forces, which are
comprised of both London dispersion forces and classical electrostatic forces between
the solid and the adsorbate. Physical adsorption is relatively non-specific and the

adsorbed ions are hence relatively easy to desorb into water phase depending on their
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affinity for solids. Exchange adsorption, or ion-exchange, involves electrostatic
attachment of ionic species to sites of opposite charge at the surface of an adsorbent,
with subsequent displacement of these species by other ionic adsorbates of greater
electrostatic affinity. Chemical adsorption, or chemisorptions, involves a reaction
between an adsorbate and an adsorbent resulting in a change in the chemical form of the
adsorbate. The resulting chemisorptive bond is usually stronger than that derived from
the physical Van der Waals forces (Rodrigues et al., 1989; Thomas and Crittenden,
1998). Attachment of adsorbate molecules at functional groups on adsorbent surfaces
can also result from specific interactions that do not result in adsorbate transformation.
These interactions, designated as “specific adsorptions,” exhibit a range of binding
energies commonly associated with physical adsorption, electrostatic, chemisorptive,
and functional-group interactions. Such interactions broadly define the affinity of an
adsorbent for a specific adsorbate. Moreover, the propensity of a given metal bind within
a given ligand can be explained by the theory of hard and soft acids and bases (HSAB).
Heavy metals are divided into soft acids, such as Hg(Il), Pb(Il) and Cd(ll), or borderline
acids, such as Cu(ll), Ni(ll), Zn(Il) based on the HSAB principles of Pearson (Pearson,
1968).

In recent years, the increasing interest in developing new sorbents has meant that surface
functionalisation methods have generated much research attention. The key advantage
of this method is that the surface of sorbents can be modified to acquire very distinctive
properties through the choice of different functional groups, while maintaining the
substrate properties (Aguado et al., 2005; Xu and Dong, 2008). Among the types of
functional organic groups, Hg is perfectly adsorbed on thiol groups (Mattigod et al.,
2007). A new approach for making Hg ions adsorbent is based on the covalent grafting
of thiol groups to the framework pore walls of mesoporous NPs molecular sieves with
respect to hydroxyl group densities, channel dimensions and morphologies (Kanel and
Nepal, 2008). Moreover, the mechanism and capabilities of Hg adsorption of the
resulting thiol-functionalised derivatives depend on two factors: the organic groups
loading, and the accessibility of Hg(ll) to the internal adsorption site (Jal et al., 2004;

Aguado et al., 2008). It is well known that soft acids and bases are largely covalent
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bound (Pearson, 1963; Pearson, 1968; Nalewajski, 1984). Hg(ll) tends to form covalent
bonds with reduced sulphur (Hesterberg et al., 2001). The structure of thiol
functionalised mesoporous silica after Hg adsorption is illustrated Figure 2.7, as around
50% of silicon centres are functionalised with SH groups and become available for
binding to Hg; it is likely that extended Hg-S chains could form within the pores through
the bridging of thiol ligands to two mercury centres (Billinge et al., 1997).

Figure 2.7: Schematic of HgS structure after adsorption (Yellow: S, Grey: Hg) (Billinge
etal., 1997).

The mechanism of adsorption of Hg(ll) onto SH-SCMNPs will be investigated in this
study (Chapter 6) based on HSAB theory and the information obtained from zeta

potential, Raman and FTIR spectroscopic study.

2.2.1.5.3 Adsorption isotherm

In order to successfully represent the dynamic adsorptive behaviour of any substance
from the fluid to the solid phase, it is important to have a satisfactory description of the
equilibrium state between the two phases composing the adsorption system. Generally,
the amount of material adsorbed as a function of the concentration of this material
remained in the solution at a constant temperature and the resulting function is called an

adsorption isotherm (Tchobanoglous et al., 2003). The isotherm plays a crucial
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functional role in predictive modeling procedures for analysis and design of adsorption
systems.

A variety of isotherm models have been proposed; some of them have a theoretical
foundation and some are of a more empirical nature. The Langmuir isotherm model and
Freundlich isotherm model have been widely applied. Many criteria give them
advantages to be widely used, including simple application and a good description of
experimental behaviour in a large range of operating conditions. Furthermore, these
isotherm model are characterised by a limited number of adjustable parameters (Thomas
and Crittenden, 1998). Below, a brief presentation of the two common adsorption

isotherms is presented.

Langmuir isotherm

In the years 1916 to 1918, Langmuir established the adsorption theory to describe
gaseous adsorption on planer surfaces (Langmuir, 1918). The Langmuir adsorption
isotherm assumes all adsorbates have equal opportunity to adsorb on the surface of the
adsorbent and that each adsorbent adsorbs to only one site.
The derivation of the Langmuir adsorption isotherm involves three implicit assumptions:
= The adsorption occurs at a fixed number of definite, localised sites.
= Monolayer adsorption is formed on the surface of the adsorbent.
= The surface of the adsorbent is homogeneous.
There is no lateral interaction between the adsorbate’s molecules.

The commonly quoted form is
_ Q.bC,

= (2.1
% 1+bC, 21)
and its linear form is
Ce =i+&, (2.2)
qe Qob QO

where C, is the equilibrium concentration (mg L™), g, is the amount of metals

adsorbed at equilibrium (mg g?), Q, and b are Langmuir constants related to the

adsorption capacity and energy, respectively.
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The Langmuir isotherm may be modified to describe multiple adsorbate competition as
well as adsorbents containing sites with particular affinities (Stumm and Morgan, 1996;
Sawyer et al., 2002). Data fitting can be performed using linear and nonlinear regression
methods. Caveats do exist for concentration extremes; if the concentration is very high
(e.g. bCe >> 1), the g, will eventually become equal to Q.. This is denoted by a straight
line on the isotherm curve. For very low concentrations (e.g. bCe << 1), the curve is
initially a straight line, and g increases linearly with Ce.

Deviations often occur from the Langmuir correlation due to the formation of multi-
layers at higher adsorbate surface concentrations. Freundlich developed a model that can
overcome this limitation by including the effect of heterogeneous adsorption that allows

for the formation of multilayer adsorbates (Perry et al., 2008).

The Hg(ll) adsorption isotherm of thiol-functionalised mesoporous silica adsorbents
usually exhibited typical Langmuir behaviour that is characteristic of chemical
adsorption (Chen et al., 1999; Brown et al., 2000; Aguado et al., 2005; Aguado et al.,
2008). This observation suggests the adsorption of a monolayer on independent binding
sites. However, the adsorbed quantities of Hg(ll) were higher than the available thiols
(Ho/SH ratio > 1) when experiments were performed with excess Hg. This could be the
result of another adsorption as well as binding mechanism that may not be simply
predicted. Thus, several investigations were attempted to elucidate this point and
techniques such as X-ray absorption spectroscopy (XAS) (Chen et al., 2004), X-ray
absorption fine structure spectroscopy (XAFS) (Feng et al., 1997; Kemner et al., 1999)
and atomic pair distribution function (PDF) analysis of synchrotron X-ray Powder
diffraction data (Billinge et al., 1997) were used to understand the coordination state of
Hg(l1) once immobilised on the materials. Several forms of monodentate, bidentate and
multilayer structure have been reported in the literature depending on the condition used
in adsorption experiments. Note that Hg(Il) species are also likely to interact with silanol
groups located on the silica surface (to form —Si—O-Hg complexes) (Walcarius and
Delacéte, 2003), and though the adsorbed Hg(Il) quantities via this process remain low,
they can contribute to explaining the observation of immobilised mercury in amounts
that are higher than the available thiols (Hg/SH ratio > 1).
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Freundlich isotherm

The equilibrium relation isotherm is often used to describe adsorption to multi-site or
heterogeneous surface across a wide range of adsorbate concentrations (Noll et al.,
1991).

The Freundlich isotherm is expressed as

1

g, = KCe" (2.3)

and its linear form is given as

log(q, )= Iog(Kf )+ n"log(C,) (2.4)

where K, are Freundlich constants incorporating all the factors that affect the

adsorption process such as capacity and intensity, and n™ is the Freundlich exponent
representing adsorbate change in affinity as adsorption density changes, usually ranging
0.7 to 1.2. This is typically plotted as log (Ce/ge) versus log (Ce). A good adsorbent is
considered to have a Freundlich exponent, n, such that 0.2 < n™* < 0.8, with smaller
values indicating strong adsorbate-adsorbent bonds and consequently, better adsorption
(Albright, 2008).

The Freundlich equation is an empirical expression that encompasses the heterogeneity
of the surface and the exponential distribution of adsorption sites and their energies
(Faust and Aly, 1998). The Freundlich isotherm often provides a better fit for collected
data as it accounts for the heterogeneity of the adsorbents, therefore allowing multilayer
adsorption on the sorbent. However, it has also drawbacks: it is nonlinear at low
concentrations and does not reach the plateau behaviour that can be achieved by using
the Langmuir isotherm. Therefore, it is best used for intermediate concentrations
(Sawyer et al., 2002). In general, a large number of the experimental results in the field
of Van der Waals adsorption can be expressed by means of the Freundlich equation in

the medium concentration range (Noll et al., 1991).

The process of the adsorption of Hg(ll) from the aqueous phase using FesO4 NPs can be

described as a heterogeneous reaction between solids and liquids (Bayramoglu and
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Arica, 2007). Therefore, the Freundlich isotherm was deemed appropriate to describe the
adsorption of mercury on Fe;O,4 as it accounts for the initial surface adsorption followed

by a condensation effect resulting from extremely strong solute-solute interaction.

2.3 Application of Nanoparticles (NPs)

2.3.1 Application of Non-Magnetic NPs for Environmental Protection

Nanotechnology does not just concern the manufacturing of very small structured
materials but, more importantly, how these can be used to perform a specific task. In the
case of the proposed research, nanomaterials will be used in solving environmental
problems. This will be achieved through their utilisation in controlling the emissions
from industrial sources discharging mercury. Other example applications in the

environmental field are given below.

NPs have been widely used for the treatment of contaminated soils, sediments, water and
solid waste using many kinds of non-magnetic NPs (Zhang, 2003), and only three major
classes of NPs are widely used for water and wastewater treatment, which include metal
containing (ceramic) NPs, Zeolites NPs, and carbonaceous NPs such as, carbon
nanotube (CNTSs).

Due to their unique properties, CNTs have attracted much research attention. For
example, Yue and Economy (2005) used CNTSs for the removal of trace contaminants,
such as humic acid and aromatic hydrocarbons (benzene, toluene and p-Xylane). CNTs
have been used for the removal of heavy metal ions such as Pb(Il) (Li et al., 2002),
Cu(ll) (Stafiej and Pyrzynska, 2007), Hg(Il) (Tawabini et al., 2010) and Cd(Il) (Li et al.,
2003) and its capacity was found to be three times higher than that of GAC. Although
CNTs have shown good potential in water purification technology, CNTs are not widely
used as adsorbents due to their high cost (Harris et al., 2004). Metal NPs are widely
used for environmental protection due to their low cost and unique physico-chemical
properties and can easily be modified with a variety of organic functional groups. Zero

valent iron particles (nZVI) and titanium dioxide (TiO,) have been intensively used in
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environmental protection (Zhang, 2003). nZVI have been used for degrading
chlorinated organic through reduction because its reduction speed is faster than natural
rates, however, it still can take days (Tratnyek and Johnson, 2006). Although most
studies on nZV1 focused on the degradation of chlorinated compounds in water, such as
trichloroethylene (TCE) or perchloroethylene (PCBs) (He and Zhao, 2005; Kim and
Carraway, 2000), there has been some interest in using nZVI for the adsorption of
heavy metals such as As(V) (Kanel et al., 2005), AS(I11) (Su and Puls, 2001) and Cu(ll)
(Xiao et al., 2011). The low surface area and presence of dissolved Fe during the
adsorption processes at low pH are disadvantages of using nZVI for the adsorption of
heavy metals (Ku and Chen, 1992). Another drawback is its sensitivity to oxidation in

air and aqueous media (Faraji et al., 2010). Titanium dioxide (TiO,) NPs have been

intensively used for the removal of organic contaminants from various media via
oxidation and reduction (Jiang et al., 2007), such as chlorinated alkanes and benzene,
dioxins and polychlorinated biphenyls (PCBs) (Obare and Meyer, 2004; Asahi et al.,
2001). Due to the toxicity concerns of the TiO, NPs and their fate and transport in
environment not being well understood at the time (Farré et al., 2009; Farré et al., 2011),
TiO, NPs were not considered a promising sorbent for the removal of heavy metals. To
enhance its separation from a treated water stream using an external magnetic field, TiO,
NPs was coated with magnetic NPs (Alvarez et al., 2010; Wu et al., 2011). Although
porous aluminium oxide (Al,Os) NPs with surface area of ~200 m?g™ is widely used as
adsorbent for filtering contaminates in drinking water (Shan et al., 2009), it did not show
a good effect for removal of Hg . In general, Al,O3; NPs have ill-defined pore structure,
and thus have low adsorption capacities and act in a kinetic manner (Kanel and Nepal,
2008).

Since the discovery of mesoporous silicas, many efforts have been devoted to
synthesising mesoporous silica of high surface area and defined size and pore diameter
for removing heavy metals from aqueous media. For sorbent preparation, the
mesoporous silica is used as a supporting phase to immobilize the extraction agent. The
selectivity of the sorbent relies strongly on the affinity of the surface-coated functional
ligand for specific pollutants (Xu and Dong, 2008).
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The removal of heavy metals from wastewater using modified mesoporous silicas
particles is an interesting subject for many researchers. The surface of mesoporous
silica was modified with many organic chelating agents for environmental applications.
For instance, mesoporous silica was modified with 3-MPTMS and used for the removal
of Hg(ll), Cu(ll), Zn(1l), and Ni(Il) from wastewaters. It was found that the adsorption
capacity of the metals was not only proportional to the concentration of the thiol (-SH)
groups on the surface but was also strongly based on pore size (Aguado et al., 2005;
Mattigod et al., 2007; Aguado et al., 2008). Organic chains are adsorbed onto the
internal silica structure through C-Si covalent bonding from a monolayer of a functional
group. Consequently, it is likely to enhance and control the superficial properties in
order to obtain specific sites. These mixtures between organic and inorganic materials

have found a range of applications in the adsorption of heavy metals.

There are several studies on the application of functionalised mesoporous silica for the
removal of heavy metals from water. The uptake of these cations is based on functional
groups fixed on mesoporous silica. Using a batch technique, mercapto-mesoporous
silica showed higher affinity for adsorption of Hg(Il) from an aqueous solution (Brown
et al., 1999; Brown et al., 2000; Chen et al., 1999; Aguado et al., 2008), whereas another
divalent cations such as, Cu(ll), Zn(ll), Cr(VI) and Ni(ll) present in wastewater are
preferably adsorbed on amino functionalised (-NH) (Lee et al., 2001; Xue and Li, 2008;
Aguado et al., 2009). Experimental results showed that the materials are highly efficient
for the adsorption of heavy metals at low concentration.

In summary, functionalised mesoporous silica is one of the most widely used adsorbents
for removal of heavy metals due to its large surface area and narrow pore distribution.
Although the effectiveness of this nano-sorbent has been sufficiently proved, the present
high production cost is a major disadvantage (Han et al., 2003), as, importantly, is its
surface area, which rapidly decreases with increasing pore size (Deere et al., 2002).
Currently, functionalised mesoporous silica coated magnetite NPs with tailored surface
functionalities is an ideal candidate for the adsorption of heavy metals due its unique

properties; this will be discussed in the following section.
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2.3.2 Application of Magnetic NPs for Environmental Protection
Recently, magnetite has come to be of great interest to researchers from a wide range of
disciplines, including those working on magnetic fluid catalysis, biotechnology,
magnetic resonance imaging and environmental remediation (Schutte and Focke, 2007).
Magnetic separation is an effective technique to separate target magnetic particles from
aqueous systems. The design of the physical, chemical and surface properties of
magnetic composites particles will enable selective attachment of ions, molecules,
macromolecules, cells, colloidal particles or liquid phases onto magnetite particles.
Therefore, it is obvious that the application of these particles in separation technology
offers great flexibility. A key-lock relation in potential application of magnetic
composite particles is shown in Figure 2.8, which summarises the various applications
of magnetic nanocomposites. The lock varies from metal or toxic species for their
potential to solve environmental problems to antigen and streptavidin, as in biological
application, while the key could be a specific functional group, antibody or biotin (Xu
and Dong, 2008). Engineering magnetic composite particles is an interdisciplinary
subject, which requires an integrated approach involving the manufacture and surface
modification of appropriate composites with careful attention to the constraints imposed
by end users. The properties of these particles are of critical importance to the
successful application of the technology (Williams, 1994).

. Toxic species
— =
Magnetic %= /-E ! (=S Antigen
it . C r v \ ;’ =
compositesy- { — Biological cell
. Enzyme
molecular recognition Particles

Key-Lock relation: Ligand-metal
Antibody-Antigen
Biotin-Streptavidin

Figure 2.8: Key-lock relation in potential application of magnetic composite particles
(Xu and Dong, 2008).
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Magnetite (FesO4) NPs ensure an easy and cheap separation using a strong magnetic
field. Due to its magnetic field property, a magnetite is not only an adsorbent for toxic
metals removal from a solution, as shown in Figure 2.9, but also a magnetically
energizable element for attracting and retaining paramagnetic NPs that can be removed
from solution (Hu et al., 2006; Xu and Dong, 2008). Moreover, the toxic metals loaded
on the isolated magnetic particles can be stripped off by, for example, acid eluent and

the NPs can then be reused.

Magnetic Composite
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Figure 2.9: Illlustration of magnetic separation technology in metal removal from
aqueous media (Xu and Dong, 2008).

There are many advantages of using magnetic NPs as an adsorbent: (1) adsorption
capacity of magnetite NPs is comparatively high due to its large surface area, (2) simple
and rapid separation of metal-loaded magnetic adsorbent from treated water can be
achieved via an external magnetic field, (3) no secondary pollutants are produced, (4)
the amount of chemicals used is diminished, and (5) magnetite NPs are available

commercially and can also be easily synthesised (Tuutijarvi et al., 2009).

Magnetite NPs have been tested and found to be effective in removing and recovering
ions of heavy metals, such as Cu(ll), Zn(1l), Ni(ll) and Hg(Il) from water and industrial
wastewater (Bruce et al., 2004; Hu et al., 2005a; Huang and Hu, 2008; Wang et al.,
2010b). Magnetic NPs with added functional groups may have an even greater potential

application in industrial wastewater (Figueira et al., 2011; Dong and Xu, 2009). A
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number of researchers have used magnetic NPs for the removal of heavy metals from
water and wastewater. These have advantages because of their large surface area, which
leads to a high adsorption efficiency, fast removal rates, and easy separation from the
solution by a magnetic field. The heavy metals can also subsequently be removed from
the magnetic particles so that these can be reused and the metal recovered (Oliveira et
al., 2003). Hu et al. (2005a) used unmodified magnetite NPs (Fe3O4) NPs for the
removal of Cr(VI) from industrial wastewater. These NPs were synthesised via sol-gel
method and the average diameter of the nanoparticles was ~10 nm. Yean et al. (2005)
and Mayo et al. (2007) used magnetic NPs as an adsorbent for the removal and recovery
of both As(ll1) and As(V). The NPs in these cases had a small diameter of ~ 10 nm and
showed a high capacity and efficiency for removal of As(lll) and As(V). Tuutijérvi et
al. (2009) applied three types of magnetic nanoparticles (commercially available, sol-gel
prepared, and monochemical made) for the removal of As(V) from water. Adsorption
experiments were carried out with different particle sizes varying from 3 nm to 8 nm.

These particles were not easily collected with an external magnetic field.

The characteristics of magnetic nanocomposite can be enhanced by silanation to form
particles with different functional groups, such as —SH, NH, and COOH. These
functional groups are selected to be effective for enhanced or selective removal and
recovery of pollutants. These include functional groups targeted at heavy metals ions,
such as Cu, Zn, Ni and Hg from aqueous solutions (Huang and Hu, 2008; Hu et al.,
2005b). In the following section, a brief presentation of the adsorption and desorption of

Hg(l1) using different kinds of NPs is provided.

2.3.3 Application of NPs for Hg Adsorption

The aim of this brief is to give the current standpoint and trends in the development of
NPs for the removal of Hg from aqueous media. Numerous research activities in this
area were focused on design and synthesis of NPs with unique structure and chemistry to
achieve superior properties in comparison to conventional adsorbent.

A new class of high-performance NPs is silica-based nanoporous functionalised sorbent
materials. A number of good reviews have appeared in the literature dealing with the

application of these superior adsorbents in the field of water treatment (Adebajo et al.,
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2003; Diallo and Savage, 2005; Logar and Kaucic, 2006). Generally, for Hg removal
the effort has been mostly concentrated on the incorporation of —SH groups to the
mesostructure silica nanomaterials (Aguado et al., 2005). This brief focuses on the most
exciting application of this adsorbent for Hg(ll) removal. Brown et al. (2000)
demonstrated one step synthesis of thiol-functionalised mesoporous structure with pore
diameter of about 2.5 nm. The maximum Hg(Il) loading capacity was 206 mg Hg g™*. It
was found that the rate of Hg(Il) uptake was very slow and equilibrium condition was
achieved within 24 hrs. Treating Hg-laden adsorbent with 12.1M HCI was found to
recover only 60% of Hg(ll) ions. Mattigod (2007) developed novel materials by
combining synthetic nanoporous substrate with tailored pore size (2-5 nm) and high
surface area (approximately 1000 m? g) with self-assembled monolayers of well
ordered thiol functional groups. The maximum capacity was approximately 300 mg Hg
g™ of sorbent with very fast kinetic (more than 95% of Hg was adsorption in less than 10
minutes of contact time). Brown (1999) has described the interesting point that the
mesoporous silica structure modified with —SH organic groups are apparently
characterised by a better selectively for Hg(ll) binding (with respect to other metal
species) than corresponding amorphous sorbent. A tentative explanation for such an
unexpected behaviour was proposed as being on a thermodynamic basis, suggesting the
lack of ability of metal cations other than Hg(I1) to coordinate within the confined spaces
of the regular pore channels. Yoshitake et al. (2002) investigated the efficiency of
functionalised mono-layer (Si—~CH,—CH,—CH,—SH) for mercury adsorption. It was
found that functionalised mono-layer were extremely efficient in removing mercury. pH
has played a key role in removal Hg(ll) by silica NPs; however, on the basis of the
above mentioned literature, the experiments were usually performed at between pH 4-6.
However, thiol-functionalised mesoporous silica has been intensively used for Hg(ll)

removal and showed high efficiency as summarised in Table 2.3.
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Table 2.3: Comparison data for Hg(ll) binding to thiol-functionalised mesoporous
silica.

Mesoporous Functionalised  Hg(ll) adsorption  Equilibrium

materials type methods capacity (mgg ™) time (hr) References
FMMS SAMMS 234 24 Chenetal.,
(1999)
HMS Grafting 20 18 Mercier and
Pinnavaia (1997)
Co-condensation 130.4 24 Brown et al.,
(1999)
Co-condensation 172 10 Lee et al.,(2001)
Co-condensation 170 24 Nooney et al.,
(2000)
MCM-41 Grafting 48.1 24 Mercier and
Pinnavaia,
(1998b)
Co-condensation 160.4 18 Walcarius et al.,
(2003)
MCM-48 Co-condensation 481.4 48 Delacote et al.,
(2009b)
Grafting 115 24 Gaslain et
al.,(2007)
MSU Co-condensation 104.3 24 Bibby and
Mercier(2002),
SBA-15 Co-condensation 52.1 24 Lesaint et al.,
(2005)
Co-condensation 148.4 18 Mercier and

Pinnavaia,(1998a)

Abbreviations:

FMMS: Functionalised Monolayer on Ordered Mesoporous Silica; HMS: Hexagonal
Mesoporous Silica; MCM: Mobil Composition of Matter; MSU: Michigan State
University; SBA: Santa Barbara Amorphous; SAMMS: Self-Assembled on Mesoporous
Silica.

Magnetic separation is an easy Yyet effective technique to separate target magnetic
particles from complex multiphase systems. As discussed in Section 2.3.2, magnetic
NPs can also offer high surface volume ratio, simple methods for the preparation and
possibility for surface modification. Although the Fes04 NPs can be used effectively in
the removal of some kinds of heavy metals without further modification, in the case of
Hg(ll) adsorption it is necessary to modify the surface of FesO, NPs with functional
organic groups to enhance their adsorption performance (Wee and Bai, 2008). Huang
and Hu (2008) described the synthesis procedure for making non-porous structure
SCMNPs modified with 3-MPTMS for Hg(Il) removal. This NPs shows an equilibrium
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Hg(11) adsorption capacity of 83.8 mg Hg g™ at pH 6.0 and rapid adsorption kinetics.
FesO4 NPs modified with humic acid were used for removal of heavy metals including
Hg(ll). Sorption of the Hg(ll) to FesO4/HA reached equilibrium in less than 15 min.
More than 90% of 1 mg L™ Hg(l1) was adsorbed using 50 mg L™ of adsorbent at pH 6.0
(Liu et al., 2008). Girginova et al. (2010) synthesised and tested non-porous SCMNPs
for Hg(ll) removal from water. This sorbent was not quite sufficient, with removal of
74% of Hg(ll) at the initial concentration of 50 ung L. Donia et al. (2008) tested
prepared magnetic chitosan resin modified with thiourea for Hg(ll) adsorption, and their
result shows that about 90% of Hg(ll) removal was achieved within 70 min and

maximum uptake was 261.6 mg Hg g™,

Nevertheless, magnetic and non-magnetic NPs have had a tremendous impact on the
adsorption of Hg(I1) due to their large surface area, higher reactivity and other described
unique properties. The following points need further investigation:

e Regeneration of nano-adsorbents is not widely investigated. A promising nano-
sorbent should be regenerated for multiple cycles without a significant decrease
in performance in successive runs.

e The optimal uptake conditions for engineering application, such as pH, effect of
temperature and effect of shaking speed, should be evaluated in order to enhance
the performance of prepared NPs for treatment of real effluents with different
chemical composition.

e Although some previous studies have shown an excellent performance of Hg(ll)
adsorption using NPs, all of them were carried out in a batch operation system
for each experimental run. Therefore, in order for these findings to be
implemented in industrial applications, all the operation conditions should be
used to design a scaled-up continuous system for the continual removal and
recovery of Hg(Il).

e Although modified mesoporous silica nano-sorbent has been well applied in
Hg(Il) removal, functionalised mesoporous SCMNPs were not well investigated,

and most previous studies indicate disadvantages, such as low adsorption
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capacity, slow kinetics and inefficient reuse. All of these drawbacks will limit
their practical application.

e The mechanism of the adsorption of Hg(ll) onto thiol functionalised mesoporous
SCMNPs using sophisticated analytical instruments will assist in the
establishment of a good understanding of the behaviour of Hg(ll) sorption on this

adsorbent.

2.3.4 Desorption and Regeneration of NPs

The raw material conservation and problems of discharge disposal led to the concept of
recovery, recycle or reuse of waste materials. Also, the industrial discharge in the
environment causes environmental pollution, which is strictly prohibited, and this
resulted in the waste treatment concept. There are two main elements that have an
impact on the recovery process, economics and technology. The former is the most
crucial factor, as uneconomical processes will not be feasible for the industrialists and its
implementation will become difficult. Disposal would be favoured when the adsorbent
is of low cost, or if it is very difficult to regenerate in case of strong chemical interaction
between adsorbates and adsorbents. In the majority of process applications, the disposal
of adsorbents as waste is not an economic option and therefore regeneration processes
should be carried out either in situ or externally to the adsorption vessel to an extent
sufficient that the adsorbent can be reused (Nemerow and Agardy, 1998; Noll et al.,
1985).

The research conducted by Diallo and Savage (2005) showed that incorporation of nano-
particles and nano-porous particles with water treatment facilities is possible, but one of
the major hurdles of nanotechnology application is the cost effective availability of a
sufficient amount of high quality nanoparticles. There is a lack of suppliers that can
provide this facility, and the unavailability of the nano-material is also due to
insufficient awareness in public about its transportation and toxicity in the environment
(Colvin, 2003; Lecoanet et al., 2004). This suggests that there is a need to conduct study
of the regeneration process of nano-materials so that environmental pollution after their

release can be decreased.
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Saturation point is ultimately attained by most of the adsorbents, and when there is no
regeneration or recycling process, a solid mass of exhausted adsorbents starts
accumulating and needs to be disposed of by some means. Regeneration is of significant
importance as it helps in the recovery of spent adsorbents, which overall makes the
industrial process more economical and allows metals recovered in the process to be
exploited in the future for some useful purpose. A high quality adsorbent with an almost
90% efficient regeneration process can be reused for water treatment (Manju et al.,
2002). As a result of the strong association of metals with adsorbent, it is possible that a
small fraction of metals will be retained inside adsorbent and cannot be regenerated by
the regeneration process, which can cause reduction in the sorption capacity in further
adsorption process (Billinge et al., 1997; Brown et al., 2000; Walcarius and Delacéte,
2005; Feng et al., 1997).

Practically, a combination of different parameters is employed for the desorption and
regeneration of the adsorbent, and it entails high temperature, decreased partial pressure,
decreased concentration, washing with inert fluid, replacement of adsorbent with some
other strong adsorbent, and alteration in the chemical ambiance such as pH change. It
has been noticed that temperature alteration is more effective in bringing a
thermodynamic potential change compared to the pressure and selection of regeneration
approach based on the economics and technology of the process used (Thomas and
Crittenden, 1998). Mineral acids are commonly used in most of desorption processes as
a pre-treatment agent (Stirk and Staden, 2002). Hydrochloric acid is commonly used for
the elution of metal ions, including Hg(ll), from adsorbents due to their high solubility,

its common usage in industry and its relatively low cost (Naja and VVolesky, 2010).

Nanotechnology research shows promising results in effectively treating metal
contaminants to adhere to government regulatory standards. Multiple studies of
nanoparticles adsorption of metal contaminants have shown impressive results.
Unfortunately, there is less work on the nano-particle recovery and regeneration, which
renders this approach unappealing to industrialists. In contrast, traditional adsorbents

and bulk media components can be efficiently recovered by the established recovery
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methods. It has been found that Fe;O,4 can be generated over five- cycles of adsorption-
desperation using 0.01M NaOH with the recovery of 82.5% of Cr(VI) at the end of the
fifth cycle (Hu et al., 2004; Hu et al., 2005b). It was reported that regenerated SCMNPs
have 90% of original Cr(\V1) retention capacity (Wang and Lo, 2009). HNO3 (0.1M) and
FesO4 NPs can be consistently used, having no negative impact on Pb(Il) adsorption
potential (Nassar, 2010). With the use of nanoparticles, the lifetime of adsorbents is
observed to be extended, and this ultimately reduces their cost. A new type of adsorbent
has been introduced in which functionalized mesoporous particles have been employed,
and these particles have a strong chemical association with thiol organic group and
Hg(ll). This consequently reduces the desorption efficiency of the system (Feng et al.,
1997). Some studies have shown that mesoporous particles can be regenerated.
According to (Walcarius and Delac6te, 2005; Huang and Hu, 2008), Hg(ll) adsorbed on
SH groups cannot be quantitatively eluted without thiourea. In Hg(ll) laden NH,4
functionalized magnetic mesoporous silica (AMMS), an aqueous basic solution with pH
8.5 was employed for the desorption purposes (Liu and Du, 2011). Regeneration of
AMMA adsorbents can be performed using slightly basic environment with a little

decrement in the efficiency almost 15%.

2.4 Production of Magnetic NPs

The choice of the Fe,O,NPs has three advantages: (1) the synthesis technique can be

easily scaled up to produce large quantity of NPs, (2) The highly magnetic properties
allow an external magnetic field to be used to bring about rapid separation of the metal-

loaded particles from treated water, (3) Fe,O,NPs have a large surface area which gives

a high number of adsorption sites and a high adsorption.

2.4.1 Physical Synthesising Techniques
Three physical methods are currently commonly used for synthesis and commercial

productions of nanomaterials, as briefly reviewed below.
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2.4.1.1 High-energy ball milling

High-energy ball milling utilises conventional mechanical grained techniques to break
coarse metal grains into micro or nanoscale particles. This is referred to as an “up to
down: or top-down” (Li et al., 2006) approach. The heavy deformation of coarser
materials is attested by means of a high-energy mill or a high energy shear process.
Although this method is very useful in generating commercial quantities of the material,
it presents many disadvantages. These include poly-dispersed NPs, small surface area
and chemical impurity (Li et al., 2006). The diameter of the produced NPs ranges from
10 to 200 nm (Pilloni et al., 2010) .

2.4.1.2 Inert-gas condensation

Producing NPs by Inert Gas Condensation (IGC) from supersaturated vapours is a
conventional technique. The system consists of a vapor source inside a vacuum chamber
containing an inert gas, usually argon or helium, mixed with another gas that is selected
on the basis of the material to be prepared. The process is generally divided into two
steps: first, a metallic nano-phase powder is condensed under inert convention gas after
a supersaturated vapour of the metal is obtained inside the chamber. Secondly, the
powder obtained is oxidised by mixing another gas in the chamber with it (Baker et al.,
2008). IGC has been investigated by many researchers (Nakayama and Yamamoto,
1999; Wang et al., 2004). Sanchez-Lopez et al. (1997) were the first researchers to
syntheses nanoscale iron particles through IGC and these had an average diameter of 17
nm. More recently, researchers using the IGC technigque to produce magnetic NPs have
achieved an average size of between 8 and 25 nm (Li et al., 2006). The high cost is the
disadvantage of this method (Wang et al., 2004).

2.4.1.3 Severe plastic deformation

Severe plastic deformation (SPD) was introduced by Bridgman in 1952 (Sus-
Ryszkowska et al., 2004). SPD methods provide significant deformations at relatively
low temperatures under the high pressures employed. SPD is an efficient technique in
producing very fine nanocrystaline structure materials (Pippan et al., 2010), including
ultra-fine-grained structures containing mostly high-angle grain boundaries.  This
method is able to produce magnetic NPs with an average size of between 5 and 30 nm.
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This method has the advantage of being versatile and easy to perform and analyse the
particles. The main disadvantage of this method is its high cost (Li et al., 2006).

2.4.2 Chemical Synthesising Techniques

Chemistry has played a key role in developing materials with novel and technologically
important properties. The advantage of chemical synthesis is its versatility in designing
and producing new materials that can be refined into the final product. Chemical
methods are not, however, always perfect and there are difficulties in chemical

processing to high specifications (Xu and Dong, 2008).

There are eight types of chemical methods for the synthesis of magnetic nanoparticles;
these include: sono-chemical, reverse micelle, precipitation, silica-gel, chemical vapour
condensation, pulse electro-deposition, liquid flame spray and liquid-phase reduction.
However, only four out the aforementioned methods are most commonly used; these are

summarised below:

2.4.2.1 Sono-chemical method

This method is expensive and complicated (Grinstaff et al., 1993). Ultrasonic
techniques have been used in chemical synthesis of nanostructured materials and rely on
high energy sono-chemical reactions that are driven by the formation, growth and
collapse of bubbles in a liquid. Nanostructure particles for catalytic applications were
sono-chemically synthesised using a volatile organometallic method. This method has
been applied to enhance the characterization of nanostructured particles (Vijayakumar et
al., 2000). The sonochemical method has the advantage of producing a wide range of
particle size (Li et al., 2006).

2.4.2.2 Reverse micelle (or micromulsion) method

The reverse micelle method has been applied to prepare nanoparticles with a very
narrow size distribution and highly uniform morphology (Carpenter, 2001). Wiggins et
al. (2000) used this method to prepare nanoparticles coated by a thin layer of gold with
an average diameter of between 7-25 nm and a uniform size distribution. Some
materials, such as dolycol, benzene, sulfonate, styrene and ammonium peroxydisulfate,

were applied to improve the stability of this method and produce pure materials of NPs.
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(Song et al., 2004). NPs produced by the reverse micelle method have several
disadvantages, such as extensive agglomerated NPs that are often generated, poorly
crystalline NPs. Producing NPs is not an efficient process with large amounts of solvent

often used to yield small quantities (Lee et al., 2005; Narita et al., 2009).

2.4.2.3 Precipitation method

Precipitation is one of the most conventional methods for preparing magnetite NPs
(Kang et al., 1996). The advantages of this method are that reaction time is relatively
low, water can be used as a solvent and it is easy to obtain high yields by scale-up. The
disadvantage of this method is that it is difficult to control the size, size distribution and
shape of the formed oxide particles (Mizukoshi et al., 2009). The surface area obtained

using this method is relatively high compared to other methods (Guo et al., 2004).

2.4.2.4 Sol-gel method

The sol-gel technology is a commonly used method for producing NPs with a great
variety of scientific possibilities and industrial applications. This method was
introduced by ller in 1959 to coat titania with a silica layer from a supersaturated silica
solution (Xu and Dong, 2008). This method is useful to prepare a variety of
nanomaterials with high purity and low-cost (Zhang, 2003). One disadvantage of this
method is the difficulty of controlling the particle size and size distribution (Li et al.,
2006). Sol-gel materials can be prepared using alcohol as a solvent with a suitable silica
precursor. In this study, sol-gel reaction was used for coating FesO4 NPs by silica. The
most commonly used metal alkoxide resources in the sol-gel processing of silicate are
tetraethoxysilane (TEOS) and tetramethoxysilane (TMOS) (Wright and Sommerdijk,
2001).

However, the choice of the sol-gel technique for coating of Fe;O4 NPs by silica in this
research project was motivated by certain specific advantages: (1) the sol-gel method

can produce a large quantity of Fe,O, NPs, (2) the NPs that are obtained from the sol-gel

method have a large surface area and high proportion of active surface sites as the

density of the hydroxyl group on the NPs is increased and hence improve silane
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coupling reaction with the organic group (Hu et al., 2005a; Dong and Xu, 2009) and (3)
the chemicals used in the sol-gel reaction are economically favourable.

Coating with the silica-layer is very important as it improves the stability of the NPs and
prevents their coagulation with each other. It also prevents the NPs from dissolving in
acidic environments, without any crucial change of their magnetic properties (Liang et
al., 2009).

2.5 Nanoporous Materials
Ordered nanoporous materials offer huge potential in various fields, such as catalysis,
sensors, biological molecular isolation and molecular engineering application. Recently,
these materials have generated much research attention for application in water and
wastewater treatment as adsorbents, ion exchange media and nano-membrane. This is
due to their large surface area, good catalytic properties and high porosity (Crini, 2005;
Logar and Kaucic, 2006). The porous structures come from the aggregation or
intergrowth of small grains into solid particles, resulting in pores between these grains.
In addition, using templating materials during the growth of the particles leads to the
generation of pores after the template is removed. Thus, different materials with a
variety of pore sizes can be obtained, according to the method of preparation (Sing et
al., 1985). The International Union of Pure and Applied Chemistry (IUPAC) has
classified porous materials into three groups based on their average size distribution
(Davis, 2002):

= Microporous materials, having pore diameters in the range of 2 nm and

below.

= Mesoporous materials, having pore diameters in the range of 2 nm to 50 nm.

= Macroporous materials, having pore diameters above 50 nm.
As discussed in Section 2.3.3, micro and mesoporous materials have a strong influence
in water and wastewater treatment. Common methods for the preparation of nanoporous

materials and their properties are summarised in the following sections.
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2.5.1 Microporous Materials

Microporous materials are widely used as adsorbents and catalysts in industry and they
have an annual global usage of about 1.6 million tons per year (Norell et al., 1997).
Zeolite is the largest and most important subclass of these materials. Zeolites are
aluminosilicates riddled with a regular arrays of micropores, and occur naturally in
geology (Ozin et al., 2009). Natural zeolite microporous are used intensively in a wide
range of environmental protection including water treatment, with an emphasis on heavy
metals removal. Due to the large surface area, micropores are particularly useful in the
field of the adsorption (Logar and Kaucic, 2006). Fumed silica (Corma, 1997) and
Stober-silica methods (Stober et al., 1968) are the most common methods used for
preparing silica microporous materials. The solvent thermal technique at temperature
between 100-250 °C is the conventional method for the preparation of zeolite

micropores (Cundy and Cox, 2005).

2.5.2 Mesoporous Materials

The first successful synthesis of mesoporous materials was in 1992 by Kresge and co-
workers at the Mobil Oil Corporation (Kresge et al., 1992). The aim of the general
procedure was to examine the efficiency of surfactant supermolecular assemblies as a
template for producing mesoporous silica. The general preparation of mesoporous
materials are divided into three general steps: synthesis, drying and template removal.
Synthesis of silica is the most important step among the three, as the silica
characteristics are based on it. Thus, choosing the type of reagent and the reaction
conditions is significant in controlling the size and pore diameters of the particles. Five
reagents are normally required to synthesize mesoporous silica: a silica precursor, a
surfactant, water, alcohol and a catalyst. All the materials except the silica precursor are
mixed together to form a micellar. A silica precursor, which is usually TMOS or TEOS,
is added to the micellar solution in order to form a mesoporous phase. Three types of
pure silica mesophase structures can be formed: hexagonal, which is a 1-d system of
hexagonally arrayed cylindrical pores; cubic, which consists of a biocontinuous system
of pores; and lamellar, which is a 2-d system of metal oxide sheets interleaved by
surfactant bilayers. These are shown in Figure 2.10 (Beck et al., 1992; Raman et al.,
1996).
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AR

Figure 2.10: The silica-surfactant mesophases structure: (a) hexagonal, (b) cubic
bicontinuous, (c) lamellar (Raman et al., 1996).

A dry process then takes place at temperatures between 25 °C and 45 °C (Raman et al.,
1996). The final step to obtain the microporous structure is the removal of the template.
The method and condition for removal of the template can affect pore size and surface
area of the product. Among the methods for the removal of the template, the calcination
at high temperature in the presence of oxygen and nitrogen was found to be the best
method (He et al., 2003). The removal of the template by calcination at very high
temperature could lead to a decrease in both pore size and surface area and result in the
collapse of the mesoporous channel (Kundu et al., 1998; Hozumi et al., 2000). Thus, it
is advisable when removing the surfactant by thermal treatment to keep the calcination
temperature lower than 650 °C, to avoid the collapse of the mesoporous structure.

2.5.3 Nanoporous Materials as Ideal Adsorbents

Nanoporous materials with unique properties have attracted researchers seeking for new
kinds of adsorbents. Different kinds of nanoporous materials with varying surface areas,
pore sizes (0.03-50 nm) and surface properties have shown a good performance for the
adsorption of heavy metals including Hg. The following are the criteria for the best
adsorbents, obtained from the research study of Yang (2003), Logar and Kaucic (2006),
Ng and Mintova (2008), Theron (2008) and Lu and Zhao (2011):

e Adsorption capacity should be high for an ideal adsorbent, and is affected by the
following parameters: surface area, functional group for strong chemical bonds
and pore size. Nanoporous materials have all of these unique properties, which
lead to a higher adsorption capacity.
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Adsorbate selectivity in a multicomponent mixture is another issue and high
selection potential for a particular adsorbate is required in such conditions. The
use of different functional groups on the surface of the nanoparticles designed on
the theory of HSAB (Hard and soft acids and bases) (for heavy metals) can
resolve this issue and improved selectivity for different particles can be attained
in comparison with non-porous NPs.

It is well known that adsorption Kinetics are determined by particle pore size
(macro, meso and microprosity) of adsorbent. Binder type and amount would
also affect the intraparticle transport, and thus the global adsorption process
kinetics. The presence of an ill-defined pore structure has a hindering effect on
diffusion, which may lead to a decrease in the adsorption rate and the available
capacity (Yoshitake et al., 2002). Nanoporous materials have an accessible
interlinked pore structure, with uniform size distribution, and this unique
structure helps to facilitate the transport of molecules and provide free access.
Therefore, no pore blocking occurs during adsorption, which minimizes transport
resistance (Campos et al., 2000; Rengaraj et al., 2004).

Adsorbent material should be stable when exposed to harsh acidic or basic
conditions and it should also show stability for high thermal and pressure
changes. The adsorbent that shows consistency in its performance even if
exposed to harsh ambiance is the ideal one and this assures its extended lifetime.
Nanoparticles of Fe;O, that are affected by dipolar magnetism and Van der
Waal’s forces produce NP agglomeration, which decreases monodispersity and it
is unwanted situation in the adsorption process. To overcome such conditions,
surfactant is coated on the surface of material as a stabilizing agent, which
prevents NP agglomeration and thus improves efficiency of the system.
Mechanical characteristics of the adsorbent also affect its efficiency and
adsorbent material should be resistant to attrition, erosion and crushing when
present in adsorption column. Normally, a good adsorbent must have augmented

crushing strength, high bulk density and attrition resistant.
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In summary, Hg is an extremely toxic substance; a very low concentration of Hg in
water has been recognised as a primary problem. Current treatment technologies do not
sufficiently remove Hg from agueous solutions, are expensive, and may need secondary
step to enhance their removal. NPs have been identified as having an important role in a
promising technology for removal of heavy metals. This research aims to evaluate the
effectiveness of Fes0, NPs, SCMNPs and SH-SCMNPs for Hg(ll) removal and
recovery at trace level found in industrial wastewater. It is expected that this research

will provide understanding for the removal of Hg(Il) onto this kind of NPs.

2.6 Physical and Chemical Characterisation Testing of NPs
Structure and Function

Techniques that can be used include: (1) X-ray powder diffraction (XRD), (2) fourier
transform infrared spectroscopy (FTIR), (3) transmission electron microscopy (TEM)
and scanning electron microscopy (SEM), (4) Brunauer, Emmett and Teller (BET)
methods (5) vibrating sample magnetometer (VSM), (6), nano-sizer for particle size
distribution and zeta potential (7) thermo gravimetric analysis (TGA), and (8) Raman

spectroscopy.

2.6.1 X-ray Powder Diffraction (XRD)

Powder X-Ray diffraction (PXRD) is an important and indispensable method in
materials science, physics and chemistry. XRD has been recently used to characterise
nanomaterials (Jerome Rose and Brant, 2007). In this study, the XRD technique was
employed to analyse quantities of phases present in the sample, the crystallographic unit

cell, the crystal structure and the crystallographic texture.

XRD results are obtained by examining the interaction between X-rays and the electrons

of atoms. Depending on the atomic arrangement, interferences between the scattered

rays are constructive when the path difference between two diffracted rays differs by an

integral number of wavelengths. This selective condition is described by the Bragg law:
nA=2dsin@ (2.5)
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where n is an integer, A is the wavelength of the incident wave, d is the spacing between
the planes in the atomic lattice, and 6 is the angle between the incident ray and the

scattering planes.

2.6.2 Fourier Transform Infrared Spectroscopy (FTIR)
Infrared (IR) radiation refers broadly to a range of the electromagnetic spectrum
between the visible and the microwave regions. Generally, the wavelength of organic
compounds are located between 400-4000 cm™ (Silverstein et al., 2005). IR spectroscopy
is widely used in determining the chemical structure of organic molecules. This
technique is based on the absorption of IR radiation by molecules, which causes a
change in the vibrational and rotational energy states of the molecules. IR spectroscopy
can provide molecular vibrations with frequency in the IR range, identify unknown
chemicals by matching the spectra with a known database, determine chemical groups in
a specific compound and give optical or electronic properties in the IR range (Schneider
etal., 1998).
FT-IR was also used to investigate the mechanism of adsorption, as this is a powerful
technique used to identify the iron oxides and oxyhydroxide, which are usually
presented in amorphous form. This technique could also provide information about the
vibrational state of adsorbed molecules (particularly anions) and hence the nature of the
surfaces complex (Wang and Lo, 2009). For a simple molecule, the amount of energy
required to change the vibrational energy level from one state to another is related to the
molecular vibrational frequency (v) by Planck's Law:

E =hv (2.6)

where h is Planck’s constant and E is energy.

2.6.3 Electron Microscopy (SEM and TEM)

In electron microscopy, a narrow beam of high energy electron is directed at a specimen.
Images are formed either by electrons passing through a thin sample via transmission
electron microscopy (TEM), or by secondary emission from the surface of a thick
sample using so called scanning electron microscopy (SEM) (Goldstein, 2007). Both
SEM and TEM are commonly used to study the size, shape and chemical composition of

nano-materials. Electron beams generated in electron microscopes have a much shorter
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wavelength than light and therefore provide high resolutions images (~ 1 nm). Electron
microscopy also provides further information about the chemical composition and
crystallography of the material under study (Hoyt, 2007). There are some similarities
between the two techniques as both are based on electron microscopy, both provide the
possibility of seeing and examining subatomic particles and both allow examining the
composition of samples. Images produced from these instruments are highly magnified
and have high resolution. However, SEM and TEM also share some differences which

are summarised in Table 2.4.

Table 2.4: Difference between SEM and TEM (Goldstein, 2007).

SEM TEM
Electron Based on scattered electrons Based on transmitted electrons
Image Produce the image of samples Electrons are directly pointed

after the microscope collects and towards the sample.
counts the scattered electrons.
Focus Only on the sample’s surface On the sample’s surface and
inside or beyond the surface.
Dimensional  Provides three-dimensional image Provides two-dimensional image
Magnification Offers 2 million as a maximum Up to a 50 million magnification

magnification level level

2.6.4 BET Methods

Historically, this method was named after the three scientists who calculated surface
area based on the volume which adsorbs to the surface of a given sample (Hoyt, 2007).
Isotherm nitrogen adsorption analysis is the most common technique for analysing the
surface area of the sample. In addition, this method gives information about the porosity
and pore size which are very important for nanoporous materials. The method of
evaluating these values involves studying the adsorption and desorption of an inert gas
such as nitrogen onto the surface of the solid at liquid temperature and the relative
pressure (P/P,) ranging from 0.05-1, highlighting P, as a vapour pressure above a layer
of nitrogen that is more than one molecule thick, essentially thought of as a pure bulk
liquid.
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The BET method is governed by the following equation:

1 =C2_1[£j+i @.7)
V( P J_l alp) Ve
Po

where P and P, are the equilibrium and saturation pressure of the adsorbates at the

temperature of adsorption, respectively, v is the volume of the adsorbed gas, a is the

weight of adsorbed species, V,, is the volume of the monolayer adsorbed gas and c is

the BET constant.

This method is widely used in surface science for the calculation of the surface area of
the solid material. The total surface area S,,, and the specific surface area and S are

calculated by the following equations:

where N is Avagadro’s number, S is the adsorption cross section and V is the molar

volume of the adsorbent gas and M is the mass of adsorbent (g).

2.6.5 The Vibrating Sample Magnetometer (VSM)

The vibrating sample magnetometer (VSM) is used to measure the magnetic properties
or magnetic behaviour of a magnetic field (Nanomagnetic, 2009). The VSM produces an
alternating magnetic field when a sample vibrates in a magnetic field. The alternating
magnetic field generates an electric field in the pick-up coils and the flowing current
corresponds to the magnetisation of the sample.

2.6.6 Dynamic Light Scattering (DLS) Measurements
DLS is also known as Photon Correlation Spectroscopy, Quasi-elastic Light Scattering
(QELYS), and Diffusing Wave Spectroscopy (Finsy, 1994). This technique is commonly

used to determine the particle size distribution of solid liquid dispersions. Particle size
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measurement is an extremely important parameter across most branches of industry. The
stability, chemical reactivity, opacity, flow-ability and material strength of many
materials are affected by the size and characteristics of the particles within them.

DLS measurements are used to analyse the velocity distribution of particle movement by
measuring the dynamic fluctuations of light scattering intensity caused by the Brownian
motion of the particle (Murdock et al., 2008). This technique yields a hydrodynamic
radius, or diameter, to be calculated via the Stokes-Einstein equation from the
aforementioned measurements.

KT

6xnr

D=

(2.10)

Where D is the diffusion constant, q is the electrical charge, K; is Boltzmann’s
constant, T is the absolute temperature, 7 is viscosity and r is the radius of the spherical

particle.
This eventually yields an overall measurement of the particle perpendicular to the light

source at that instant.

2.6.7 Thermo Gravimetric Analysis (TGA)

Thermo gravimetric analysis (TGA) is a technique by which the physicochemical
properties (moisture, crystalline water, and/ or volatile components) of a substrate and/or
surface reaction products can be probed as a function of temperature, whilst the substrate
is subjected to a controlled heating rate. The mass of the sample in a controlled
atmosphere is recorded continuously as a function of temperature or time during the
heating process. The amount and the rate of weight loss at elevated temperatures are
related to the chemical structure and composition of the given samples. In general, a

higher temperature is required to decompose more stable materials.

2.6.8 Raman Spectroscopic Study

Raman spectroscopy is a technique that was discovered by the Indian physicist C.
Raman in 1928. It is commonly used to study the internal structure of nano crystalline
materials. Raman’s technique provides accurate information about the molecular pattern,

spacing and bonding in solid bulk materials (Jérdme Rose and Brant, 2007).
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Materials and Methods

3.1 Chemicals
All chemicals used in Table 3.1 were at least of analytical reagent grade and were used

as received without any further purification.

3.2 Synthesis of Nanoparticles

Magnetite (Fe,O,) nanoparticles (NPs) were prepared using the conventional co-

precipitation method (Kang et al., 1996; Qu et al., 1999). A mesoporous silica coating
was synthesised using cetyl-trimethyl-ammonium chloride (CTAC) as a molecular
template followed by a sol-gel process (Liu et al., 1998; Wu and Xu, 2005). A 3-
mercaptopropytri-methoxysilane (3-MPTMS) functional group was then attached
through a silanation reaction (Huang and Hu, 2008). This procedure was divided into
four steps as described below and outlined in Figure 3.1 and Figure 3.2. The schematic
diagram and corresponding photo of the setup for the synthesis of the NPs are shown in

Figure 3.3.

3.2.1 Synthesis of Fe;O, Nanoparticles
The magnetite (FesO4) NPs were prepared using the co-precipitation method described
by Kang et al. (1996) and Qu et al. (1999) with some modifications; the basic reaction is
shown below:

2Fe3++ Fe2* + 8NH; + 4H,0 — Feg0,4(s) + 8NH,* (3.1)
The procedure was as follows: In a 500 mL round bottomed flask fitted with a condenser
and a thermometer, 11.68 g of FeCl,-6H,0 and 4.31 g of FeCl,-6H,0 (Figure 3.1a) were

dissolved over a 30-minute period into 200 mL of deionised water which was
maintained at 85°C whilst being vigorously stirred and bubbled with nitrogen gas. After
dissolving the ferric and ferrous chloride, and while bubbling nitrogen, ~20 mL of 30%

w/v aqueous NH3 solution was added dropwise into the iron mixture until the colour of
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the bulk solution changed from orange to black and the pH increased to 8.0 (checked
using broad range universal indicator paper). The nitrogen flow was then turned off to
allow the magnetite to precipitate and settle gradually. An external magnetic field was
then applied and the black magnetite precipitate was immobilised while the supernatant
was removed by decantation. The Fe3O4 NPs precipitate was then washed three times
with deionised water (3x100 mL), twice with 0.1M NaCl (2x100 mL) and again with
deionised water. The Fe3O, NPs were isolated using an external magnetic field and the
residual solvent was removed using a freeze drier (VirTis Bench Top 6K, UK). The
sample was then dried overnight at 20 m Torr. This yielded a black powder (~ 5.10 g).
Finally, the Fes04 NPs were stored in 125 mL of deionised water. The purity of Fe;O,
NPs was verified by the X-ray powder diffractometer (XRPD) and this will be described
in Chapter 4 (section 4.2.1).

a- Synthesis of magnetic NPs
-Adding FeCls, FeCl, and NH;

° ‘.o |
-Fe;04 NPs (Magnetite Nanoparticles)

b- Synthesis of SCMNPs
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Figure 3.1: Synthesis procedure of (a) FesO, NPs, (b) silica coated magnetite
nanoparticles (SCMNPs), and (c) thiol-functionalised silica coated magnetite
nanoparticles SH- SCMNPs.
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Table 3.1: Chemicals and their molecular formulas.

Chemical Compound Formula Supplier ~ Purpose

Ferrous chloride tetrahydrate FeCl,.4H,0 Sigma- 1
Ferric chloride hexahydrate FeCl;.6H,0 Aldrich 1
Ammonia solution NH; 1
Glacial acetic acid CH,CO,H 2 1,2,3
Hydrochloric acid HCI 2 1
Sodium chloride NaCl 1
Tetraethoxysilane CgH300,Si 1
3-mercaptopropytrimethoxysilane HS(CH,);Si(OCHj3)s >w
Sodium Silicate Na,SiO; S5 1
Cetyl-trimethyl-ammonium chloride CH3(CH,)15sN(CI)(CHs5)4 S 1
(25 wt. % in H,0) 1
Glycerol HOCH,CH(OH)CH,OH 1
Methanol CH3OH it
Ethanol CH,CH,0OH 3
Toluene CsHsCH;
Mercury(Il) chloride solution in 10% HaCl 2
HNO, o
Copper (I1) nitrate trihydrate solution 2
in 10% HNOB CU(N03)23H20 )
Zinc(ll) nitrate hexahydrate solution in I
Nickel (I1) nitrate hexahydrate solution . B
Lead(Il) nitrate solution in 10% HNO,  Pb(NOs), 1,2,3
Nitric acid HNO, 2,3
Thiourea NH,CSNH, Sigma- 1 g 3
Sodium nitrate NaNO, Aldrich 1’2'3
Sodium hydroxide NaOH Fisher o
Potassium bromate KBrO3
Potassium bromide KBr Efan
Hydroxylamine hydrochloride NH,OH.HCI 5 3 3
Tin(I1) Chloride SnCl,
Purpose:

1- Synthesis

2- Adsorption tests and recovery
3- Total Hg determination
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Figure 3.3: Experimental setup: (a) schematic diagram, and (b) photograph of the
reactor for NPs synthesis.

3.2.2 Synthesis of Silica Coated Magnetite Nanoparticles

3.2.2.1 Stage 1: Dense liquid silica coating

Dense liquid silica coated magnetite NPs (DLSC-Fe3;O4 NPs) were prepared by re-
suspending 4 g FesO4 NPs in 150 mL of deionised water in a 500 mL 3-necked round
bottomed flask with the contents agitated by immersion in an ultrasonic bath (Crest
Ultrasonic CP1100, UK) for 15 minutes. The pH of the Fe3O4 NPs suspension was then
raised to 9.5 £ 0.1 by adding 0.1 M NaOH, and the solution was stirred and heated at
90°C for 2 hrs under a nitrogen atmosphere. Then, 10 mL of aqueous silica solution
(Na,SiO3) were added. The suspension pH, monitored by a pH meter (FE20, Mettler
Toledo, UK), was kept at 9.5 by the addition of 0.1 mol L™ HNOs. The addition of
strong alkaline silica solution would increase the pH of the suspension to
undersaturation condition if acid were not added during this stage. The reaction
continued for 1 hr. The heater and nitrogen flow were then turned off to allow the
magnetite precipitate to gradually settle and cool at room temperature. The coated
particles were then isolated by applying an external magnetic field and the supernatant
was removed by decantation. The magnetite precipitate was then washed three times
with deionised water (3x100 mL). Finally, the DLSC-Fe;0, NPs were dried overnight at

pressure of 20 m Torr using a freeze drier.
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3.2.2.2 Stage 2: Molecular templating of the silica coated nanoparticles

For molecular templating, 3 g of DLSC magnetite NPs were added to 100 mL of ethanol
and then stirred for 30 minutes, followed by adding 75 mmol L™ of cetyl-trimethyl-
ammonium chloride (CTAC) aqueous solution. The mixture was allowed to react at
room temperature for 3 hrs while mixing continued. The particles were finally collected
from the suspension by using an external magnetic field and then used directly in the

sol-gel process without washing or drying.

3.2.2.3 Stage 3: Sol-gel reaction

CTAC templated particles were mixed with 100 mL of ethanol while vigorously stirring
for 1 hr in a 500 mL 3-necked round bottomed flask fitted with a nitrogen bubbling tube.
Then, 80 mL of 10% (v/v) of tetraethoxysilane (TEOS) were added and stirred for
further 5 hrs at room temperature. The ethanol was used as a reaction medium in the sol-
gel process in order to ensure miscibility of the TEOS and to better control the
hydrolysis of alkoxide. Then, 60 mL of glycerol were added and the pH was adjusted to
4.6 using glacial acetic acid and a drop of ammonia solution was added to act as a
catalyst. The mixture was then stirred for further 3 hrs under a nitrogen atmosphere to
ensure complete dehydration and the formation of a silica network (Figure 3.4). The
mixture was washed three times with deionised water (3x100 mL) and two additional
times with methanol (2x100 mL). Finally, the silica magnetite particles were collected
from the suspension using an external magnetic field and then used directly in the next

step.

— Si0, network

= — CTAC micelle

— DLS coating

Figure 3.4: Schematic diagram of the sol-gel coated DLSC- Fe3O,4 NPs with templates
(Kim et al., 2003).
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3.2.2.4 Stage 4: Calcination

The advantage of removing the surfactant using calcination is that the mesophase
structure does not shrink. Therefore, the pore size does not change and the mesostructure
could be easily maintained after extraction. Additionally, it is possible to remove the
template without changing the concentration of silanol groups. Heating the mesoporous
material at more than 900°C causes the collapse of its framework as discussed by Chen
et al. (1993). In this case, the calcination temperature is kept at a temperature lower than
600°C to avoid the collapse of the mesostructure of the materials and the condensation

of the silanation groups.

The SCMNPs at this stage are mesoporous, but their pores are filled with the surfactant.
To remove these, as the fourth stage in the treatment, the SCMNPs were calcinated at
temperature between 120 and 540°C in a tube furnace with nitrogen flow for 4 hrs. The

results of calcination of SCMNPs are summarised in Table 3.2.

Table 3.2: Calcination processes at different temperatures.

Temperature  Weight lost
range ("C) (%)

Reason

Removal of residual solvents and physically adsorbed

120-200 1.8%
water.

Since the physisorbed water and of residual solvents
No Weight  have been removed during preheating of the samples at

200-540 lost 120 — 200 °C, there was no weight loss of the SCMNPs
over the studied temperature range.
540 2.9% Attributed to the removal of CTAC templates.
No Weight  This was indicating the completion of templates
540-600
lost removal.

In order to avoid the collapse of the mesostructure of SCMNPs, no measurements were
recorded above 600°C.

3.2.3 Rehydration
Before the third stage of adding a functional group to the coating, 3 g of mesoporous
SCMNPs were hydrolysed in 100 mL of toluene. The suspension was stirred for 2 hrs

under a nitrogen atmosphere. The particles were collected from the suspension by using
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an external magnetic field and then washed three times with 200 mL of deionised water.
Finally, the mesoporous SCMNPs were stored in deionised water for the next reaction.
The objective of the steam rehydration pre-treatment of the mesoporous SCMNPs is to
increase the density of the hydroxyl group on the surfaces of the SCMNPs and hence
improves the silane coupling reaction with the 3-MPTMS.

3.2.4 Addition of a Functional Group

To enhance the affinity of the magnetite NPs towards mercury ions, 3-MPTMS was used
to functionalise the mesoporous SCMNPs, this followed the procedure developed by
Huang and Hu (2008) with some modifications.

25 mL of SCMNPs were washed with ethanol (2x100 mL) and then diluted in 150 mL
with 1% 3-MPTMS in 95% ethanol followed by adding 16 mmol L-1 acetic acid to
adjust the pH to 4.5. The suspension was then transferred to a 500 mL 3-necked, round
bottomed flask and stirred and heated at 60°C for 2 hrs under nitrogen atmosphere. The
particles were then washed three times with 100 mL deionised water, twice with 100 mL

of methanol and the sample was dried overnight at pressure of 20 m Torr.

3.2.5 NPs Suspension

Suspending magnetic NPs in deionised water could prevent their agglomeration.
However, Shan et al. (2005) and Khan (2008) found that magnetic NPs and modified
magnetic NPs did not settle spontaneously in deionised water. In this work, a NPs stock
suspension at a final concentration of 50 mg mL™ was prepared by adding 50 mg of
nano-powder to 1 mL of deionised water, forming a homogenous dark brown/black
suspension. The suspensions were sonicated and stored at 4 “C as shown in Figure 3.5b.
For the adsorption experiments, sonication (40 kHz, Crest Ultrasonic CP1100, UK) were

employed to re-suspend the NPs before using them in adsorption experiments.
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Figure 3.5: Final production, (a) magnetic nano-powder and (b) suspension of NPs in
water.

3.3 Characterisation of Nanoparticles
All the prepared NPs in this study were characterised using the following methods:

1.  X-ray powder diffractometer (XRPD) for crystal identification. XRD provides
information about crystal size and perfection and chemical composition.

2. Fourier transform infrared spectroscopy (FTIR) for determining the chemical
structure of organic molecules.

3. Size and morphology investigations through transmission electron microscopy
(TEM) and scanning electron microscopy (SEM).

4. Brunauer, Emmett and Teller (BET) methods for surface area measurement and
pore size distribution.

5.  Dynamic light scattering (DLS) for particle size measurement and zeta potential.

6.  Vibrating Sample Magnetometer (VSM) for magnetic behaviour analysis. VSM
has been extensively used with magnetic materials to measure saturation, remanence,

coercivity, anisotropy fields.

3.3.1 X-ray Diffraction

About 15 mg of fine ground magnetic NP samples were placed into an aluminium
sample holder (11x20 mm sample area) and then the material was gently pressed against
unglazed paper to minimise the preferred orientation. Samples prepared in this way had
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a flat surface which appeared, to the naked eye, homogeneous and almost smooth. XRD
data were obtained using Cu Ka radiation (A= 1.5406 A, 40 kV & 40 mA) and a Philips
X’Pert Pro vertical goniometer equipped with a 1° divergence slit, a 0.2 mm receiving
slit, a 1° scatter slit, a diffracted-beam graphite monochromator, and a proportional
detector. The XRD patterns were obtained by step scanning from 2° to 76° (20) at 0.02°
or 0.01° increments using a counting time of 10 S per increment. The maximum
counting rate was less than 4000 counts/second so no dead-time correction was
necessary. The raw data was interpreted using Philips propriety software SuperQ from
Philips X Pert and the database of the Joint Committee on Powder Diffraction Standards
(JCPDS).

3.3.2 Fourier Transform Infrared Spectroscopy (FTIR)

IR spectroscopy was carried out using a Nicolet Protégé 460 FTIR spectrometer
equipped with a Nic Plan IR microscope. The sample was prepared as follows. A very
small amount of samples (~10 mg) was mixed with 25 to 30 times its volume of KBr in
an agate pestle and mortar (mixing and grinding it at the same time). The samples were
pressed in a die at 3000 kg cm™ for about 3 minutes. The produced disc was run on a
Nic Plan IR microscope, set at 256 scans with a resolution of 8 cm™ followed by
removing the background at the same settings. The range scanned was from 400 to 4000
cm™.
3.3.3 Electron Microscopy (SEM)

A bright field of SEM (JSM6500F) was used at 15 keV to observe the morphology and
size of the prepared NPs. Energy Dispersive X-ray (EDX) microanalysis was also used
for chemical composition analysis. The specimens for the SEM study were prepared by
direct deposition of NPs on an aluminium holder which was covered by a carbon grid
and then sputter coating with a thin layer of gold (~ 10 nm thick film) under high
vacuum, using gold sputter coating (JEOL, 5010) to provide a homogeneous surface for
analysis and imaging. The JEOL sputtering system was employed using the conditions
summarised in Table 3.3. After gold coating, the sample was placed inside the SEM
sample chamber and the SEM was operated under high vacuum with an accelerating
voltage of 15 keV and a secondary electron (SE).
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Table 3.3: The parameters employed for gold coating.

Parameters Value
Gas employed Argon 5 psi
Current ~15mA
Time of coating 2 minutes

3.3.4 Electron Microscopy (TEM)

The particle size and morphology were analysed using JEM 3010, operating at 300 keV,
with a point resolution of 2.1 Aanda magnification of 1.5x10°. It was also equipped
with a high-angle annular dark field (HAADF) detector for the scanning transmission
electron microscopy (STEM) and the EDX detector. This instrument is capable of
detecting even very small metal particles (< 1 nm) by Z contrast and of analysing

selected points by EDX spectroscopy.

Approximately 10 mg of particles were first dispersed in ethanol for 45 minutes using
sonication (Crest Ultrasonic CP1100, UK) and then transferred to a cooper grid (Carbon
Films, 200 Mesh Cu Grids, AGAR). The samples were then left to dry in a vacuum

desiccator for 24 hrs before commencing the measurements.

3.3.5 BET Method

The surface area and pore size distribution of the prepared NPs was measured using a
Micromeritics Gemmini 2375 surface area analyser. For sample preparation, about 20
mg of particles were placed into clean and dry tubes for gas preparation, and then the
temperature was raised to 200°C and degassed for the required time (usually between 2-
3 hrs) using Vac Prep 061 (Micromeritics, UK). The weight of the sample was noted
before and after degassing. Surface area was measured at liquid nitrogen temperature
(77° K) using a conventional gas adsorption apparatus. The BET method was carried out
under a relatively high vacuum and measured primarily the external area of particles and
aggregates. The pore size distribution of magnetite NPs was calculated from the
desorption branch of the nitrogen adsorption-desorption isotherm using the Barrett-
Joyner-Halenda (BJH) model. The BJH method for calculating pore size distribution is

based on a model of adsorbent as a collection of cylindrical pores. The method accounts
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for capillary condensation in the pores using the classical Kelvin equation (Barrett et al.,
1951)

p_2M, (3.2
P, rR.T

In

where p is the actual vapour pressure, p, is saturation vapour pressure, y is the surface
tension, M, is the molar volume, R, is the universal gas constant and r is the radius of

the droplet.

3.3.6 Vibrating Sample Magnetometer (VSM)

The wet magnetic NPs samples were freeze-dried and then prepared for the
magnetisation measurements with a vibrating sample magnetometer (VSM, Oxford
Instruments Aerosonic 3001). About 50 mg of NPs samples were placed on the typhlone
holder that was covered by white PVC insulating tape, so that the powders do not
contaminate the VSM system. Hysteresis measurements were performed at 300° K with
magnetic fields up to 0.9 T to achieve demagnetisation corrections. The magnet samples
were fabricated with the right circular cylinder geometry. They were oriented such that
the cylinder axis was at a right angle with the applied magnetic field. The resulting
changes in the magnetic flux induced a voltage in the sensing coils and this was
proportional to the magnetic moment of the sample.

3.3.7 Dynamic Light Scattering (DLS) Measurements

ME11Zetasizer Nano ZS (Malvern Instruments Ltd, UK) was used to measure the
particle size in this work. The measurements were performed at 25°C and analysed in
multiple narrow modes (ensuring a high resolution). Before commencing the DLS
measurements, the NPs suspensions were diluted to a concentration of about 8 mg L™.
The DLS of NPs were determined using a Folded Capillary cell (DTS1060), (Malvern

Instrument, UK).

The Malvern Zetasizer Nano-ZS uses the Zeta sizer NIBS Software (V6.01) for data
collection and analysis. The software collects and interprets data for the particle size and
zeta potential. For the particle sizing in the solution, the software gives multiple aspects,
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interpretations and representations of the acquired data such as intensity, volume,
number distribution graphs as well as statistical analysis for each property. The mean
particle diameter is directly calculated by the software from the particle distributions
measured, and the resulting polydispersity index (Pdl) is a measure of the size ranges
present in the solution (MME11ZS-NANO, 2008).

3.3.8 Thermo Gravimetric Analysis (TGA)
TGA analysis was carried out on a Mettler Toledo TGA/SDTAS85Ie instrument, from
25° to 900°C under N, gas (flow rate of 50 ml min™) at a heating rate of 10° C min™.

3.4 Total Mercury Determination and Other Metals

3.4.1 Mercury Determination

In this study, the concentration of total mercury was measured by PSA Millennium
Merlin atomic fluorescence spectrometry (AFS) (PSA Millennium Merlin, P S
Analytical Ltd, UK). This instrument uses a cold vapour fluorescence (CVAFS)
technique in which free mercury atoms in an argon gas carrier gas are excited by a
collimated ultraviolet light source at 253.7 nm. The excited atoms re-radiate their
absorbed energy (fluoresce) at this same wavelength and are detected using a
photomultiplier tube or UV photodiode. Using this equipment, mercury can be detected
in parts per trillion (EPA, 2005). The minimum level of quantisation (ML) was
established as 1.0 ng L™.

The procedure for Hg determination includes: (1) preparation of solutions for Hg
analysis, (Table 3.4), (2) calibration of PSA Millennium Merlin AFS and then the Hg
(1) concentration of each sample can be determined from the calibration curves of a
series of standard mercury solutions prior to each analysis, and (3) analysis of the
samples. All daily solutions had 7.5 mL of 33% v/v HCl and 1 mL 0.03 M KBr/KBrO3
per 50 mL. The samples were kept in upright position overnight for no longer than 7
days. Before the analysis, 15 pL of 12% NH,OH.HCI were added into the samples. After
digestion, all the mercury (Hg®") in the extract was reduced to Hg° by using acid
reductant 2% m/v SnCl, in 10% v/v HCI. Hg was measured by CVAFS, PSA 10.035
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Millennium Merlin system following the analytical procedure developed by PSA Co.,
Ltd: (based on USEPA Method 1631, Revision C: Mercury in Water by Oxidation,
Purge and Trap, and CVAFS).

Table 3.4: Daily, weekly and monthly analysis of Hg solutions.

Solution Purposes Daily Weekly  Monthly
Hg standard calibration
KBrOs For sample digestion (preservation) \
KBr For sample digestion (preservation) v
NH,OH.HCI For removal excess bromine which \
indicated by the disappearance of
yellow colour from the samples.
snCl, For removal all traces of Hg. \
Reagent Blank | Blank and for washing \
solution
2% m/v SnCl, | Acid reductant \

in 10% v/v HCI

3.4.2 Other

Heavy Metals Determination

The concentration of metal ions (Cu(ll), Ni(ll), Pb(ll) and Zn(Il) ) were measured using

atomic absorption spectrometry (AAS) (SpectrAA-200, Varian Australia).

The instrument was set up according to the expected range of metal concentration in the

samples as stated in the operator’s manual. The employed measurement parameters are

shown in Table 3.5. The AAS was first calibrated with a range of solutions with known

concentrations prepared by diluting standard stock solution (Fisher Scientific, UK) to

derive the calibration curve against which unknown samples were compared and their

concentrations were then displayed automatically. Control metal solutions in the absence

of NPs were always run in parallel with each experiment and under the same

experimental conditions. All the experiments were conducted at least in triplicates and

the average values were presented.

Table 3.5: The AAS parameters for metals ions analysis.

Element Slit width (hm)  Wavelength (nm) Lamp current (mA)
Cu 0.5 324.7 4
Ni 0.2 232 4
Pb 1.0 217 5
ZN 1.0 213.9 5
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3.4.3 Determination of Iron and Silicon

All the metals dissolved in the solutions were measured by using an inductively coupled
plasma-atomic emission spectrometer (Agilent 7500ce ICP-MS for total Si and Varian
Vista Pro ICP-OES For total Fe) at Severn Trent Laboratories, Coventry, UK. The
standard method (WAS049) was applied to determine the total concentration of Fe in the
solutions. The validity range of this method is between 0.19 and 2000 mg L™. The total
concentrations of Fe were determined by ICP-OES after dissolution in the presence of
nitric acid. The pre-treatment ensures that any metals in suspended or colloidal forms are
converted to the soluble form. The total concentration of Si was measured via WASO060
standard method. ICP-MS was then used to determine the total concentration of Si after
dissolution, via the action of microwaves, in the presence of nitric acid. The digestion
pre-treatment ensured that any suspended or colloidal forms were converted to soluble
forms. Filtered (otherwise known as dissolved or soluble) metals were also determined
by filtration through a 0.45 um membrane filter, prior to acidification with nitric acid.

The range of applicability of this method is between 10 - 2000 pg L™

3.5 Preparation of Adsorbate Stock Solution

For batch tests, the adsorbate stock solution of Hg(ll) was prepared using a Hg atomic
absorption standard stock solution (1000 ppm Hg in 10% HNO3) from (Fisher Scientific
Co, UK). This standard solution was diluted as required for the adsorption experiments
to obtain the target concentration of Hg with high purity deionised water (18.2 MQ-cm).
The daily working Hg solutions were prepared freshly before use. Polyethylene
terephthalate (PET) containers were used to store the mercury or as reaction vessels due
to their very low mercury adsorption characteristics (Copeland et al., 1996; Fadini and
Jardim, 2000). Finally, a background electrolyte 0.1M NaNOj3; was added to the

adsorbate working solution to maintain its ionic strength.

For the adsorption experiments, the stock solutions (1000 ppm, Cu, Ni, Pb and Zn in
10% HNOg3) were used to prepare the synthetic wastewater by diluting them to target

concentration with high purity deionised water.
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3.6 Batch Adsorption Tests

Adsorption experiments were carried out by mixing Fe;04 NPs, SCMNPs and SH-
SCMNPs with 50 mL of a Hg(ll) solution. This solution was prepared at different
concentrations in 0.1 M NaNOs to keep the ionic strength relatively constant. The initial
pH was adjusted by adding either 0.1 M NaOH or 0.1 M HNOg3. All the sorption
experiments were carried out in 100 mL polyethylene terephthalate (PET) bottles placed
in an orbital incubator rotating at 200 rpm for 1 hr at 22.5°C unless otherwise stated. The
NPs were isolated and separated by applying an external magnetic field at the end of the
test. The final concentration of Hg(ll) was determined using the PSA Millennium Merlin
atomic fluorescence spectrometry. All the experiments were conducted at least in
duplicates and the average values are presented.

All the PET bottles used in this study were soaked in 20% v/v HNOj for at least 24 hrs,
and rinsed using high purity deionised water (18.2 MQ-cm).

For the control experiments, 50 mL of 10 and 80 pg L1 Hg(ll) were agitated in the
absence of NPs for 24 hrs at 22.5°C at a rate of 200 rpm. A volume of 10 mL sample
was taken for measurement before shaking. To ensure accuracy and reliability of the
results, the experiments were carried out in four replicates and the average values are
presented.

The same experiments were performed for Cu(ll), Ni(ll), Pb(Il) and Zn(Il) at initial

concentrations of 2 and 10 mg L™ using polypropylene (PP) plastic containers.

3.6.1 Adsorption Kinetic Experiments

Kinetic studies were carried out at pH 6.0 using Hg(II) concentration 80 ug L™ in a 160
mL solution to which was added a known quantity of 1.2 mg of concentrated NPs
(Fe30O4 NPs, SCMNPs and SH-SCMNPs) suspensions to give NPs concentrations of 8
mg L™. The mixture was agitated in the orbital incubator at 200 rpm and 22.5°C. A
volume of 10 mL sample was taken for measurement at specific time intervals of 1, 2, 5,
10, 20, 30, 40, 50, 60, 80, 100, 120, 180 and 240 minutes. The samples were transferred

into a PET bottle and then an external magnetic field immediately was immediately used
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to separate the magnetic NPs out of the mercury solution within less than 2 minutes. The
final concentration of Hg(l1) was determined by PSA Millennium Merlin AFS.

3.6.2 Adsorption Isotherm Determination
The adsorption isotherm was determined by carrying out batch tests at pH 6.0 using
Hg(1) concentrations of 40, 80, 200, 500, 800 and 1000 ug L™ in a 50 mL solution to
which a known quantity of either 0.20 or 0.40 mg of a concentrated NPs (Fe3O4 NPs,
SCMNPs and SH-SCMNPs) suspension were added to give NPs of concentrations ~ 4
and ~ 8 mg L™ The NPs reacted for 1 hr to reach equilibrium. The mixture was
separated via an external magnetic field and PSA Millennium Merlin AFS was used to
determine the final concentration of Hg(ll). Langmuir and Freundlich isotherms were
employed to conduct the thermodynamic analysis. Experimental C¢q and geq data were
used to evaluate the constant of each model, according to the least squares fitting
method.
The Langmuir isotherm (Langmuir, 1916) was taken as:

C 1 C

o apq Y

where Cg is the equilibrium concentration (mg L_l) after adsorption, Q; and b are
Langmuir constants related to the maximum adsorption capacity and energy of
adsorption respectively, and gg is the amount of Hg(lIl) adsorbed at equilibrium (mg g'l).
The Freundlich isotherm (Freundlich, 1926) was taken as:

logg, =logK, +n*logC, (3.4)
where ge is the concentration of Hg(ll) adsorbed at equilibrium (mg g_l), Ce is the

equilibrium concentration (mg L) after adsorption, and K; and n™ are Freundlich

constants.

As described earlier in Chapter 2 (section 2.2.1.5.3), the process of the adsorption of
Hg(ll) from the aqueous phase using Fe;O4 NPs can be described as a heterogeneous
reaction between solid and liquid. The Hg(Il) adsorption isotherm of thiol-functionalised

mesoporous silica adsorbents usually exhibited typical Langmuir behaviour that
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correlated better than the Freundlich isotherm, suggesting a monolayer adsorption.
However, some previous studies reported that the adsorbed quantities Hg(ll) ions were

higher than the available thiols sites, suggesting another mechanism of adsorption.

In the present study, although SH-SCMNPs were functionalised with thiol groups and
the adsorption sites may have the same activity, the adsorption mechanism for Hg(ll)
may involve not only the Hg chelation by SH complexing functions, but also the surface
complexation by OH or Si-OH sites which remained uncovered. Therefore, the
Langmuir and Freundlich isotherm models were applied to the experimental data in this
study in order to get a deeper insight into the adsorption mechanism.

3.6.3 Effect of Physical and Chemical Environmental Factors

3.6.3.1 Effect of pH

The effect of the solution’s pH on the adsorption of Hg(Il) was investigated to find the
optimal pH for removing Hg(Il). Batch tests used 50 mL of 80 ug L™ Hg solutions with
pH adjustment using 0.1 M NaOH and 0.1 M HNOj3 to give a range from 2.0 to 9.0.
Approximately 8 ul of NP suspension (~ 0.4 mg) was spiked into the above solutions at
different values of pH, and then the solution was agitated at 22.5°C for 1 hr to reach
equilibrium. The mixture was separated via an external magnetic field and PSA

Millennium Merlin AFS was use to determine the final concentration of metal ions.

3.6.3.2 Effect of temperature

The removal efficiency of Hg(ll) from 100 mL of 160 pg L™ Hg solution by SH-
SCMNPs at a concentration of 6 mg L ™ was tested at 10, 22.5 and 35 °C. The pH was
adjusted at 6.0 and then agitated at 200 rpm. At specific time intervals of 1, 5, 10, 20, 30,
40, 50 and 60 minutes, 10 mL samples were taken for analysis. After separating the
particles, the Hg(Il) content in the supernatant was measured by PSA Millennium Merlin
AFS.

3.6.3.3 Effect of shaking speed
A mixing rate ranging from 50-200 rpm was tested. This test was conducted by mixing
12 uL of NPs suspension (~ 0.60 mg) with 100 mL of 80 ug L " Hg(lI) solutions at pH
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6.0. The solutions were agitated at 50, 100, 200 rpm and 22.5°C. A 10 mL sample was
taken at specific time intervals of 0, 5, 10, 20, 30, 40, 50 and 60 minutes to determine
the Hg(Il) concentration. After separating the NPs using an external magnetic field, the

final concentration of metal ions was determined by PSA Millennium Merlin AFS.

3.6.3.4 Effect of common ions

The effect of common cations was explored in binary and cocktail components
adsorption. Binary experiments were carried out at fixed mass concentrations by mixing
200 pg L™ of Hg(ll) with each of the above cations at a ratio of 1:10, and the mixture
was interacted with 16 uL of SH-SCMNPs suspensions (0.8 mg) for 1 hr at 22.5°C to
reach equilibrium. For completeness, 50 mL of 200 pg L™ of Hg(Il) containing each of
the various cations (2000 pg L™) were shaken with 16 pL of NPs suspension (~ 0.8 mg)
for 1 hr at pH 6.0. The latter design would thus provide sufficient metals in the solution
to potentially saturate the available binding sites that could be taken up by Hg(ll) ions.
In all cases, the mixture was separated via an external magnetic field and the final
concentration of Hg(Il) ions was determined by PSA Millennium Merlin AFS whereas
the concentrations of the other metals were determined by atomic absorption
spectroscopy (AAS). SH-SCMNPs were initially washed three times using deionised
water to remove any metals that were loosely attached to the bottles or to the adsorbent
itself. The SH-SCMNPs were then reacted with the test solution for 1 hr at 22.5°C with
shaking at 200 rpm. Then, the SH-SCMNPs were separated from the solution and used
in a second adsorption cycle without any attempt to desorb any bound ions. This
procedure was repeated for five cycles and the heavy metal ions were finally recovered
after six cycles using concentrated hydrochloric acid (5 mL, 12.1 M HCI) as shown in
Figure 3.6.

Similarly, the effects of interference by the coexisting anions of CI, SO,*, PO,*, NOs
and F on the adsorption of Hg(Il) were examined according to the procedure described
above. The experiments were carried out in binary and multiplicity systems at the same

mass concentrations that were used for various common cations.
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Figure 3.6: Schematic of the procedure used for studying the effect of cations on the
adsorption process.

3.7 Recovery (Desorption) Studies

3.7.1 Desorption Process

Batch adsorption and desorption experiments were conducted with 8 mg L™ SCMNPs
and SH-SCMNPs with varying initial Hg concentrations (80, 120 and 20 pg L™) to
determine sorbent efficiency. The desorption of Hg laden SCMNPs was then tested
using 5 mL of HCI at concentrations ranging from 1.0 to 3.0 M with 30 min of reaction
time to reach equilibrium. For Hg-adsorbed SH-SCMNPs, two eluents were used: HCI
from 1.0 to 5.0 M and HCI at concentrations from 1.0 to 3.0 M mixed with 2 % (m/v)
thiourea. Before this acid treatment, the magnetically recovered NPs were first washed
three times with deionised water to remove Hg(Il) which was loosely attached to the
PET bottles or to the adsorbent itself. A 5 mL aliquot of the desorbent were then added
and shaken for 1 hr. The NPs were separated magnetically from the desorbent and its

mercury concentration was determined.
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The control experiments were carried out in parallel using deionised water; the aim here was
to determine whether deionised water affects the desorption of Hg. In these experiments, Hg
laden SCMNPs or SH-SCMNPs and 20 mL of deionised water were placed in PET bottles.
The mixture was allowed to equilibrate for 0.5, 1, 2, 6 and 24 hrs on an orbital shaker at 200
rpm and 22.5 °C. The NPs were then separated by an external magnetic field and PSA

Millennium Merlin AFS was used to determine the supernatant.

3.7.2 Regeneration Process

Successive adsorption-desorption processes were carried out over five cycles. For each
cycle, 0.4 mg NPs (SCMNPs or SH-SCMNPs) were mixed with 50 mL of 80, 120 and
200 pg L™ of Hg(ll) in PET bottles and the solution was then agitated at 200 rpm and
22.5°C. After each adsorption process, the NPs were washed 3 times using deionised
water. For the desorption processes, the magnetic NPs were separated using an external
magnetic field and then 5 mL of the eluents were added to Hg(Il) laden NPs and shaken
for 1 hr. For each cycle, the NPs were washed completely with deionised water and used
later in the succeeding adsorption cycle. Therefore, the regenerated NPs were
subsequently mixed with 50 mL of 80 120 and 200 pg L™ of Hg(ll) solutions and the
process was repeated. When equilibrium was reached, the magnetic NPs were separated
by an external magnetic field and PSA Millennium Merlin AFS was used to determine

the supernatant.

3.8 Data analysis (Adsorption and Desorption Efficiency)

The adsorption capacity was calculated according to the following equation

\ (Co _Ce)
Q=" (3.5)

where C, is the initial mercury concentration in the solution, C. is the equilibrium
concentration (mg L™) after adsorption, V is the solution volume (I), and M is the mass
of NPs adsorbent (g).

This equation does have a limitation. This happens when the initial metal concentration
is low or the adsorbent concentration is high or in other words when the mass of metal is

too limited compared with the adsorbent present. In this case, the residual metal
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concentration can be as low as around zero, although the adsorbent has not reached its

adsorption capacity.

The desorption efficiency was calculated based on following equation:

Desorptiorcapacity = W’ 100 (3.6)

e

where Ceq is the equilibrium concentration (mg L™) after desorption, Cq is the initial
concentration of mercury in the eluent (mg L™), Vg is the volume of the eluent (1), ge is
the adsorption capacity obtained in the adsorption test and M is the mass of the NPs

adsorbent (g).

3.9 Dissolution of Fe and Si (Dissolution Kinetics)

Initial dissolution studies were conducted at room temperature of 22.5°C, pH of 2.0, and
shaking speed of 200 rpm unless otherwise stated. 200 mL of 8 mg L™ NPs solutions
(FesO4 NPs and SH-SCMNPs) at pH 2.0 and 6.0 were shaken for time intervals up to a
maximum of 240 minutes. 20 mL of sample were taken over the course of this period to
measure the total amount of Fe and Si released. Further experiments used pH values of
2.0, 4.0, 6.0 and 8.0 and a sample volume of 50 mL containing 8 mg L™ of NPs (Fe;O,4
NPs and SH-SCMNPs) shaken for 2 hrs.

The effect of the eluent was also checked by mixing SH-SCMNP with 10 mL 3.0 M HCI
containing 2% thiourea (m/v) and shaking at 200 rpm for 30 min at 22.5°C.

In this experiments, 8 mg L™ of 50 mg mL™ NPs aqueous dispersion (described in
Section 3.2.5) were used as reference material to check how various factors (pH, time
and elution process) affected the dissolution of Fe and Si.

In all cases after the prescribed time interval the NPs were separated with an external
magnetic field and the supernatant was collected to determine the total amount of Fe and

Si in the solution using ICP.
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3.10.1 Raman Spectroscopic Study

The bonding analysis between Hg(ll) and SH-SCMNPs was conducted using Raman
spectroscopy with Nanonics MultiView 4000 (Nanonics Imaging LTD.) in the range of
400-4000 cm™'. Raman scattering was excited with a 632.8 nm line of internal, air-
cooled, helium—neon laser. For sample preparation, a 20 puL drop of NPs suspension was
deposited on the microscope slide and dried at room temperature. The samples were
placed on the stage and then analysed by scanning 32 times in the spectral range with a

spectral resolution of 4 cm™.

3.10.2 Zeta potential

Zeta potential (ZP) is a very suitable index to evaluate the level of interaction between
colloidal particles. ZP measurements are used to assess the stability of colloidal systems.
ZP measurements were obtained using a ME11 Zetasizer Nano ZS (Malvern Instruments
Ltd, UK). The ZP results were based on the electrophoretic mobility of the NPs in an
aqueous medium after applying Smoluchowski’s equation. Electrophoretic mobility was
obtained by subjecting the samples to electrophoresis and measuring the velocity of the
particles using laser Doppler velocimetry (LDV). The ZPs of the NPs were performed
using Folded Capillary cell (DTS1060), (Malvern Instrument Ltd, UK), at 25°C. The
measurements were carried out at pH ranging from 2.0 to 8.0 and the pH was adjusted to
these levels using 0.1 M HNOjz; and NaOH. Smoluchowski’s equation was used to
predict the ZP, (&), from the measured particle electrophoretic mobility, ., as

¢=Tu 37
&

where 1 and € are the viscosity and the dielectric constant of the dispersion medium,
respectively. The reported ZP values are averaged over six measurements, each of which
was obtained over 20 electrode cycles. The measurements were performed in triplicates
and the averaged values were calculated with the data of six runs and presented with the
standard deviation.
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3.11 Semi - Continuous Adsorption System

All the results obtained from the batch test experiments were employed to develop a
semi-continuous system for the removal and recovery of mercury from industrial
wastewater using magnetite NPs. This system is expected to provide a simple, cost-

effective and environmentally friendly technique compared with present techniques.

This technique will be described in detail in Chapter 7.
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Characterisation of Nanoparticles

4.1 Introduction

The characterisation of Fes0, NPs, SCMNPs and SH-SCMNPs used a combination of
complementary and confirmative techniques to build up a picture of the surface
composition, morphology, orientation and structure of the NPs. These included: X-ray
diffractometer (XRD); transmission electron microscopy (TEM) and scanning electron
microscopy (SEM). Specific surface area and pore volume distribution were determined
from N adsorption-desorption isotherm using the BET and BJH methods; vibrating
sample magnetometer (VSM); thermo gravimetric analysis (TGA); Fourier transform
infrared spectroscopy (FTIR); and nano-sizer for the particles size distribution and zeta

potential.

4.2 Results and Discussion

4.2.1 XRD Technique

Pei et al. (2007) and Valenzuela et al. (2009) described the effect of increasing the
temperature of the solution during the synthesis of Fe3sO, NPs by co-precipitation, and
this can lead to a change in the type of iron oxide, its size, distribution, shape and
morphology. Therefore, in this case, the Fe,O, NPs could be transformed to another

form of iron oxide such as hematite or goethite. In order to avoid the effect of
decomposition temperature on particle properties, the reactor used for synthesis of Fe,O,

NPs was fitted with two thermometers: one is in a RB flask to adjust the temperature in
the core of the reaction and the other is in the silicon bath to keep the temperature below
100°C. Powder XRD was used to confirm that SCMNPs and SH-SCMNPs were the NPs
of the pure magnetite (Fe3O,4). Figure 4.1 shows the typical nanocrystaline peaks of the
FesOs NPs prepared from FeCly-4H;0 and FeCl,-6H;0, the phase identification was
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performed by comparing the measured diffraction pattern of the prepared materials with
that of pure magnetite and the reported data of the Joint Committee on Powder
Diffraction Standards (JCPDS), file no. 19-0629. The XRD diffraction patterns with six
diffraction peaks (220, 311, 400, 442, 511 and 440) can be indexed to the inverse spinel
structure of Fe;O, (as indicated in Figure 4.1). No other crystalline phases were
detected. The absence of lines 110 (d = 4.183 A at 20 =21.22°) and 104 (d = 2.700 A at
20 = 33.15°) indicates that both goethite and hematite were not formed and that the XRD
pattern corresponds to pure magnetite (Itoh and Sugimoto, 2003).

The wide angle XRD patterns (Figure 4.1) of the SCMNPs and SH-SCMNPS shows that
the mesoporous spheres have similar diffraction peaks to that of the Fe3O4 NPs, and
therefore the results suggest that the magnetic core was well retained in the silica matrix.
A low angle of XRD pattern of mesoporous SCMNPs is shown in Figure 4.2, with only
a high intensity peak (100) at 20 = 2.50°. This suggests that the mesoporous structure
becomes nonsymmetric and poorly ordered. Less order in the mesostructure silica matrix
could be attributed to the embedding of FesO4 NPs (Huang et al., 2009).
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Figure 4.1: XRD pattern for (a) Fes04 NPs, (b) SCMNPs and (c) SH-SCMNPs.
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Figure 4.2: The low angle XRD pattern of SCMNPs.
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4.2.2 Zeta Potential

The zeta potential of the Fe3O4 NPs, SCMNPs and SH-SCMNPs were all measured and
showed that the magnitude decreased with increasing pH values. SH-SCMNPs showed
good stability at a range of different pH values, with a maximum zeta potential of 43.60
mV. The magnitude, in general, decreased with pH but a moderate stability was still
indicated at pH 4.0 when the zeta potential was 20.01 mV. At pH 2.0, however, the
magnitude decreases significantly to 2.52 mV, corresponding to a less stable suspension.
The surface charge of FesO4 NPs remained positive at pH values below 4.8. The
isoelectric point (IEP) of Fe3O, NPs was found to occur at pH 4.8. This value is
significantly different from the IEP for the SCMNPs and SH-SCMNPs that occurred at
pH 3.4 and 2.2, respectively. The negative surface charge of SCMNPs was to be
expected due to the increased number of hydroxyl groups present on the surface of
FesO4 NPs after silica coating; this was previously reported (Vaidya et al., 2011). In
addition, the presence of silanol groups on the surface of SCMNPs (derived from TEQS)
might play a key role in producing negative charges (Lee et al., 2011). A silanol group
contains a hydrogen atom that can dissociate and produce a negative charge. Figure 4.3
shows that as the pH was decreased, more hydrogen ions were dissociated and produced
negative zeta potentials. It was clearly noticeable that the zeta potential was changed
after modifying SCMNPs with thiol groups. The obvious change in zeta potential further
confirms the deposition of 3-MPTMS on the surface of the NPs. Similar to the silanol
group, the thiol group of SH-SCMNPs contains a hydrogen atom that can dissociate and
produce a negative zeta potential.
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Figure 4.3: Zeta potentials of Fe3O4 NPs, SCMNPs and SH-SCMNPs.

4.2.3 Dynamic Light Scattering (DLYS)

4.2.3.1 Particle size distribution

Several characteristics of the sample, such as solvent viscosity, solvent refractive index
and sample temperature, can affect the DLS. The scattering intensity depends on the
mass or size of the particles, solute particle concentration, and refractive index
differences between the solute and solvent. The forming of aggregates via solute-solvent
interactions should be avoided. In this study, the NPs suspensions were diluted to a
concentration of approximately 8 mg L™ . Low concentrations of salts such as NaCl and
KCI have been described as good solvents to avoid a Coulombic interaction between
charged systems (Polyelectrolytes) (Meunier et al., 2001; Ito et al., 2004). Therefore,
these solvents were used as an index to compare with the results obtained using
deionised water as the solvent. Air bubbles were removed by ultrasonication.

As shown in Figure 4.4, the measured hydrodynamic particle size distribution increased
from an average diameter of ~75 nm for Fe3O, NPs to ~105 nm after silica coating, and
was found to be ~111 nm after 3-MPTMS functionalisation. It can be seen from Figure
4.4 that the size distribution of the three types of NPs is a unimodal size distribution.

The results of the DLS measurements demonstrating only one peak suggest that the
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particles are mostly isolated rather than being aggregated in the solution and that the
prepared NPs are highly monodisperse in agueous media.

Further experiments were performed to study the effect of the type of solvent on the
hydrodynamic size distribution of the NPs using three different solvents: deionised
water, 0.1 M NaCl and 0.1 M KCI. In all cases, the pH of the system was adjusted to pH
6.0 and measured directly before transferring the samples into folded capillary cells and
mixing via bath sonication and vortexing. The DLS results for particle size in various
types of solvents for NPs are presented in Table 4.1. Fe30, NPs, SCMNPs and SH-
SCMNPs exhibited nearly the same size when dispersed in water, 0.1 M NaCl and 0.1 M
KCI without any change or agglomeration size.

Table 4.1: Particle size and polydispersity index (Pdi) of NPs using various types of
solvents.

DLS
Particles Media Average diameter (nm) Pdi
(+SD) (+SD)

DW 75.52 (0.59) 0.14 (0.01)
FesO4 NPs 0.1M NaCl 75.60 (0.25) 0.16 (0.01)
0.1IM KClI 76.45 (0.52) 0.18 (0.02)
DW 105.57 (0.45) 0.06 (0.02)
SCMNPs 0.1M NaCl 106.23 (0.74) 0.06 (0.03)
0.1IM KClI 106.20 (0.40) 0.05 (0.02)
DW 111.30 (0.61) 0.06 (0.01)
SH-SCMNPs 0.1M NaCl 111.27 (0.55) 0.07 (0.02)
0.1M KCl 111.20 (0.46) 0.06 (0.01)
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Figure 4.4: DLS plot for the particle size distribution of (a) Fe304 NPs, (b) SCMNPs,

and (c) SH-SCMNPs in deionised water.
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4.2.3.2 Stability tests

Stability tests were conducted by dispersing 8 and 32 mg L™ of NPs (Fes04 NPs,
SCMNPs and SH-SCMNPs) in deionised water at pH 6.0 and the stability of the
suspensions were reviewed by measuring the size distribution of the NPs over time. As
shown in Figure 4.5, the average particle size distribution remained essentially constant
for 8 hours at different concentrations without obvious aggregation and without any
significant deterioration in the hydrodynamic average size. All three types of particles
remained suspended for a reasonable period of time after being well dispersed and this
property is particularly suitable for target loading in industrial applications.

The hydrodynamic size distribution of SCMNPs and SH-SCMNPs was also measured
across different pH ranges (2.0-9.0) and the measured average hydrodynamic size is
shown in Figure 4.6. At pH 2.0, the average hydrodynamic size for SCMNPs and SH-
SCMNPs was ~130.50 nm and ~149 nm, respectively but at pH 3.0, the average size
decreased to ~125.20 nm for SCMNPs and to 136.90 nm for SH-SCMNPs. Changing
the pH of the solution (4.0-9.0) did not significantly change the hydrodynamic size of
either samples. Thus, SCMNPs and SH-SCMNPs are mostly isolated and are not
aggregated across a range of pH values. The agglomeration of particles at pH 2.0-3.0
could be the result of coagulation that occurs when the zeta potential is above point zero
of a charge (Lu et al., 2007). However, increasing the time of agitation easily breaks up

loose agglomerates and the NPs could be re-suspended.
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Figure 4.6: Variation of the hydrodynamic sizes of SCMNPs and SH-SCMNPs across a
range of pH values.

4.2.4 Electron Microscopy

The size and morphology of prepared NPs was monitored during the various preparation

steps using SEM and TEM. The results obtained are summarised below.

4.2.4.1 SEM

A typical SEM image for the Fe304 NPs is shown in Figure 4.7, and it can be seen that
the particles are nearly spherical with a size range of between 30-100 nm. The particles
appear to be aggregated which is due to the absence of any stabiliser in the reaction
system during the course of formation of Fe;O4 NPs. This probably as a result of Fe3O4
NPs having a hydrophobic surface, and due to hydrophobic interaction between the
particles, which causes the particles to agglomerate and form large clusters (Hamley,
2003).
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Figure 4.7: SEM micrograph of Fe3O4 NPs.

The NPs EDX spectrum (Figure 4.8) confirmed the composition of iron (68.5%) and
oxygen (31.5%). The expected ratios of 72.4% iron and 27.6% oxygen were skewed due
to the increased ratio of oxygen detected that likely included the presence of hydroxides.

Element | Weight% | Atomic%
oK 31.52 61.64
Fe K 68.48 38.36

Totals | 100.00

Spectrum 1

(i} 1 2 3 4 5 6 7 8 9 10
Full Scale 187 cts Cursor: 0.000 keV

Figure 4.8: (a) Low magnification SEM micrograph (b) EDX spectra of Fe3O,4 NPs.
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The low magnification image of Fe;O4 NPs after silica coating is shown in Figure 4.9,
where it can be seen in panel (b) that silicon was also detected together with Fe and O
when using EDX to analyse SCMNPs.

To avoid aggregation of Fe;04 NPs before coating stabilisers such as a surfactant or
‘ligand’ molecules are usually added at preparation (Gupta and Gupta, 2005). The
structural properties of surfactants and micellar solutions played a key role during in the
preparation of mesoporous SCMNPs (Chapter 3). In this research, the addition of CTAC
aqueous solution as co-surfactants was used to alter the packing parameter, resulting in
elongated CTAC micelles. CTAC aqueous solution adheres to the surfaces in a substrate
specific manner and may cause a reduction in the curvature of the surfactant aggregates.
However, these effects are complex and their evaluation is not within the scope of this
research. Non-aggregated SH-SCMNPs are shown in Figure 4.10, which demonstrates

many particles separated from each other.

20pm 1 Electron Image 1

Spectrum 1

0 1 2 3 4 5 6 7 g 9 10
Full Scale 188 cts Cursor: 0.000 ke

Figure 4.9: (a) Low magnification SEM micrograph (b) EDX spectra of SCMNPs.
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JSM 6500F SEI 150KV X50000 50nm WD 103mm
Figure 4.10: SEM micrograph of SH-SCMNPs.

The low magnification image of SCMNPs after thiol modification is shown in Figure
4.11. The exact composition was determined by EDX and the spectrum in panel (b)
shows that a weak S peak is observed along with Fe, O and Si peaks. The presence of

the S peak indicates that the functionalisation was successful.

Spectrum 1

10pm 3 Electron Image 1

Spectrum 1
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Figure 4.11: (a) Low magnification SEM micrograph (b) EDX spectra of SH-SCMNPs.
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4.2.4.2 TEM

TEM gives visual information that can help identify the elemental composition of the
material and also provide complementary information to other techniques such as X-ray
diffraction.

A typical TEM image for Fe3O4 NPs is shown in Figure 4.12. It can be seen that the
FesO4 NPs are nearly spherical with some demonstrating a hexagonal structure, as
marked by the arrow. The mean particle size observed was in range of 30-80 nm. A high
resolution TEM (HRTEM) image provided more structural information on the Fe;O4
NPs, and Figure 4.13a reveals that the Fe3O4 NPs show good face centered cubic (FCC)
crystallinity with hexagonal intergrowth. Doves et al. (2007) suggested that FCC
structures in a magnetite core are the result of oxygen forming FCC and Fe cations
occupying the interstitial tetrahedral and octahedral sites. Here, the electrons can jump
between Fe”* and Fe** in the octahedral site. The presence of FCC crystallinity can be
confirmed by visible lattice fringes corresponding to the (111) plane of Fe;0,4, and the
interlayer distance between the crystal faces was calculated to be ~0.19 nm. The power

spectrum of the image (Figure 4.13b) further supports the presence of a FCC structure.

20 ; Mt :
Figure 4.12: TEM micrograph of Fe3O4 NPs.

- :‘ "
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v "

Figur 4.13: (a) HREMimage of Fe;0, NPs and (b) power spectrum by Fourier

transforming of the HRTEM image.

The electron diffraction (ED) pattern of Fe3O4 NPs shows that the NPs has a highly
polycrystalline nature which can be indexed to the inverse spinel structure of Fe;O4
which is in agreement with the XRD results (Figure 4.14a), and the diffraction rings are
consistent with FesO4 NPs reported in the literature (Sun et al., 2004; Yang et al., 2008).
In the ED pattern, the rings/spots that were observed are an indication of the reflection
of the FCC structure and this indicates the formation of crystalline Fe metal.

The ED pattern of some selected portions of the SH-SCMNPs (Figure 4.14b) shows that
all the rings are clear and well defined. Zhou (2001) suggested that the clear diffraction
rings in ED patterns reveals a nanocrystallinity of uniform crystallite size. The formation
of uniform Fe30, particles could be attributed to the attachment of silica onto the surface
of the particles. The existence of silica prevents the amalgamation of particles due to the
repulsive interaction between the same charges on the silica. Thus, silica concentration

plays an important role in modifying the particle and crystalline characteristics.
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Figure 4.14: Electron diffraction patterns, (a) FesO4 NPs, (b) SH-SCMNPs.

A typical bright-field TEM image taken for SCMNPs is shown in Figure 4.15. SCMNPs
retained their original shape with minimal aggregation between particles. A thin layer of
silica (light shading) was observed in the Fe3O, NPs, Figure 4.15a. The exact
composition of the silica layer was determined by EDX and the spectrum is shown in
Figure 4.15b. The spectrum showed two strong peaks that included Si and O, but a weak

Fe peak was also observed.

The bright field high magnification TEM image of SCMNPs, Figure 4.16, shows that the
lamellar mesostructure that interfered with the hexagonal structure was clearly obtained
after calcination, this was determined when the electron beams were perpendicular to the
axis of the channels. The inset panel of Figure 4.16 shows the well-defined mesoporous
structure of the particles. The pore size is estimated to be ~ 2.1 nm and this was

determined by direct electron beams parallel to the main axis of the pores.
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Figure 4.15: (a) high resolution image showing Fe3O, NPs covered by silica and (b)
EDX of silica layer around Fe3O4 NPs.

Figure 4.16: TEM image of one dimension of the mesoporous structure and the
hexagonal arrangement of SH-SCMNPs.

4.2.5 TGA analysis
In order to confirm the anchoring of the thiol moiety to the surface of the SCMNPs,

TGA analysis was undertaken. The TGA profiles of Fe;0, NPs, SCMNPs and SH-
SCMNPs are presented in Figure 4.17. The absolute weight loss of the uncoated Fe;O,4

95



Chapter 4

NPs is ~ 1.10 % for the whole temperature range and is due to the removal of the
physically adsorbed water. For SCMNPs, three areas of weight loss were identified. The
first region (I) from 50 °C to around 150 °C (~1.2% weight loss) is associated with
removal of residual solvent and physically adsorbed water. The second weight loss of ~
3 % over the temperature range of 200-600 °C (region Il) is due to the removal of
residual organic chemicals, and at temperatures above 600 °C (region Ill), a further
slight weight reduction ~ 0.6 % is observed which corresponds to water losses due to
condensation of the silanol groups to siloxane bonds (Brinker, 1988; Mureseanu et al.,
2011). This weight loss of ~ 3.8 % is consistent with the findings of Dong et al., (2008)
who used a sol-gel process for the synthesis of SCMNPs. A TGA curve of the SH-
SCMNPs shows three main distinct weight loss steps. The first mass loss ~ 2 % in the
temperature range of 50-200 °C corresponds to the removal of physically adsorbed water
and remaining solvent, and the second weight loss of ~ 8 % is between 200 and 450°C is
the result of a gradual oxidation of the organic groups from the surface of the silica. The
last area of weight loss ~ 3.7 % is attributed to the complete oxidation of all organic
materials. There was no significant weight loss observed for temperatures above 750 °C.
The increased weight loss ~ 8.7 % demonstrated by SH-SCMNPs was a good indicator
of the successful linkage between the silica surface and the thiol groups.

F3304 NPs

SCMNPs

90 +

] SH-SCMNPs
88

86

T T T T T T T T T T T T T T T T T 1
0 100 200 300 400 500 600 700 800 900
Temperature (°C)

Figure 4.17: TGA Curves of Fe304 NPs, SCMNPs and SH-SCMNPs.
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4.2.6 FTIR and Raman Spectroscopy

FTIR spectroscopy was used to confirm the presence of thiol groups, silica and other
organic groups attached to the Fe3O4 NPs, SCMNPs and SH-SCMNPs (Figure 4.18). For
the FesO4 NPs, the peaks at ~ 516.20 and 593.38 cm™ can be attributed to the Fe-O bond
vibration of Fe;O,, while the peak at 1630.88 cm™ also indicates the existence of a Fe-
O bond. The FTIR spectrum of the SCMNPs shows strong absorption characteristics at
the Si-O bands of 789.15 and 1082.49 cm™, and there is also a weak peak at 962.80 cm™
corresponding to the Si-OH bending vibration. The absorption bonds at 582.57 cm™
revealed the presence of a Fe-O-Si bond. The broad absorption band at 3421.33 cm™ is
attributed to the stretching of O-H bonds on the surface of the silanol groups with the
hydrogen bond and the remaining adsorbed water molecules. Additional bands were
observed at 2855.42 and 2964.29 cm™ and these correspond to CH3 and CH;, vibrations
respectively. S-H stretches were found at 2509.93 cm™; these are typically very weak
and convoluted due to the contamination of the CO, stretching bands from the
background. Generally, the S-H stretching band is characteristically weak and cannot be
detected in the spectra of dilute solutions or thin films (Silverstein et al., 2005). However,
the FTIR spectra showed that the surface of the SCMNPs contains an (-SH) group that

results from the modification procedure with 3-MPTMS.
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Figure 4.18: FTIR spectra of FesO4 NPs, SCMNPs and SH-SCMNPs.
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Raman spectroscopy is a good technique to detect thiol groups on the surface of silica
(Evangelista et al., 2007). Figure 4.19 shows the Raman spectra of SCMNPs and SH-
SCMNPs obtained using a laser power of 10 Mw. For functionalised thiol on the surface
of the silica, a band at 2512 cm™ can be attributed to the S-H stretching vibration. It also
indicates that thiol groups were attached to the silica-coated magnetite NPs. As observed
in the FTIR spectroscopy, the peaks at ~ 493 and 506 cm™ in the Raman spectroscopic
investigation can also be attributed to the Fe-O bond vibration of Fe;O,4. The observed
peaks at 676 and 1750 cm™ provide evidence of the presence of silica on the surface of
Fe304, and these bands are assigned to Si-O stretching of the silanol group. The sharp
band observed at 1680 cm™ can be attributed to the stretching mode of siloxane (Si-O-
Si), and a well defined peak at 2894 cm™ can be assigned to C-H stretching of carbon,
confirming the presence of organic groups attached to the surface of the silica (Prado et
al., 2004). The band at 1383 cm™ could be attributed to ring vibration.
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Figure 4.19: Raman spectra of SCMNPs and SH-SCMNPs.
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4.2.7 Magnetic Properties

4.2.7.1 Vibrating sample magnetometer (VSM)

The magnetisation characteristics of synthesised magnetite NPs are significant in
potential industrial applications. A strong magnetisation property is important in the
collection of heavy metals from a complex system. The magnetisation curves for
FesO4NPs, SCMNPs and SH-SCMNPs, as measured at room temperature, are shown in
Figure 4.20. The saturation magnetisation curves show that no hysteretic loop was
obtained for any of the samples. Typically, superparamagnetic NPs will exhibit no
hysteresis and thus have zero magnetic coercivities and no remanence magnetisation,
whereas blocked NPs will exhibit both (Lu et al., 2007). Therefore, the curves obtained
indicated the superparamagnetic nature of the prepared magnetic NPs. The advantage of
superparamagnetism behaviour is that large magnetisation is observed even under low
magnetic fields (Ge et al., 2007). As can be seen, the Fe;0, NPs possessed a very high
saturation magnetisation (~ 0.60 emu); however, this saturation magnetisation decreased
significantly to approximately 0.25 and 0.20 emu when the Fe;O4NPs were coated with
silica and modified by thiol groups respectively. However, due to the presence of the
nonmagnetic silica and the thiol groups, a reduction of magnetisation was expected. NPs
in this study possessed superparamagnetic characteristics and high magnetisation values,
and can quickly respond to an external magnetic field. In addition they can be re-
dispersed without any significant aggregation when the external magnetic field is

removed, a very important factor for Hg adsorption applications.

99



Chapter 4

0.6 Fe,0, NPs
~—~ E
>
E 04-
)
- 1 SCMNPs
S o024 SH-SCMNPs
e
5 ]
2 00_
[
i=l
g 027
E 4
o -0.4
5+
2 ]

0.6 4

T T T T T T T T T T T T T
-6000  -4000  -2000 0 2000 4000 6000

Magnetic Field (Oe)

Figure 4.20: Room temperature magnetisation measurement of Fe3O4 NPs, SCMNPs
and SH-SCMNPs.

4.2.7.2 NPs isolation

To investigate the separation of magnetite NPs from solution, SH-SCMNPs were used as
they exhibit the weakest saturation magnetisation curve. A suspension of SH-SCMNPs
was mixed according to the proportions used in the adsorption experiments and then a
strong magnetic field was applied to isolate the NPs. Figure 4.21a shows that SH-
SCMNPs were very well suspended following homogenisation by ultrasonication for 2
minutes and agitation for 1 hr at room temperature. As shown in Figure 4.21c, a
permanent magnet that was placed adjacent to the suspension was able to visibly clarify
the suspension within the space of one minute, and the total Fe in solution was below the
sample detection limit of ICP-OES that is <0.19 mg L' (< 2.3% of the initial
concentration). The magnetically separated SH-SCMNPs are not permanently
magnetised and could be re-dispersed without any significant aggregation when the
external magnetic field was removed (Figure 4.21d). The average hydrodynamic size of
SH-SCMNPs was measured before and after separation and was found to be ~ 111.06
and 111.30 nm, respectively. Therefore, sorbents of magnetic NPs can be removed and

regenerated in practice by magnetic separation.
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Figure 4.21: Demonstration of magnetic
separation at (a) 0 sec., (b) 30 sec., (c) 1
min. and (d) re-dispersed.

To test the efficiency of this separation method, an UV/Vis scanning spectrophotometer
(Ceceil 3000 series, Cecil Instruments Ltd., UK) was used to detect if there were any
suspended solids still left in the solution after the specified time intervals, and the
absorbance results for the wavelength of 520 nm are shown in Figure 4.22. It can be
seen that for all types of NPs after applying the external magnetic field for 1 minute, the
absorbance unit reading from the instrument dropped almost to its lowest level, which
did not change significantly in the 10 minutes following the application of the magnet.
Therefore, the separation time used after the adsorption and desorption experiments was
fixed at 1 minute.
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Figure 4.22: Absorbance unit reading of the residual suspended solids / colour after NPs
removal at specific time intervals using UV/Vis spectrophotometer.

Intensive studies were performed to determine the pH effect on NPs solubility which
might in turn affect the adsorption of Hg(ll) and the reuse of NPs. ICP-OES was also
applied to quantify the total Fe left in the solution after the magnetic separation of the
NPs. The results of the dissolution of NPs at different conditions are discussed in

Chapter 5.

4.2.8 BET Methods

The surface areas for the Fes0, NPs, SCMNPs and SH-SCMNPs are shown in Table 4.2.
All the surface areas are in a range that is typically expected for magnetic NPs
synthesised using sol-gel reactions and the method proposed by Wu et al. (2004) and Wu
and Xu (2005); typically between 50-300 m?g™*. The surface area increased from 79 m?
g™ to 160 m* g™ due to the deposition of the mesoporous silica film on the magnetite
cores. Dong et al. (2009) argued that the optimum surface area for coating mesoporous
silica layers onto magnetite NPs is about 150 m? g. The surface area might experience
an increase in size of about 50 to 200% if the magnetite NPs were functionalised with

organic groups. The surface area of the SCMNPs modified with 3-MPTMS was
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measured as 250 m? g™*. The higher specific surface area makes SH-SCMNPs an
attractive candidate for targeted removal of heavy metals.

Table 4.2: Structural parameters derived from nitrogen adsorption data for FezO4 NPs,
SCMNPs and SH-SCMNPs.

Sample BET surzfa_(ie area Pore size Total pore volume
(m°g~) (nm) (cm® g
Fe304 NPs 79 0.17
SCMNPS 160 2.1-3.1 0.63
SH-SCMNPs 250 1.9-2.1 0.91
* Pore volume was calculated by the N, amount adsorbed at the highest P/Pg (~
0.99)

The N, adsorption-desorption isotherms of the SCMNPs and SH-SCMNPs, (Figure
4.23), exhibited a type—IV standard isotherm and also displayed the H3 hysteresis loop
which confirms the typical isotherm associated with the presence of mesoporous
structures based on the classifications of IUPAC (Zhang et al., 2007; Guo et al., 2009;
Everett et al., 1985). The H3 hysteresis loop is usually found on solids consisting of
aggregates or agglomerates of particles forming slit shaped pores (Leofanti et al., 1998).
The isotherms determined in this study are consistent with those of other studies (Guo et
al.,, 2009; Qu and Tie, 2009; Xia et al., 2011) that used sol-gel reactions for the

preparation of silica-coated magnetic NPs.

The P/P, position of inflection ranges is from 0.8 to 1.0 indicating the formation of the
mesoporous structure on the Fe;O4 NPs. It is clear that the shape of the adsorption-
desorption isotherm is affected by the non-porous cores of the Fe304 NPs. Moreover, the
incorporation of non-porous Fe3;O4 NPs of the size prepared in this study leads to a
decrease in the amount of adsorbed nitrogen. The pore size for SCMNPs as calculated
using the BJH method is shown in Figure 4.24, and the results suggest a bimodal pore
distribution for the SCMNPs. The pore diameters for the SCMNPs and SH-SCMNPs are
listed in Table 4.2. As expected, the presence of the FesO, NPs leads to a decrease in

both surface area and pore volume which is consistent with previous studies (Dong et
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al., 2008; Nooney et al., 2002). The decrease of pore size after modification with thiol-

groups might result in the collapse of the pores during modification with 3-MPTMS.
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Figure 4.23: N, adsorption-desorption isotherm of (a) SCMNPs and (b) SH-SCMNPs.
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105



Chapter 5

Adsorption and Desorption of Hg

5.1 Introduction

The feasibility of using the nanoparticles (NPs) for the adsorption and desorption of
Hg(ll) from synthetic wastewater was tested. Batch experiments were performed to
determine the optimal operational conditions for the maximum removal efficiency of
Hg(ll). Desorption and regeneration were also examined as the next step in progressing
the application of this new type of adsorbents to more complex aqueous mixes
containing other ions and dissolved species, typical of what might be found in natural

and waste waters.

5.2 Control Experiments

5.2.1 NPs-free Control Experiments

Control experiments using PET bottle as reaction vessels were carried out at pH 6.0
using Hg(ll) at a concentrations of 10 and 80 pg L™ in the absence of nano-sorbents.
Samples (10 mL) were taken in order to determine the total concentration of Hg before
mixing via agitation for 24 hrs at room temperature (24°C) and 200 rpm. The control
experiments were replicated four times and the results are shown in Table 5.1. The

average total Hg concentrations before shaking were 9.7 and 79.2 pg L™
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Table 5.1: Hg concentrations of the four replicate NPs-free control experiments; initial
Hg concentrations were 10 and 80 ug Lt

Hg con. (pg L™) Hg con. (pg L ™) Hg lost
Before shaking After shaking (%)
10 80 10 80 10 80
Replecatel 9.9 79.9 9.7 79.8 19 0.1
Replecate2 9.5 80.1 9.5 79.5 06 07
Replecate3 9.6 79.6 9.5 78.6 06 1.2
Replecate4 9.9 79.8 9.8 78.8 08 13
Average 9.7 79.8 9.6 79.2 1 0.8

Shaking 10 and 80 pg Hg L™ for 24 hrs reduced the concentration of Hg(ll) by 1% and
0.8% respectively, Table 5.1. A paired t-test indicated close to a significant effect of
shaking for 24 hrs on Hg concentrations (P = 0.07 and 0.06 for the low and higher
concentrations), Table 5.2. The small number of replicates (only 4) is inadequate to
detect such small differences. However, the results are a good indicator that the PET

bottles may be used as reaction vessels without any significant impact on the adsorption.

Table 5.2: Student’s t-test calculations.

Paired sample test
Paired Differences

95% conf.
Hg le’l”' M interval of the ¢ df p-
ng ean diff. value
lower  upper
Pi” 1°a'fferf " 009 -00L 021 2690 3 007
palr Sg;ferf' 066 -004 137 297 3 006

5.2.2 Effect of NPs concentration on adsorption

The aim of this experiment was to assess the affinity of the NPs at different
concentrations towards Hg. The initial concentration of NPs (FesO, NPs, SCMNPs and
SH-SCMNPs) was adjusted to be within the range of 2 to 40 mg L™ in 80 ug L™ Hg

solution. Figure 5.1 shows that the residual values of Hg(ll) ions decreases with higher
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concentrations of adsorbents. The amount of Hg(ll) adsorbed is greater for SCMNPs
when compared to FesO4 NPs, and the greatest amount of Hg(ll) adsorbed is achieved
using the SH-SCMNPs. For all kinds of NPs, it is shown that the amount of adsorption
increases with increasing the initial concentration of NPs. This might be attributed to the
fact that with an increase in the initial concentration of NPs, more reaction sites are
available for Hg(Il) ions to be adsorbed. However, as the lowest concentration of Hg(l1)
ions was observed when the SH-SCMNPs concentration was 8 mg L™, therefore; batch

adsorption tests were in general performed using 8 mg L™ of adsorbents.
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Figure 5.1: Effect of the initial concentration of NPs for the adsorption of Hg.

5.3 Kinetics Study

When choosing the adsorbents for a particular process, three main factors should be
considered: the first is the affinity of the adsorbents towards the adsorbates, the second is
the loading capacity, and the third is the speed at which the adsorbent can immobilise
the adsorbate. Therefore, the equilibrium time is a significant operational factor for an
economical wastewater treatment process (Amuda et al., 2009). Batch experiments were
conducted to investigate the effect of time on the adsorption of Hg(ll) ions from

synthetic wastewater using different types of magnetic NPs.
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Figure 5.2 shows that the rate of Hg(ll) uptake using SH-SCMNPs was initially high,
with about 90% of Hg(ll) removed during the first 5 minutes. This was followed by a
gradual reduction in the rate of removal leading to an equilibrium condition which was
achieved within less than 15 minutes with 100% of the Hg(ll) adsorbed. For the
SCMNPs, the initial rate of adsorption was slower than the SH-SCMNPs as can be seen
in Figure 5.2. About 80% of all the Hg(ll) was adsorbed within 20 minutes followed by
a much slower subsequent rate leading gradually to equilibrium conditions. The
adsorption equilibrium was achieved within about 50 minutes, with 90% of the Hg(Il)
being adsorbed. Under the same conditions, the rate of Hg (1) removal using Fe3O4 NPs
was initially very slow before it appreciably increased and attained about 85% of the

adsorption capacity in 80 minutes.
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Figure 5.2: Kinetic adsorption experiments by Fe;O4 NPs, SCMNPs and SH-SCMNPs
with 80 pg L™ solution at an initial pH 6.0.

For the SH-SCMNPs, the rapid adsorption may be attributed to two factors: firstly, the
SH groups of SH-SCMNPs binds Hg(Il) ions effectively, Hg is characterised as a soft
Lewis acid and can polarise to form strong covalent bonds with soft Lewis bases, such
as SH (Pearson, 1968); and secondly, there is an electrostatic attraction between the
external surface of the adsorbent and the metal ion. The rapid adsorption also indicates

that the internal mesoporous structure is not a limiting factor for the diffusion of Hg(ll)
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into the interior of the SH-SCMNPs, a finding consistent with other studies that have
used mesoporous structures for mercury removal (Brown et al., 1999; Mattigod et al.,
2007; Wu et al., 2007; Bibby and Mercier, 2002). It was also found that the rate of
Hg(ll) uptake was relatively slow for SCMNPs without functionalisation. This can be
attributed to the absence of the thiol groups and the decrease in the availability of active
sites present on the surface. However, the high surface area (160 m? g™) and the
increased number of hydroxyl groups after coating with silica, led to a faster adsorption
rate than when Fe3O, NPs were used. For FesO4 NPs, adsorption occurs only on the
surface that explains the slower rate of adsorption. This trend suggests that only
physisorption reactions occur on the surface, a finding in agreement with the conclusions
of previous studies that have used unmodified Fe3O, NPs for the removal of heavy
metals (Hu et al., 2006; Tuutijérvi et al., 2009; Nassar, 2010).

All three kinds of magnetic NPs achieved a much shorter equilibrium time for the
removal of Hg(Il) compared with other conventional adsorbents such as activated carbon
and fly ash. The adsorption using the FesO4 NPs was also faster than adsorption using
functionalised mesoporous silica. Table 5.3 shows the equilibrium time determined for
the removal of Hg(ll) ions using some common adsorbents and non-magnetic
functionalised mesoporous silica from previously published studies. The rapid
adsorption of Hg by Fe3O4 NPs is perhaps attributed to the external surface adsorption.
Since nearly all of the adsorption sites of Fe3O, NPs exist in the exterior of the
adsorbent, it is easy for the adsorbate to access the active sites and thereby a rapid
approach to equilibrium compared to conventional methods. As discussed above, high
and rapid uptake of Hg by SH-SCMNPs is attributed to the SH groups functionalised
ordered mesoporous silica, demonstrating the ability of SH-SCMNPs to bind Hg ions
quantitatively to each SH groups site in the adsorbent due to its uniform and large
framework structure. This advantage belonging functionalised ordered mesoporous silica
was not observed in common adsorbents or even with using non-ordered conventional
adsorbents functionalised with same ligands because grafting such heterogeneous porous
frameworks led to pore clogging resulting in decreasing the adsorption rate. The factor

which could interpret fast adsorption rates of Hg onto mesoporous NPs is that mass
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transfer kinetics are usually much faster than those in the corresponding amorphous
grafted materials or in non-porous conventional adsorbents (Lee et al., 2001; Walcarius
et al., 2003; Walcarius and Delacote, 2005).

Table 5.3: The equilibrium time for Hg(Il) removal by common adsorbents.

Sorbents Equilibrium Time (hrs) References

Namasivayam and Periasamy (1993);
Activated carbon 2-8 Namasivayam and Kadirvelu (1999); Mahon et
al., (2000); Rao et al.,(2009)

Viraraghavan and Kapoor,(1994); Say et

Clay 6-14 _
al.,(2008); Senevirathna et al., (2011)
Fly ash 48-72 Rio and Delebarre,(2003)
MSiNPs 1-2 Aguado et al.,(2005); Mureseanu et al.,(2010)

5.4 Effect of Physical Environmental Factors on Adsorption

5.4.1 Temperature

The temperature of the adsorption medium has been shown to be an important factor
when the mechanism of the metal-binding processes is energy dependent (Green-Ruiz,
2009). The removal efficiency of Hg (11) from 100 mL of a 160 pug L™ Hg solution by
SH-SCMNPs at a concentration of 6 mg Lt was tested at 10, 22.5 and 35°C. The results
in Figure 5.3 show the removal of 93.48% of the Hg(II) at 10°C, 93.76% at 22.5 °C and
82.99% at 35°C. The uptake at 10 and 22.5°C was almost the same, but then decreased
between 22.5°C and 35 °C. These results correspond well with those of Tsai et al. (2005)
who suggested that in an exothermic adsorption process, the quantity of adsorbate taken
up increases with a decrease in the adsorption temperature. This variation in adsorption
may be the result of an enhanced escaping tendency of Hg(ll) at increasing temperatures
(Jeon and Ha Park, 2005). As the temperature was raised, the fraction of Hg that can
escape from the surface increased and the amount adsorbed decreased, resulting in a
reduction in boundary layer thickness. These observations are in agreement with those of
Zhou et al. (2009) who used thiourea-modified magnetic chitosan microspheres for the
adsorption of Hg(l1).
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Figure 5.3: Effect of temperature on SH-SCMNPs with 160 pug L™ Hg solution at an
initial pH 6.0.

5.4.2 Shaking Speed

When performing batch processes, it is important to identify the relationship between the
uptake rates of Hg and the agitation speed in order to find the optimal conditions for the
adsorption process. As discussed in Section 5.3, the kinetics of the Hg uptake capacity of
SH-SCMNPs showed that uptake starts with a rapid phase followed by a relatively slow
one. The effect of the shaking speed on Hg(Il) removal is shown in Figure 5.4. An
experiment was conducted using a solution with a pH value of 6.0, an adsorption time of
60 minutes, an adsorption temperature of 22.5°C, an adsorbent concentration of 8§ mg Lt
and a Hg(II) concentration of 80 pug L™ These parameters were kept constant, while the
shaking speed was varied from 50 to 200 rpm. The removal efficiencies of Hg(ll) at a
shaking speed of 50, 100 and 200 rpm were found to be 98.06%, 100% and 100 %
respectively. As the shaking speed increases, it is believed that the thickness of the
boundary layer decreases as well as reducing the film resistance to the mass transfer
surrounding the adsorbent particles (El-Latif et al., 2010). This can reduce the time it
takes the adsorbate to diffuse onto the surface of the particles. The results showed that
the rate of Hg(ll) removal was determined by the intensity of shaking as well as its
duration. Figure 5.4 shows that 30 minutes contact of the adsorbent at a shaking speed of
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50 rpm resulted in almost equal uptake to that observed at 100 and 200 rpm. So, even at
a relatively low mixing rate, the limitations of mass transfer associated with the
boundary layer surrounding the particles can be overcome given sufficient time. Once
the shaker speed increased to 100 rpm, mixing was so complete that the effect of mass
transfer became insignificant as can be seen by the similarity in adsorption rates at the
higher shaker speeds. These results were in agreement with the work of Hu et al., (2007)
and Zhang and Cheng (2011) who used mesoporous particles for the adsorption of heavy
metals.
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Figure 5.4: Effect of shaking speed on the removal of Hg solution by SH-SCMNPs with
80 ug L™ solution at an initial pH 6.0.

5.5 Effect of Solution Matrix on Hg Adsorption

5.5.1 Water Type and the Presence of Coexisting lons (Preliminary
Investigation)

Initial experiments to assess the adsorption properties of the NPs were carried out with
Hg (1) dissolved in deionised water and solutions with an initial Hg concentration of 80,
120, 160, 200, 400, 600, 800, 1000 pg L™ were used. Figure 5.5 shows that the loading
capacity of the SH-SCMNPs was found to be 113.7 mg Hg g when applied to

concentrations of 8 mg L™ of adsorbent. However, practical applications would be for
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the removal of very low concentrations of Hg(ll) from natural water sources or during
the treatment processes for potable water or wastewater. As a first step to assess any
possible effects that an interaction between Hg(Il) and dissolved ions in water could
have on adsorption, tests were carried out using bottled (spring) water and tap water as
the solute. The ion concentrations (mg L™) of the bottled and tap water used is shown in
Table 5.4. The same initial Hg concentrations were used and the results of Figure 5.5
indicate that the influence of coexisted ions in the bottled water on the removal of Hg
was small. The value of 111.9 mg Hg g™ for bottled water, was approximately the same
as when deionised water was used as the solute. However, the loading capacity of the
SH-SCMNPs decreased to 98.5 mg Hg g™ when tap water was used as the solute. It is
evident that coexisted ions in natural water, such as Mg®*, Ca®* and Na* might have
influence on the adsorption efficiency of Hg. Southampton water contains concentration
of Ca** (117 mg L™). It was addressed in literature (Mattigod et al., 1999; Herrero et al.,
2005) that Ca”* ions are found to significantly inhibit Hg removal. However, the
presence of Mg?* an Na** has no influence on Hg adsorption as the SH group cannot be
coordinated well with the more abundant smaller, lighter metals such as Na and Mg
(Ritchie et al., 2001).

Table 5.4: Concentration (mg L™) of anions and cations in bottled* and tap water**.

Water Cations Anions
type Concentration (mg L™) Concentration (mg L™ pH
Mg®* Cca’* Na' K' |sO,2 CI NO;y F  HCOs

Bottled o5 g5 g5 1 126 68 37 016 360 7.08
water
Tap 37 117 49 25 285 84 - 021 154 6.30
water

* According to information provided by supplier.
** According to information provided by Southern Water (SouthernWater, 2012).
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Figure 5.5: Adsorption curve for SH-SCMNPs with deionised, bottled and tap water
matrix.

5.6 Effect of Potential Interfering lons on Hg(ll) Adsorption

5.6.1 Interference from Pb, Zn, Ni and Cu

5.6.1.1 Control experiments

Solutions prepared by diluting 1000 mg L™ stock solutions of Pb(11), Zn(11), Cu(ll) and
Ni(I1) to metal concentrations of 2 and 10 mg L™ were then tested in the reaction vessels
without adding NPs as an adsorbent. Each sample was shaken at 200 rpm for 24 hrs at
22.5°C. The metal concentrations before and after shaking are presented in Table 5.5 and
Figure 5.6. At an initial concentration of 2 mg L™, the percentage of Pb, Zn, Cu and Ni
lost from solution were 1.84, 2.12, 1.54 and 2.10% respectively. Almost the same
percentage was lost from the solution with an initial concentration of 10 mg L™ and this

change is not significant.
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Table 5.5: Metals concentrations of four replicates of NPs-free control experiments;
metals initial concentration 2 and 10 mg L.

Metals conc. (2 mg L) Metals conc. (10 mg L)
Before After Metals Lost Before After Metals Lost
shaking shaking (%) shaking shaking (%)
Pb 2.04 2.0 1.84 10.09 9.95 151
Zn 2.03 1.98 2.12 10.02 9.86 1.59
Cu 2.05 2.02 154 10.05 9.91 1.38
Ni 2.02 1.97 2.10 10.01 9.87 1.35
10 -
<4 81 2 g L Bet
p B2 mg L1 At
é 6+ I 10 mg L1 Bef.
§ B 10 mg L L Aft.
O 41
=
S 21
04
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Figure 5.6: NPs-free control experiments.

The student’s t-test was used to compare the means of the metal concentrations before
and after shaking, Table 5.6. The results indicated that the sample means do not differ
significantly as the p-value was greater than 0.05 for all the paired samples tested
(before and after shaking for 24 hrs). Some of results were close to being significant as
shown in Table 5.6. These could be significant differences but a sample of four
replicates is too small to prove it. However, the p-values of Cu at 10 mg L™ and Pb at

low and high concentrations were non-significant (p > 0.1). In All cases, the initial
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concentration at pH values of less than 8.0; therefore, metals ions were unlikely to have
precipitated from solution.
Table 5.6: Student’s t-test calculations.

Paired sample test

Paired Differences

Mertnag;sL(_:lon. 95% conf. interval of
Mean the diff. t df p-value
lower upper
Pair1- 2pre—-2
Pb aft. 0.04 -0.02 0.10 220 3 0.115
pair 2- 10 pre -10
Pb aft. 0.14 -0.06 0.35 222 3 0.113
Pairl- 2pre-2
Zn aft. 0.02 -0.01 0.06 267 3 0.076
pair 2- 10 pre —
zn 10 aft. 0.08 -0.01 0.17 292 3 0.061
Pairl- 2pre-2
Cu aft. 0.04 -0.004 0.08 285 3 0.065
pair 2- 10 pre —
Cu 10 aft. 0.05 -0.06 0.16 150 3 0.231
Pairl- 2pre-2
Ni aft. 0.04 -0.01 0.09 265 3 0.077
pair2- 10 pre —
Ni 10 aft. 0.07 -0.02 0.16 274 3 0.090

5.6.1.2 Adsorption of competing metal ions on SH-SCMNPs

A preliminary study was undertaken to compare the affinity of SH-SCMNPs towards
Hg(ll), Pb(Il), Cu(ll), Zn(ll) and Ni(ll). These used solutions of the salts of the
individual metals in isolation of each other with a fixed quantity of adsorbent and at
different pH values. Figure 5.7 shows the results of individual metal adsorptions for 16
mg L™ SH-SCMNPs at pH values of 2.0, 6.0 and 8.0 using 2 mg L™ of each metal.
Overall, Hg(I1) showed a higher percentage of adsorption efficiency at pH 6.0 and 8.0
due to its high affinity towards thiol groups, followed by Pb(Il). The highest adsorption
efficiency of Pb(Il) was seen at pH 2.0 (95.7 %), while the adsorption efficiency at pH
6.0 and 8.0 was almost the same. Minimal or no adsorption was observed for Cu(ll),
Zn(I1) and Ni(l1) at pH 2.0 as compared to the fair amount of Hg(Il) and Pb(ll) adsorbed
at this value. At pH 6.0 and 8.0, the adsorption efficiency of Cu(ll) was higher than that
of Zn(11) and Ni(ll), indicating a lack of affinity for these two metals by the thiol groups.
The selectivity for various cations at selected pH values was divided into two groups and
at pH 6.0 and 8.0; the order was Hg > Pb > Cu > Zn > Ni. At pH 2.0, Pb(Il) was
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removed more efficiently than Hg(ll) followed by the other metals in same order as at
pH 2.0. The results showed a lack of affinity for SH-SCMNPS towards Zn and Ni from

solutions under acid conditions.
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Figure 5.7: Adsorption efficiency of individual metals at different initial pH levels.

5.6.1.3 Assessment of the competition for binding sites on SH-SCMNPs using binary
metal solutions

Adsorption experiments were carried out using mixed solutions of Hg(ll) with, in each
case, one other metal salt to evaluate how this affected the adsorption of the Hg(ll) using
SH-SCMNPs. Each experiment was carried out by mixing 200 pug L™ of Hg(ll) with
each of Pb(Il), Cu(ll) and Ni(ll) at a ratio of 1:10. Thus, the design would provide
sufficient metals in the solution to potentially saturate the available binding sites that
could be taken up by Hg(ll) ions. Each experiment used 0.8 mg (16 mg L™?) of SH-
SCMNPs. These were initially washed three times using deionised water to remove any
metals which were loosely attached to the bottles or to the adsorbent itself. They were
then reacted with the test solution for 1 hr at 22.5° C with shaking at 200 rpm. Then, the
SH-SCMNPs were separated from the solution and used in a second adsorption cycle
without any attempt to desorp any bound ions. This procedure was repeated for up to
five cycles in order to increase metal load and to provide the opportunity for ion

exchange and therefore the release of the previously adsorbed metals back into the
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solution. If this were to occur, it would be detected by an apparent negative adsorption

value.

The results showed that, in general, there was a reduction in the adsorption efficiency
after each successive cycle as shown in Figure 5.8. This may be due to the active sites
being occupied by metals rather than being released from the adsorption sites between
cycles. Figure 5.8a shows that the amount of Hg(ll) and Pb(ll) decreased with each
successive cycle: 91.07% of Pb (Il) was adsorbed during the first cycle and reached
almost 1% at the end of third cycle. Hg(Il) showed a similar trend, but with only 43.19%
of Hg(ll) being adsorbed by the end of last cycle. As a result of the saturation of the
binding sites, the concentration of Pb(ll) ions in the solution was increased. This
saturation is due to the displacement of Pb(ll) by Hg(ll) ions. The release of Pb(ll) into
the solution suggests that as additional metals were added during each cycle, due to Hg’s
strong affinity for SH-SCMNPs, Hg(Il) occupied the available sites during each addition

and exchanged with Pb(I1) ions causing their release back into solution.

Although the concentrations of Cu(ll) and Zn(ll) in the solution were more than ten
times that of Hg(ll), there were no effects on the adsorption of Hg(ll). In competition
between Hg(Il) and Cu (1), 99.85% of Hg(Il) was adsorbed at the end of the first cycle
and this decreased to 72.79% at the end of the fifth cycle (Figure 5.8b). While in the
case of the binary solution of Hg(Il) and Zn(ll), 99.92% of Hg(ll) was adsorbed at the
end of the first cycle and this decreased to 79.22% at the end of the fifth cycle (Figure
5.8¢). In both cases, the amount of adsorbed Hg(Il) decreased gradually, while Cu(ll)
and Zn(Il) showed an initial adsorption in the first cycle (44.90 and 10.39%
respectively). This decreased greatly and dropped to 12.63% for Cu(ll) and to almost
zero for Zn(I1) by the end of the third cycle followed by a further very slow decrease. As
a result of the weak affinity between Ni(ll) and Cu(ll) and SH-SCMNPS, the metal ions

were not released back into the solution and the NPs were not exhausted.
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Figure 5.8: Five cycles binary-metals exhaustion at pH 6.0 using SH-SCMNPs.
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It was noted that Pb and Hg showed the same trend of adsorption in the first and second
cycles, the presence of Pb decreased the removal efficiency of Hg compared to other
metals, indicating that they are equally competitive even though the concentration of Pb
was ten times that of Hg. Therefore, another binary experiment was performed under
different conditions as it was of particular interest to examine the competitive
phenomena after the adsorption of metals onto SH-SCMNPs. In this experiment, the first
two cycles were performed in the absence of Hg to allow other metals to bind to the
available active sites. The experiment was carried out at a fixed mass concentration by
mixing 1000 ug L™ of Hg(l1) with each of Pb(I1), Cu(ll) and Ni(ll) at a ratio of 1:10.
Figure 5.9a shows that 2100 pg L™ (21.20%) of Pb were adsorbed in the first cycle
which then decreased to 742.9 pg L™. Although SH-SCMNPs adsorbed a high amount
of Pb, 835.10 pg L™ (83.5 %) of Hg were adsorbed in the third cycle with a decreasing
amount of Hg being adsorbed during each additional cycle. At the end of the fifth cycle,
198.2 pug L™ of Pb were released into the solution with 232.9 pg L™ of Hg being
adsorbed. More Pb (153.4 pg L) was released into the solution with a decreasing
amount of Hg being adsorbed (13.3 pg L™) at the end of the sixth cycle. As expected for
the first cycle, 1859.3 pg L™ (18.6%) of Cu was adsorbed as shown in Figure 5.9b,
followed by 1114.7 pg L™ at the end of cycle two. The release of Cu occurred during the
third cycle when 1000 pg L™ of Hg was used for the adsorption process, resulting in
638.7 ug L™ of Hg (63.86%) being adsorbed and displacing 555 pg L™ of Cu. The
amount of Cu displaced from SH-SCMNPs increased in the fourth cycle to 762 pg L™
with the corresponding adsorption of 447.7 ug L™ of Hg. The capacity of the SH-
SCMNPs was exhausted by the fifth cycle and only 188.5 pg L™ (18.86 %) of Hg was
adsorbed with 138.8 ug L™ of Cu being displaced. In the sixth cycle, 100.7 ug L™ of Hg
was adsorbed with the release of 184.8 pg L™ of Cu into the solution. It can be noted
from the previous discussions that SH-SCMNPs had only a weak affinity to Zn;
therefore, as can be seen in Figure 5.9¢c, only 702.3 pg L™ (7.02 %) of Zn was adsorbed
in the first cycle followed by only 3.85% at the end of the second cycle. This gave Hg a
chance to bind to the available active sites without any competition. During the fifth
cycle, SH-SCMNPs exhibited a greater adsorption capacity and were exhausted resulting

in the release of 14.4 ug L™ of Zn into the solution.
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Figure 5.9: Binary-metals competition at pH 6.0 using SH-SCMNPs.
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Hg ions exhibit a binding affinity towards thiol groups and Hg is characterised as a soft
Lewis acid and can polarise to form strong covalent bonds with soft Lewis bases,
notably sulphur (Pearson, 1968). According to the theory of Pearson, Pb(ll) is classified
as a soft Lewis acid while Cu(ll) and Zn(lIl) are borderline Lewis acids that bind to thiol
groups, especially in the absence of other competing ions. Therefore, the SH-SCMNPs
adsorbent exhibited high complexation for the softer acid metal ions such as Pb(ll),
while exhibiting low complexation affinity for borderline metal ions such as Cu(ll) and
Zn(11). In the case of binary solutions with other metals, no competition was observed
due to the high affinity of thiol groups for Hg(ll) ions. As seen in Figure 5.8 and Figure
5.9, the high adsorption observed during the first two cycles in either the absence or
presence of Hg can be attributed to the large available surface area and the abundance of
available active sites.

Desorption experiments were performed on SH-SCMNPs to evaluate the reversibility of
the adsorption for Hg, Pb, Cu and Zn. Concentrated hydrochloric acid (5 mL, 12.1 M
HCI) solution desorbed metal laden SH-SCMNPs with nearly 100% elution efficiency as

can be seen in Table 5.7.

Table 5.7: The recovery of metals laden with SH-SCMNPs using 12.1 M HCI.

. . Metals Removed Metals Recovered Metals Recovered
Binary solution

(ng) (ng) %
HgtPb DS poes 2169 o6
HGfOu oL poag 1205 077
Hgezn 3 1od 1004 08

5.6.1.4 Assessment of the competition for binding sites on SH-SCMNPs using multi-
metal solutions

Toxic metals rarely occur as single species in natural and wastewater, and the presence
of a mixture of metals gives rise to interactive effects. The examination of the influence
of multi-metals in various combinations is therefore more representative of actual
environmental problems than single metal studies. Figure 5.10 shows the adsorption

efficiency of multiple metals (Hg, Pb, Cu, Ni and Zn), where the concentration of each
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metal in the mixed solution was 2000 pg L™ and 200 pg L™ of Hg mixed with 16 mg L™
of SH-SCMNPs at pH 6.0. All the Hg (100 %) was adsorbed while most of the Pb (85
%) was also adsorbed. Although Pb demonstrated the greatest amount adsorbed from the
individual and binary-metal solutions, the adsorbed Pb is likely to decrease due to the
presence of other metals in the solution. As described in the previous section, the affinity
of Cu, Ni and Zn for SH-SCMNPs was not as strong as that observed for Hg and Pb and
the adsorption efficiency of Cu, Zn and Ni was 45.07 %, 13.75 % and 3.87 %
respectively. When the metal ions were placed in a competitive situation in multi-species
metal adsorption experiments, there was no effect on the adsorption of Hg even in the
presence of high concentrations of other species (i.e. where the concentration is 10 times
that of HQ).

Removal Eff. (%)

Hg Pb Cu Ni Zn
Metals

Figure 5.10: Multi-metals adsorption system by SH-SCMNPs at pH 6.0.

5.6.2 Effect of Common Anions

To observe the effect of different anions (F, CI,, NOs', SO4>, PO,*) on the adsorption of
Hg(11) by SH-SCMNPs, 50 ml of 200 ug L™ Hg(ll) were shaken with 100 mg L™ of
various anions. The results are shown in Figure 5.11, where it can be seen that the
adsorption was inhibited in the order: NOs < CI" (L) < SO,* < PO,* < F < CI' (H),
depending on the coordination ability of different anions. The presence of NO3™ had little

influence and the corresponding removal efficiency was 97.19%. The influence of SO,*
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was also very small and decreased the removal efficiency to 92.93%. As CI is a very
common ion in chlor-alkali plants, high and low concentrations of this anion were
examined. The presence of a low concentration of Cl” had no influence on the adsorption
of Hg(ll), while the presence of a high concentration of CI" reduced the Hg(Il) removal
efficiency to 81.28%. Davies and Long (1968) reported that at lower chloride ion
concentrations, HgCl, is the predominant species, while at higher chloride ion
concentrations, Cl” can react with Hg(ll) to form stable HgCl,> which becomes the
predominant species. The negatively charged chloro-complex HgCl,* would
significantly affect the sorption behaviour of SH-SCMNPs, causing a substantial
decrease in the removal of Hg(ll). This result is in agreement with previous studies on
the effect of CI" on the adsorption of Hg(Il) (Walcarius and Delac6te, 2005; Bessbousse
et al., 2008; Bessbousse et al., 2009). F ions have also been found to significantly inhibit
Hg(ll) removal and Namdeo and Bajpai (2008) attributed this to the fast diffusion of F
ions towards the protonated positively charged surface of magnetite NPs. Since the size
of F ions is much smaller than that of Hg(ll), its diffusion through the pores of the
sorbent particles is more rapid. This causes a decrease in the removal efficiency of
Hg(ll) in the presence of F". Further investigations are needed to study the effect of high
concentrations of F~ on the adsorption of Hg(ll). The presence of PO,* causes a
significant decrease in Hg(ll) removal efficiency. PO,> is a known inner-sphere
complex-forming anion that is strongly adsorbed to metal oxide surfaces or is co-
precipitated to form discrete solid phases on mineral surfaces (Jegadeesan et al., 2005).
However, since the concentration of PO, in chlor-alkali effluents is less than 3 mg L™
(Von Canstein et al., 1999) and since the initial concentration used in this experiment
was 200 mg L™, PO,* does not have any effect on the adsorption of Hg by SH-
SCMNPs in real applications.
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Figure 5.11: Adsorption efficiency of Hg(Il) in competition with various anions.

5.7 Desorption and Regeneration Study

5.7.1 Effect of Type and Concentration of Eluent

In an effective treatment system, desorption and regeneration of the adsorbate are
essential requirements. One of the key factors in this is the ability of the system to
maintain adequate performance of the adsorbent during multi-cycle use (Dabrowski,
2001). The recovery of the adsorbate may be a secondary objective, and the more
concentrated the adsorbate is in the desorption fluid, the more likely the process to
succeed (Feng et al., 1997; Brown et al., 2000). The type and concentration of the eluent
play a key role in the desorption process. Hydrochloric acid is commonly used for the
elution of metal ions, including Hg(l1), from adsorbents due to their high solubility, its
common usage in industry and its relatively low cost (Naja and Volesky, 2010).
Therefore desorption experiments were performed on SCMNPs and SH-SCMNPs to
evaluate the reversibility of the adsorption of Hg. The effect of the type and

concentration of the eluent on the desorption of Hg are also discussed.
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In an attempt to highlight any potential desorption of Hg laden NPs using deionised
water, Hg laden SCMNPs and SH-SCMNPs were tested using 20 mL of deionised
water. This mixture was allowed to equilibrate for 0.5, 1, 2, 6 and 24 hrs on an orbital
shaker at 200 rpm. Although the SCMNPs were reacted with deionised water up to 24
hrs, five cycle desorption experiments concluded that Hg at the three concentrations
examined (80, 120 and 200 pg L™ were irreversibly adsorbed to SCMNPs surfaces at pH
6.0 due to negligible desorption (< 1.3 %) of Hg after 24 hrs desorption, Table 5.8.
Under the same conditions, the desorption efficiency of Hg laden SH-SCMNPs at initial
concentrations of 80, 120, and 200 pg L™ was found to be zero. Desorption results using
deionised water indicated that Hg couldn’t be released from these NPs over five cycles
(up to 24 hrs of agitation). Therefore, SCMNPs and SH-SCMNPs could be used

effectively for the permanent disposal of the adsorbent.

Table 5.8: Desorption efficiency of Hg(ll) by SCMNPs and SH-SCMNPs using
deionised water.

Hg Adsorption Desorption efficiency (%0)
Adsorbent concentrations  efficiency Time for reaction (hrs)

(ngL™ (%) 0.5 1 2 6 24
80 90.06 0 0 0 0 0.86
SCMNPs 120 89.14 0 0 0 0 1.06
200 88.02 0 0 0 0 1.26

80 100 0 0 0 0 0

SH-SCMNPs 120 98.74 0 0 0 0 0

200 97.56 0 0 0 0 0

As mentioned above, HCI was the chosen eluent as it is the most commonly used for the
desorption of Hg (I1). The possibility of the dissolution of Fe at a very low pH may
occur and is discussed Section 5.8. Desorption of Hg laden SCMNPs was tested using 5
ml of HCI at concentrations of 1.0, 2.0 and 3.0 M, and the desorption results of bound
Hg at initial concentrations of 80, 120, and 200 pg L' are presented in Figure 5.12. As
expected, the desorption efficiency increased with higher HCI concentrations. Using 3 M
HCI, the desorption efficiency of Hg at initial Hg concentrations of 80, 120, 200 pg L™
was 96.68, 89.86 and 90.75% respectively. The total Fe in the solution as measured by
ICP-OES, was found to be below the sample detection limit of ICP-OES, which is less
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than 0.19 mg L™ (i.e., less than 2.3% of the initial concentration), indicating that there
was insignificant decay of the SCMNPs when using 3.0 M HCI. At a 5.0 M HCI
concentration, however, 15.9 % of the Fe incorporated in the NPs was dissolved,
indicating that this strength of acid is not suitable as a regenerant even though it was
capable of recovering more than 95% of the Hg.
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Figure 5.12: Desorption efficiency of adsorbed Hg(ll) by SCMNPs using different
concentrations of HCI.

For the efficient desorption of Hg laden SH-SCMNPs, varying concentrations of HCI
from 1.0 to 5.0 M were tested. Figure 5.13 shows that the desorption efficiency
decreases with a decreasing concentration of HCI, and that 5 mL of a 1.0 M HCI
solution only lead to the recovery of a 10% of Hg(ll). For the removal of Hg(ll) from the
functional thiol groups, as considered in the current work, acid alone is not effective and
the addition of thiourea is required (Walcarius and Delacote, 2005; Huang and Hu,
2008). Results of the subsequent tests which used a mixture of HCI and thiourea for
desorption are also shown in Figure 5.13. These show that reducing the concentration of
HCI from 5.0 to 1.0 M and adding 2 % thiourea gave a desorption efficiency of ~ 40 %.
The addition of 5 mL 3.0 M HCI containing 2 % (m/v) thiourea as a complexing agent
was able to recover 92.28, 88.48 and 87.29 % of Hg(Il) at initial concentration of 80,
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120 and 200 pg L™, respectively, from the solution. Figure 5.13 shows that more than

85% of the total adsorbed Hg(ll) can be recovered during desorption.
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Figure 5.13: Desorption efficiency of adsorbed Hg(Il) by SH-SCMNPs using different
concentrations of HCI.

5.7.2 Desorption Kinetics

Based on the above discussions, 5 ml of 3.0 M HCI were used for the desorption of Hg
laden SCMNPs and 3.0 M HCI containing 2% (m/v) thiourea were used for the
desorption of Hg laden SH-SCMNPs. The desorption curves for SCMNP and SH-
SCMNPs are shown in Figure 5.14. The rate of Hg desorption was initially fast and Hg-
loaded SCMNPs and SH-SCMNPs desorbed 70.54 and 62.55 % respectively within 10
minutes. Hg laden SCMNPs and SH-SCMNPs both achieved their desorption
equilibrium within 30 minutes. The desorption equilibrium of SCMNPs was quicker

than the adsorption equilibrium and was reversed for SH-SCMNPs.
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Figure 5.14: Desorption Kinetic experiments using SCMNPs and SH-SCMNPs at initial
Hg concentration of 80 pg L™.

5.7.3 Regeneration study

An adsorption-desorption cycle using the same NPs at a concentration of 8 mg L™ was
repeated 5 times, in each case using 50 ml of 80, 120, 200 pg L™ Hg (I1) solutions in the
adsorption cycle and using 3.0 M HCI or 3.0 M HCI containing 2% (m/v) thiourea in the
desorption cycle. The results are presented in Figure 5.15 and Table 5.9; these show that
at the end of the fifth cycle, the SH-SCMNPs maintained adsorption efficiencies of
94.70, 92.68 and 92.94% for the Hg(II) solution concentrations of 80, 120 and 200 pg L
! respectively. As shown in Figure 5.16, the maximum removal efficiency of Hg(ll) by
SCMNPs decreased gradually from 89.97, 89.57 and 87.39 to 74.82, 67.70 and 72.38%,
for the Hg(II) solution with concentrations of 80, 120 and 200 g 1™ respectively, over
five consecutive cycles, while the desorption efficiency decreased gradually to 81.60,
80.01 and 79.99% respectively. This gradual reduction in the adsorption efficiency may
be due to Hg(ll) not being fully released from the adsorption sites between cycles.

Both strong adsorption and resistant desorption are significant features of water
treatment and solid waste disposal. Strong adsorption with no desorption would be ideal
for the permanent disposal of metals, while bleed off or release of metals could be
beneficial when considering the reuse and regeneration of the NP sorbents. Therefore,

due to the strong sorption capabilities and good desorption efficiency observed in the
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above experiments using 3.0 M HCI containing 2% (m/v) thiourea, SH-SCMNPs would
offer significant advantages over current water and wastewater treatment and solid

disposal adsorbents.
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Figure 5.15: Percentage of Hg(ll) adsorbed and desorbed during five adsorption
/desorption cycles at initial concentrations of 80, 120 and 200 pg L™ using SH-SCMNPs.
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Figure 5.16: Percentage of Hg(ll) adsorbed and desorbed during five adsorption
/desorption cycles at initial concentrations of 80, 120 and 200 pg Lt using SCMNPs.
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Table 5.9: Adsorption and desorption efficiencies during successive adsorption and desorption cycles.

Adsorption Desorption
SCMNPs SH-SCMNPs SCMNPs SH-SCMNPs
Cycle (%) (%) (%) (%)
Hg concentrations (pg L™)
80 120 200 80 120 200 80 120 200 80 120 200
1 89.97 89.57 87.39 100 98.80 97.91 96.00 94.90 94.37 91.66 88.66 87.19
2 87.76 86.24 82.36 100 97.75 97.49 90.26 89.38 87.99 90.81 89.71 87.41
3 82.80 81.03 78.06 96.49 97.49 96.18 89.71 84.88 83.22 88.55 88.74 86.24
4 77.00 72.38 74.35 95.50 94.25 94.55 82.76 79.06 78.66 87.64 88.59 87.38
5 74.82 67.70 72.38 94.70 92.68 92.94 81.60 80.01 79.99 85.07 86.52 85.47
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The above results are encouraging and further suggest that SH-SCMNPs have a good
ability to retain more than 92% of their original Hg(ll) adsorption capacity over five
cycles with a good reusability, since 3.0 M HCI containing 2% (m/v) thiourea was used
effectively to desorp Hg from SH-SCMNPs. Nevertheless, the reasons behind the
reduction in its performance require further investigation. As mentioned above, the
decreased capacity of SH-SCMNPs can be attributed to a limited number of active sites
which bind Hg(ll) much more strongly onto SH-SCMNPs so that the 3.0 M HCI
containing 2% (m/v) thiourea could not elute Hg from them. All these sites became
saturated on their first exposure to Hg and were not available for further binding on
subsequent exposures. Feng et al. (1997) and Brown et al. (2000) found that the recovery
of Hg(ll) from thiol functionalised particles was less than 60% of the original recovery
values when using 12.1 M HCI as an eluting agent due to the strong Hg-S covalent bond
which tends to support this argument. Another drawback s that each
adsorption/desorption process must be performed with some treatment, including using
acid to release the Hg(ll) from the loaded nano-sorbent into the desorption medium,
washing the SH-SCMNPs with deionised water three times at the end of each cycle to
remove Hg(ll) loosely attached to the PET bottles or to the adsorbent itself and the
isolation of the nano-sorbent from the solution using an external magnetic field. All of
these factors could decrease the apparent capacity for adsorption. TEM was used to
investigate the effect of these processes on the NPs and the results are shown in Figure
5.17, Figure 5.18 and Figure 5.19. Figure 5.17 shows the second cycle of Hg(ll) laden
SH-SCMNPs with EDX analysis, and as can be seen, the particles display a spherical
morphology. However, the morphology of these particles is slightly different to that of
the particles before the adsorption process (see Chapter 4) and some particles are
exhibiting aggregation. This means that the adsorption and desorption process of Hg has
resulted in some changes to the NPs morphology. Although most Hg was evaporated
under the electron beam, some Hg was detected in the EDX spectrum, Figure 5.17b.
Therefore, the EDX analysis gives the direct detection of the presence of Hg adsorbates
on SH-SCMNPs; sulphur from the thiol group was also detected. The EDX analysis
confirms the presence of Hg on the surface of SH-SCMNPS. Most adsorption studies

have determined Hg adsorption by measuring only the residual Hg concentration in the
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supernatant, a method that does not directly prove the presence of Hg on the adsorbent.
Moreover, sophisticated analytical methods give direct confirmation of the presence of
metals sorption onto the adsorbent. Figure 5.18 shows the fourth cycle SH-SCMNPs
after the elution process. The repeated washing and elution after each cycle has resulted
in the deformation of the surface and the aggregation of the NPs. As described in
Chapter 4, SH-SCMNPs demonstrated the existence of many open pores on their
surface. The particles exhibiting a uniform distribution could facilitate the transport of
molecules and provide free access without hindering the diffusion (Yoshitake et al.,
2002). This feature leads to an increase in the adsorption rate and the available capacity.
The TEM image, Figure 5.19a, of Hg(ll) shows a significant reduction in the porous
structure following adsorption and the pore structure is calculated by measuring the
intensity through the line drawn between points a and b, Figure 5.19b, and found to be ~
0.33 nm as shown in Figure 5.19c. This result indicated that some pores have been filled

with Hg(11) during the adsorption process.
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Figure 5.17: (a) TEM image of the second cycle of Hg (I1) loaded SH-SCMNPs and (b)
the corresponding EDX spectra.
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Figure 5.18: TEM image of the fourth cycle of SH-SCMNPs following elution
treatment.

=== == ===

1/nm

Figure 5.19: (a) HTREM image of the fifth cycle of SH-SCMNPs, (b) diffraction
pattern of the fifth cycle of SH-SCMNPs, and (c) its intensity.
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5.8 Further Studies on the Dissolution of Silica Coated NPs

Iron oxides are in general, compounds with very low solubility (Kraemer, 2004) and are
readily attacked by acids (Schwertmann, 1991). Silicon oxide is relatively water
insoluble compared to other minerals and the solubility of amorphous silicon oxide in
water is dependent on the pH range and the relative concentration. The solubility of
amorphous silica can be enhanced under alkaline conditions due to the formation of
monomeric and multimeric silicate (Stumm et al., 1967; Guthrie and Reardon, 2008).
The dissolution of iron and silica is governed by some factors that influence the rate of
dissolution, such as the temperature, the composition of the solution phase (e.g., pH,
ions, ligands and the concentration of acids), surface structure and structural
modifications. In this study, the pH of the solution was investigated as a major factor in
the dissolution of Fe and Si, and the contact time and effect of strong acids during the

elution process were examined.

5.8.1 Dissolution Kinetics

5.8.1.1 Effect of contact time

The effect of the contact time on the dissolution of Fe3O4 NPs and SH-SCMNPs at pH
2.0 is shown Figure 5.20. The dissolution of the NPs was confirmed by measuring the
total residual concentration of Fe in the supernatant after the NPs were isolated using an
external magnetic field. The concentration of Fe released from the SH-SCMNPs was
below the sample detection limit of the ICP-OES, which is less than 0.19 mg L™. The
initial rate of dissolution of FesO, NPs was low (0.22 mg L™, ~3.69 % of the initial
concentration) and it approached an equilibrium condition in 30 minutes with the
dissolution of 0.69 mg L™ (~11.65 % of the initial concentration). The effect of the
contact time on the dissolution of Fe304 NPs and SH-SCMNPs at pH 6.0 was negligible
(data not shown). The concentration of iron from Fe3O4 NPs and SH-SCMNPs was less
than 0.19 mg L. As noted in Chapter 2, the aim of coating the Fes0, NPs with silica
was to achieve high resistance to leaching in acidic media. The results confirmed that as
the concentration of released Fe from the SH-SCMNPs was less than 0.19 mg L™ at pH
2.0 and 6.0. There was no protection to the Fe3O, NPs from dissolution in the acidic

media in the absence of any metals dropped on the surface of the NPs.
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Leaching of sorbent components into the treated water is unfavourable. However, the
effluent discharge limit of Fe into municipal sewers is 2 mg L™ (WHO, 2011) which is

higher than the concentration of Fe released from the NPs.
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Figure 5.20: Effect of contact time on the dissolution of Fe3O4 NPs and SH-SCMNPs at
pH 2.0.

5.8.1.2 Effect of pH

As discussed in Chapter 4, the pH of the solution is an important parameter for
controlling the particle size of colloids because it affects the stability of the surface
charge and particle interactions. The effect of pH on the dissolution of Fe;04 NPs and
SH-SCMNPs is shown in Figure 5.21, Figure 5.22 and Figure 5.23. The reference
concentration of Fe and Si (8 mg L™ of 50 mg mL™ NPs aqueous dispersion) are also
presented in Figure 5.21, Figure 5.22 and Figure 5.23. It was found that the Fe3O4 NPs
are sensitive in the acidic media demonstrating the dissolution 0.63 mg L™ (10.61 %) of
Fe. The dissolution was negligible with increasing pH and the concentration of Fe was
below the sample detection limit of ICP-OES. A small amount of Fe, less than 0.19 mg
L™ was detected over the pH range tested, which confirmed that the solution pH does
not affect the dissolution of SH-SCMNPs as shown in Figure 5.22. An increasingly
small amount of Si was dissolved into the solution as the pH values increased, as shown

in Figure 5.23. At pH 8.0, the concentration of Si released from the SH-SCMNPs into
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the solution was 116.5 pg L™ (17.12%). This result agrees with the findings of previous
researchers (Guthrie and Reardon, 2008; Pham et al., 2011) who confirmed that the
presence of an alkaline environment markedly enhanced the dissolution rate of silica

compared with neutral or acidic environments.
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Figure 5.21: Effect of pH on the dissolution of Fe from Fe3;O4 NPs.
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Figure 5.22: Effect of pH on the dissolution of Fe from SH-SCMNPs.
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Si Conc. (ug L™
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Figure 5.23: Effect of pH on the dissolution of Si from SH-SCMNPs.

5.8.1.3 Effect of elution process

This experiment was carried out by shaking 50 mL of 80 pug L™ Hg(ll) solution with 8
mg L™* SH-SCMNPs at pH 4.0 and 6.0. After separating the SH-SCMNPs by a magnet,
the effect of the elution process on the dissolution of the SH-SCMNPs was investigated
by mixing SH-SCMNPs with 3.0 M HCI containing 2% thiourea (m/v) with a shaking
speed of 200 rpm for 1 hr, and the results are presented in Table 5.10. Despite the eluent
solution being highly acidic (pH 1.8), the dissolution of SH-SCMNPs was not affected
in this case and the results were similar to those obtained in the previous section. The
concentration of Fe was also below the sample detection limit of ICP-OES, indicating
that the matrix in a very acidic solution only contributes to the release of very small
amounts of Fe from the SH-SCMNPs. The results confirm that the well-sealed dense
liquid silica coating on Fe3O4 NPs could prevent the substrate materials from leaching
into the acidic environment. The amount of Si leached out by the elution process was
less than 39 ug L™ (5.71 %).
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Table 5.10: Dissolved Fe and Si during the elution process.

ICP (mg L™ Fe ICP (ng L™ Si
Samples _ )
dissolved)* dissolved)**
SH-SCMNPs-pH 4.0 <0.19 38.66 £2.31
SH-SCMNPs-pH 6.0 <0.19 37.33+2.08

* Total Fe in Reference Sample =5.96 mg L™
** Total Si in Reference Sample = 683.12 pg Lt
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Chapter 6

Mechanism of Adsorption

6.1 Introduction

SH-SCMNPs as a tailored sorbent for the adsorption of Hg(ll) ions were found to be a
promising adsorbent for their high removal. As discussed in Chapter 5 and based on the
competition between Hg(ll) ions and other ions, the adsorption mechanism can be
attributed to the complexation chemistry between the thiol groups and the metal ions,
with the specificity of a thiol group towards Hg(ll) ions being the result of a
conventional acid base interaction between the two. The pH value affects adsorption as
it determines the degree of protolysis or ‘ionisation’ of both the adsorbate and the
adsorbent. Since hydrogen and hydroxide ions often interact with adsorbents commonly
used in aqueous phase applications, the adsorption of Hg(ll) ions may be strongly
influenced by the pH of the solution. In this chapter, the zeta potential of the SH-
SCMNPs and of the SH-SCMNPs that had been in contact with Hg(ll) solutions at
different concentrations were determined to measure the surface charge and to assess the
effect of pH. Raman and FTIR spectroscopy were used to give detailed information
relating to the mechanism of Hg(ll) adsorption onto SH-SCMNPs. By using these
techniques, the inner-from outer sphere mechanism and the monodentate attachment can

be distinguished.

6.2 Adsorption Isotherm

The adsorption isotherm defines the equilibrium distribution of an adsorbate onto the
adsorbent for the equilibrium concentration of the adsorbate in the solution at constant
temperature. To derive data for the adsorption isotherm, initial concentrations of 40, 80,
120, 160, 200, 400, 600, 800 and 1000 ug Hg(I) L™ were used with the FesO4 NPs,
SCMNPs and SH-SCMNPs adsorbents at 8 mg L™, as shown in Table 6.1. The amount
of Hg(ll) ions adsorbed per unit mass of the Fe3O4 NPs, SCMNPs and SH-SCMNPs is
shown in Figure 6.1. From plotting the adsorbed Hg(ll) (ge) against the equilibrium
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concentration (C.) at pH 6.0, the loading capacity of the Fe3O, NPs, SCMNPs and SH-
SCMNPs was found to be 42.3, 48.4 and 113.7 mg g, respectively when applied at a
concentration of 8 mg L™. However, it is clear from the isotherm curves, Figure 6.1, that
the Hg(Il) adsorption isotherm shows an increase in uptake of Hg with a change in the
type of nano-sorbents. This may suggest that different mechanisms are responsible for
the removal of Hg(ll) ions from the solution. In an attempt to increase the maximum
adsorption capacity in the same range of Hg initial concentration used in the above
adsorption isotherm experiments, initial concentrations of 80, 160, 200, 400,600, 800
and 1000 pg Hg(Il) L™ were used with SH-SCMNPs adsorbents at 4 mg L™ As
expected, the amount of Hg(Il) ions adsorbed per unit mass of the SH-SCMNPs
increased with the decreased weight of the adsorbent. Figure 6.1 shows that the loading
capacity of the SH-SCMNPs was found to be 207.7 mg g*. Table 6.2 presents a
comparison of the loading capacity with other adsorbents used for the adsorption of
Hg(ll) as reported in the literature, and it is clear that SH-SCMNPs have a higher
adsorption capacity for Hg(l1) when used under similar conditions. However, the highest
adsorption capacity of Hg by SH-SCMNPS might be attributed to the amount functional
group (-SH) present on the adsorbent surface and grafted hexagonal mesoporous
structure, demonstrating the ability of SH-SCMNPs to bind to Hg ions.

The two parameter Langmuir and Freundlich isotherms were used to initially define
surface adsorption processes because their predicated calculations were based on the
observed data without parameter adjustments for optimization. The adsorption data were
fitted to both the Langmuir and Freundlich isotherm models, which can be used to
describe the equilibrium between Hg(ll) ions adsorbed (ge) and in solution (C¢) when at
a constant temperature. The Langmuir isotherm describes a homogeneous surface with a
uniform sorbate monolayer whereas the Freundlich isotherm describes solids with
heterogeneous properties. The Freundlich adsorption constant K; represents the extent of
sorption or adsorption intensity, where larger K; values indicate stronger attraction forces
between the adsorbate surface and the adsorbate. The Freundlich exponent ‘n’ represents
adsorbate change in affinity as adsorption density changes; values of 0.2 < 1/n < 0.8 are

considered good adsorbents, with smaller values indicating strong adsorbent bonds and
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better adsorption (McCabe et al., 2005) and higher values indicating less heterogeneity
(Sawyer et al., 2002). Langmuir parameters include Qo, which is the Langmuir adsorbent
maximum capacity for the adsorbate, the Langmuir constant b is a measure of affinity of
the adsorbate for the adsorbent, and R? is the correlation. The adsorption affinity is
represented by the initial slope of the isotherm curve and adsorption capacity is the
position of the plateau.

The plots for C./qe against C, for both quantities of adsorbent are shown in Figure 6.2
with a linear regression line fitted. The values of the Langmuir constants Qg and b were
calculated from the slope and intercept of this line and are shown in Table 6.3. The
correlation coefficient (R%) is > 0.97 for the data in the model indicating monolayer
adsorption of the Hg (I1) ions to the surface of the SCMNPs and SH-SCMNPs at the
concentrations of adsorbent and adsorbate applied. However, this model did not fit
particularly well with the Fe;04 NPs data resulting in a correlation coefficient (R?) of
0.93. The sorption capacity for Fe;0, NPs and SCMNPs were 42.3 and 48.4 mg Hg g™,
respectively. For SH-SCMNPs, the different quantities of adsorbent gave different
sorption capacities of 113.7 and 207.7 mg Hg g™*. A higher maximum capacity was
achieved when the ratio of adsorbent to adsorbate was low, as the maximum capacity
calculated from the Langmuir equation is not a constant but a function of this ratio. It is
readily understood that the number of available adsorption sites increases by increasing
the concentration of adsorbent and it, therefore, results in the increase of the amount of
adsorbed Hg. The decrease in adsorption capacity with increase in the concentration of
SH-SCMNPs is mainly because of unsaturation of adsorption sites through the
adsorption process (Manohar et al., 2002; Jeon and Ha Park, 2005). Another reason
could be attributed to the particle interaction (Yean et al., 2005; Illés and Tombacz,

2006), such as aggregation, resulting from high concentration of SH-SCMNPs.

The experimental data was also plotted in accordance with the Freundlich model (Figure
6.3) and the constants obtained are shown in Table 6.4. The correlation coefficients (R?)
between the experimental data and the model were 0.99 for Fe3O4 NPs and for SCMNPs
it was 0.99 and 0.97 for the two different quantities of SH-SCMNPs utilised. The

Freundlich isotherm model fitted the experimental data better than the Langmuir
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isotherm model. The Freundlich isotherm model is therefore the most suitable model to
characterise Hg(Il) adsorption onto all three types of NPs in the solution conditions. The
results in general suggest that heterogeneous conditions exist. As discussed in Chapter 3,
hydroxide groups are present on the surface of the Fe3sO, NPs and the objective of using
the sol-gel method for coating FesO4 NPs with silica was to increase the density of the
hydroxyl group on the NPs. Therefore, it is best to describe the surface of the Fe304 NPs
and SCMNPs as heterogeneous and adsorb Hg(ll) ions to the present active sites. Due
to the increase in surface area of the Fe304 NPs after coating with silica, SCMNPs have

large adsorption capacities that result in more surface sites becoming exposed.

In the same manner, the Freundlich isotherm model produced an excellent fit to the
experimental data for Hg ions for the two different quantities of adsorbent used,
suggesting that heterogeneous conditions exist. It might therefore be the case that the
SH-SCMNPs provide heterogeneity by virtue of having different functional groups
present and a complex porous structure. The Freundlich parameter 1/n gave values of
0.73, 0.65, and 0.47 for Fe304, NPs, SCMNPs and SH-SCMNPs respectively, indicating

that Hg ions can be effectively removed from aqueous solutions.

In summary, comparing the R? values for these two isotherms (Table 6.3 and 6.4),
higher correlations were most often observed using the Freundlich isotherm which
indicated the likelihood of heterogeneous surfaces. Therefore, the Freundlich isotherm is
the correct equation to use to express the uptake of Hg onto three types of NPs.
Although previous studies, suggest that the Hg(ll) adsorption isotherm of thiol-
functionalised mesoporous silica adsorbents usually exhibit typical Langmuir behaviour
which are the characteristics of chemical adsorption (Chen et al., 1999; Brown et al.,
2000; Aguado et al., 2005; Aguado et al., 2008). This observation suggests the
adsorption of a monolayer on independent binding sites. In the present work, the results
suggested the adsorption mechanism of Hg may involve not only metal ion chelation by
thiol complexing of 3-MPTMS, it can be involved complexation by hydroxide groups,
or likely to interact with silanol groups located on Fe;O4 NPs. However, this finding is
consistent with those of previous studies using modified thiol groups with different types

of materials for the adsorption of Hg, as shown in Table 6.5. These studies reported that
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the Freundlich isotherm model correlated better than the Langmuir isotherm model,

thereby suggesting heterogeneous adsorption.

Table 6.1: Results for the adsorption isotherm of Hg by 8 mg L™ Fe;04 NPs, SCMNPs
and SH-SCMNPs using Hg(11) concentrations of 40-1000 pg L™ at pH 6.0.

Co Ce Qe Cer Qe Ce Qe Ces Qe Ce Qe Ces Qe
peLt mgL' mgg' gL' mgL' mgg® gL' mgL* mgL' gL*
Fe;O4NPs SCMNPs SH-SCMNPs
40 0.005 4.3 1.27 0.002 4.8 0.41 0.000 5 0.00
80 0.011 8.6 1.34 0.005 94 0.51 0.000 10 0.00
120 0.020 125 1.59 0.011 13.7 0.77 0.002 14.7 0.14
160 0.028 16.6 1.67 0.015 18.1 0.84 0.004 195 0.21
200 0.041 19.9 2.06 0.021 224 0.95 0.006 24.3 0.25
250 0.008 30.2 0.26
300 0.055 24.3 2.27 0.029 27.7 1.03 0.010 36.3 0.28
350 0.013 42.1 0.31
400 0.068 29 2.36 0.037 32.9 1.12 0.017 47.9 0.35
450 0.021 53.7 0.39
600 0.084 33.2 2.52 0.047 37.9 1.24 0.031 71.1 0.44
800 0.098 37.7 2.60 0.054 43.2 1.25 0.056 93 0.60
1000 0.011 42.3 2.63 0.063 48.4 1.30 0.090 113.7 0.79
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Table 6.2: Comparison of the sorption capacities of adsorbents used for Hg (I1) removal (mg g™%).

[%2]
S Max Max Hg Adsorbent Final Hg
E Sorbent capacity conc.l conc. con. Reference
- - - -1

S (mgg") (mgL") (@@L  (mgLH*

Thiol-modified magnetite beads- 14.0 60000 1 46000 Dong et al. (2008)

porous materials

2 Magnetic NPs modified with 2- 0.59 1000 1 410 Parham et al. (2012)
38 mercaptobenzothiazole
§ Humic acid coating Magnetic NPs 97.7 5000 1 240 Liu et al. (2008)
é Thiol-modified magnetite NPs-non 19.8 560 0.01 21900 Song et al. (2011)
S porous materials

Silica-graft dimethylaminoethyl 8.1 30000 1 361.1 Zhao et al. (2011)

methacrylate
n Zeolite 57.5 470 2 200 Chojnacki et al. (2004)
E 500 Viraraghavan and
§ 0.2 1500 28 856 Senevirathna (2011);
© .
s Peat moss 16.2 5000 5 844 Bailey et al. (1999)
& Fly ash 25 10000 20 1000 Sen and De (1987)
c . 128000 Namasivayam and
8 Activated carbon 109.9 200000 0.48 Kadirvelu (1999):
22.3 140000 0.50 129000 Rao et al. (2009)
SH-SCMNPs 207.7 1000 0.004 169 This study

* Some of the final Hg concentrations were not present in some references, but calculated according to other experimental parameters.
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Figure 6.1: Comparison of adsorption isotherm curves by Fe;O4NPs, SCMNPs and SH-
SCMNPs at an initial pH of 6.0.
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Figure 6.2: Langmuir isotherm approach for thermodynamics experiments of Hg(ll)
adsorption at pH 6.0.
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Table 6.3: Estimated values of constants for the Langmuir model using FesO4 NPs,

SCMNPs and SH-SCMNPs at pH 6.0.

Langmuir Constant

Adsorbent - . R2
Qo(mg g7) b(I mg™)
FesO,4 NPs 42.3 0.01 0.93
SCMNPs 48.4 0.01 0.97
SH-SCMNPs @ 8 mg L™ 113.7 0.07 0.97
SH-SCMNPs @ 4 mg L™ 207.7 0.02 0.98
554
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459 | v SH-SCMNPs @4 mgL" v A
] A; o® u
L, 307 yo08335x:2.1927 @ ¢ .,,,,l’.
g 3.0_- A “ R2:0'973,7f0" ¢ .I
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Figure 6.3: Freundlich isotherm approaches for thermodynamics experiments of Hg(ll)

adsorption at pH 6.0.
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Table 6.4: Estimated values of constants for the Freundlich model using Fe3O,4 NPs,
SCMNPs and SH-SCMNPs at pH 6.0.

Freundlich Constant

Adsorbent R?

K 1/n
Fe;04 NPs 1.37 0.73 0.99
SCMNPs 5.17 0.65 0.99
SH-SCMNPs @ 8 mg L™ 14.03 0.47 0.99
SH-SCMNPs @ 4 mg L™ 8.96 0.48 0.97

Table 6.5: Some examples of Freundlich isotherm as the correct model used to express
the uptake of Hg onto thiol-functionalised materials.

Adsorbent Reference
Thiol-grafted chitosan beads Merrifield (2002)
Benzoylthiourea-modified mesoporous Silica particles Antochshuk et al. (2003)
(Acetylacetone)-2-Thiol-Phenyleneimine particles Kara (2005)
2-Mercaptobenzimidazole- Immobilized Organophilic Anirudhan et al (2009)

Hydrotalcite

6.3 Comparative Study on the Effect of Solution pH

6.3.1 Effect of pH and Electrophoretic Mobility (EM) Studies

The pH value affects adsorption as it determines the degree of protolysis or ‘ionisation’
of both the adsorbate and the adsorbent. Since hydrogen and hydroxide ions often
interact with adsorbents commonly used in aqueous phase applications, the adsorption of
Hg(ll) ions may be strongly influenced by the pH of the solution (Walcarius and
Delacdte, 2005). At concentrations higher than 50 mg L™, Hg(l1) is likely to precipitate
out from the solution. To mitigate this effect, the test used 50 ml aliquots of Hg (1) at
concentrations of 80, 200, 500and 1000 pg L™ mixed with NPs at a concentration of 8
mg L™ for 1 hour in order to reach equilibrium. The test was carried out at pH values

ranging from 2.0 to 9.0.
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The effect of the solution pH on the removal of 50 ml 80 ug L™ Hg(11) by Fe;04 NPs,
SCMNPs and SH-SCMNPs is shown in Figure 6.4. As far as the mercury is concerned,
the removal efficiency was strongly pH-dependent. The uptake of Hg(ll) ions by Fe3O4
NPs increased rapidly with increasing pH values, and the optimum removal efficiency
was between pH 5.0 and 6.0. The adsorption efficiency decreased slightly when the pH
of the solution was above this level. The removal efficiency of Fe;0, NPs was 83.91% at
a pH of 6.0, whilst only 12.32% of the Hg(Il) ions were removed at pH 2.0. It can also
be seen from Figure 6.4 that SCMNPs reached their optimum removal efficiency at pH
6.0 and had a maximum removal efficiency of 89.84%. SCMNPs showed a similar
response at lower pH values with the removal of Hg(ll) ions at only 71.18% at pH 2.0.
The optimal removal efficiency was achieved at pH 5.0, 6.0 and 7.0 with the removal of
88.67, 89.84 and 88.36 % respectively. The removal efficiency decreased from 88.36 to
80.05% when increasing the pH from 7.0 to 9.0. There was no effect on the removal
efficiency between pH 2.0-7.0 using SH-SCMNPs; however, it decreased by 6.95%
when the pH rose to 9.0. Thus, the optimal Hg removal using these three types of NPs
can be achieved by controlling the pH of the solution. To ensure that only the adsorption
reaction occurs for Hg(I1) ions, the operating pH is therefore suggested to be at 6.0 based
on the above discussion.
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Figure 6.4: Effect of pH on the removal of Hg (Il) ions by Fe;04 NPs, SCMNPs and
SH-SCMNPs with 80 pg L™ solution.
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As discussed above, at lower concentrations of the Hg(l1) solution there was no effect on
the removal efficiency between pH 2.0 and 7.0. Therefore another experiment was
conducted to investigate the effect of pH at concentrations of 200, 500 and 1000 pg 1™
mixed with SH-SCMNPs at a concentration of 8 mg L™ for 1 hour in order to reach
equilibrium. The results showed that there was a decrease in the removal efficiency at all
pH values tested with increasing concentration of the Hg(l1) solution, Figure 6.5. At the
200 pg I'* Hg(11) concentration, there was no effect on the removal efficiency between
pH 2.0 and 7.0. However, there was a reduction in the removal efficiency at the higher
Hg (I1) concentrations and at the lower pH values. In addition, above pH 7.0 there was a
small decrease in the efficiency of removal. These results support the findings of
Walcarius and Delacéte (2005) who also showed an independence of the effects of pH
on adsorbence when using -SH functional groups. The high selectivity and affinity for
Hg by the thiol-functionalised group is a possible explanation for this (Mattigod et al.,
2007). This affinity is predicted on the basis of the hard and soft acid base (HSAB)
theory that directly correlates the degree of cation softness with the observed strength of
interaction with base functionalities, such as —SH groups. The relatively large ionic size,
low electro-negativity, and high polarisability (highly deformable bonding electron
orbital) of Hg(Il) are characteristics of a soft acid, and as the thiol group is a soft base,
they have a high affinity to each other.
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Figure 6.5: Effect of pH on the removal of Hg(Il) ions by SH-SCMNPs at different
initial Hg(11) concentrations.
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To understand the adsorption mechanism it is important to determine the point of zero
charge, pHy.c, of the adsorbent. Zeta potential measurements were conducted in order to
observe the shift in the isoelectric point of the system containing NPs (Fe3O4; NPs,
SCMNPs and SH-SCMNPs) in suspension and various concentrations of Hg(ll) ions.
The surface charge of the NPs and of those that had been in contact with the Hg(ll)
solutions at different concentrations was studied by measuring their zeta potential at pH

values ranging from 2.0-8.0.

For Fe;04, the removal of Hg (I1) ions was inefficient at pH values <4.0, and the pHp;c
for Fes04 NPs and FesO4 NPs at 80 pug L™ occurred at 4.8 and 4.5 respectively, Figure
6.6. The removal efficiency can be attributed to the positive surface charge of Fe;O,4 that
declined the sorption of positive metals. Consequently, when the pH of the solution is
below the pHy., the adsorbent surface is positively charged, and anion adsorption
simply occurred by electrostatic attraction. In contrast, when the pH of the solution is
above the pH, level, the adsorbent surface is negatively charged, and cation adsorption
occurs. At pH values lower than the pHp,c, adsorption of Hg should be reduced to nearly
zero; however, this is not the case for Hg. Even at pH values lower than pHy, a large
amount of Hg was still adsorbed onto the Fe3O4 NPs. In this case, the result suggests that
ion exchange between Hg (11) and H" ions may play a role within this pH range.
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Figure 6.6: Zeta potential of FesO4 NPs at different pH values.
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As shown in Figure 6.4, the optimal pH ranges for the removal of Hg(ll) ions using
SCMNPs was from 4.0 to 7.0 with an enhanced adsorption efficiency better than Fe;O4
NPs. The pHp,c of SCMNPs was located at pH 3.3, (Figure 6.7). It clear that, at pH 2.0
and 3.0 the surface of the SCMNPs adsorbent should be positive, thereby adsorbing few
Hg(ll) ions due to the repelling electrostatic forces, whereas at pH 4.0 and above, the
surface is strongly negatively charged and adsorbs Hg(ll) ions through strong

electrostatic forces.

As described in Chapter 4 (Section 4.2.6) the surfaces of the SCMNPs are generally
covered with hydroxyl (OH) groups and silanol groups (Si—OH). Hydroxyl groups are
attached to one silicon atom to build a vicinal or germinal silanol based on the number
of silicon atoms (Jal et al., 2004). This new structure increases the density of the
hydroxyl group on the NPs with large surface areas. Therefore, a possible explanation
for the increase in Hg(ll) ion removal using SCMNPs could be attributed to the
following two reasons. The first mechanism is based on the change of physico-chemical
properties of hydroxyl groups at different pH values. Aguado et al. (2008) reported that
for pH values of less than 4.0, the oxygen and hydrogen atoms of the hydroxyl group
were competitively bound by protons, causing a decrease in Hg adsorption. It is likely
that the decreased adsorption of Hg was primarily ascribed to the competitive binding
between protons and the Hg for the hydroxyl groups, although the columbic repulsion
might also be responsible the decreased Hg adsorption at these low pHs. With increasing
pH, protons are released from the hydroxyl groups, making more binding sites available
for the adsorption of Hg(ll) ions. The second reason is that the increase in surface area,
after coating the Fes0, NPs with Si (160 m?g™*), which is available for Hg(11) adsorption
might explain the higher adsorption of Hg (11) ions onto SCMNPs. This reason can also
be used to explain the higher levels of adsorption observed at the lower pH values,

especially at the lower concentrations.
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Figure 6.7: Zeta potential of SCMNPs at different pH values.

The mechanism of adsorption at different Hg(l1) concentrations using SH-SCMNPs can
be interpreted as follows. At a pH value below pH,,., Figure 6.8, adsorption by chemical
binding should be nearly zero due to the positive surface charge of both SH-SCMNPs
and the metal ions whilst at pH values above pHp,, the adsorbent surface is negatively
charged and cation adsorption is expected. In the case of the test carried out at an initial
concentration of Hg(IT) > 500 pg L™ however, some Hg was still adsorbed onto the SH-
SCMNPs, suggesting that ion exchange between Hg(ll) and H* ions might play a role in
the pH range below pH,,c by allowing some of the Hg to attach to the adsorbent. In the
case of a lower initial concentration of Hg(II) < 200 pg L™, all of the Hg was adsorbed at
the lower pH as there were a sufficient number of protonated ligand sites available. At
pH values above pH,., adsorption of Hg was complete as expected. However,
increasing the pH of the solution to above 7.0 also decreased the adsorption efficiency at
all Hg concentration as shown in Figure 6.5. This can be attributed to the dissolution of

Si with increasing pH values as discussed in Chapter 5.
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Figure 6.8: Zeta potential of SH-SCMNPs at different pH values.

In conclusion, the optimal pH value for the simultaneous adsorption of Hg from aqueous
solution was at pH values of 5.0 and 6.0, while SH-SCMNPs showed that at the two
lower concentrations of Hg(ll) solution tested, there was no effect on the removal
efficiency when the pH of the solution was between 2.0 and 7.0. There was a reduction
in the removal efficiency at the higher Hg(ll) concentrations at the lower pH values, and
above pH 7.0 there was a small decrease in the removal efficiency. The —SH groups
could be oxidised if stored for a long time in an acidic medium (Palmberger et al., 2008;
Juntapram et al., 2011) leading to a lowered reactivity of the -SH groups. Based also on
the dissolution study presented earlier in Chapter 5, the dissolution of Si increased with
increasing pH values above 6.0. Therefore, a pH of 6.0 was selected for all subsequent

experiments.

6.3.2 Effect of lonic Strength

lonic strength of the solution is one of the factors which could reduce the adsorption
efficiency (Song et al., 2009). In general, as different kinds of salts are mixed in real
wastewater, the ionic strength is high. At high ionic strength, adsorption sites are
surrounded by counter ions that partially lose their charge, and this weakens the binding
force due to electrostatic interactions (Jeon and Ha Park, 2005). Furthermore, a decrease
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in ionic strength may enhance colloidal stability and promote lead transport, whereas an
increase in ionic strength may promote colloidal aggregation (Brant et al., 2007).

The relationship between zeta potential and the ionic strength of a solution, and different
values of pH and their effect on the adsorption of Hg(ll) by SH-SCMNPs are presented
in Figure 6.9 and Figure 6.10. The latter figures show that there was no effect of the
adsorption of Hg(I1) ions at a concentration of 80 pg L™ with an ionic strength of 0.1 and
0.01M NaNOs. At Hg concentration of 1000 pg L™, the surface of SH-SCMNPs
adsorbent was positive at pH 2.0 and 3.0 (Figure 6.10), thereby adsorbing little Hg due
to the repelling electrostatic forces, whereas at pH 4.0 and above, the surface charge was
negative and Hg was adsorbed due to the strong electrostatic forces. However, the
adsorption efficiency remained stable at pH ranging 4.0 to 7.0 until it reached above pH
7.0 when there was a small decrease in the efficiency of removal. These results are
typical and were discussed in Section 6.3.1 where the amount of Hg(ll) removal from
the solution was not influenced by the presence of the electrolyte either with 0.01 or
0.1M NaNOs.

There is no previous research that has demonstrated that thiol-functionalised NPs, either
magnetite or non-magnetite particles, are stable at increased ionic strengths. Therefore,
its study may help to investigate the stability of SH-SCMNPs in suspension by
evaluating changes in the zeta potential as a function of pH, ionic strength and
electrolyte species such as NaNOs. The lack of effect of ionic strength on the adsorption
efficiency and zeta potential of SH-SCMNPs could be attributed to a stabiliser covering
the surface of the Fe;O4 NPs, either a surfactant or ligand molecules. The lack of effect
of ionic strength is in agreement with previous studies that used stabilisers for coating
NPs. For example, Badawy et al. (2010) used polyvinylpyrrolidone (PVP) to stabilise
Ag NPs which were stable with increasing ionic strengths to 0.1M NaCl. Goals et al.
(2010) used polymers to coat Fes04 NPs; however, this was undertaken at very low ionic
strengths of up to 10 mM NaCl. Therefore, the effect of ionic strength on the removal
efficiency and zeta potential in the presence of stabiliser materials is expected to be
negligible. The lack of the effect of ionic strength may also be attributed to weak
competition between Hg(I1) and Na ions for active sites. However, the presence of thiol

groups on the adsorbent surface and since the adsorption efficiency remained reasonably
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unaffected at 0.01 and 0.1 M NaNOs ionic strength, then this can be attributed to the
strong selectivity of thiol groups for Hg(l1) ions over monovalent anions.
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Figure 6.9: Effect of ionic strength of adsorption of Hg(Il) ions by SH-SMNPS, (a) 80
ng L™t Hg(11)+ 0.01M NaNOs, and (b) 80 ug L™ Hg(l1)+ 0.1M NaNOs.
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Figure 6.10: Effect of ionic strength of adsorption of Hg(ll) ions by SH-SMNPS, (a)
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6.4 Instrumentation Studies

6.4.1 XRD Study

XRD was used to characterise the surface of SH-SCMNPs after adsorption at pH 2.0 and
6.0. Figure 6.11 shows typical XRD peaks of a nanocrystaline matching with the results
discussed in Chapter 4 and no other crystalline phase was detected. However, the XRD
pattern does not show any Hg peaks either at pH 2.0 or 6.0. There are two possible
reasons that might explain this observation. First, the initial concentration of Hg(Il) ions
used in the adsorption experiments was 200 pg L™ and this small amount cannot be well
defined in crystallinity, therefore leading to insufficient elastic scattering of the X-rays
to give the characteristic peak. Secondly, the XRD patterns were obtained by step-
scanning from 20° to 76° (20) for 2 hrs. Therefore, Hg could have been evaporated under
high vacuum conditions. However, the result confirmed that the adsorption of Hg(ll)
onto SH-SCMNPs had no effect on the crystallinity of the SH-SCMNPs and they could

be reused after eluent treatment without any change to the crystalline phase.
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Figure 6.11: XRD pattern of SH-SCMNPs after Hg(Il) adsorption, (a) at pH 2.0 and (b)
at pH 6.0.
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6.4.2 Raman Spectroscopic Study

Both Raman and FTIR spectra were collected from 200 pg L™ of Hg(l1) solution at pH
values of 2.0, 4.0, 6.0 and 8.0. The Raman spectrum of SH-SCMNPs adsorbed with
Hg(ll) ions is shown in Figure 6.12. The observed Raman spectral frequencies are listed
in Table 6.6 along with the suggested vibrational assignments. SH-SCMNPs free of
Hg(11) ions exhibited a S-H stretch at 2512 cm™ which was clearly observed and was
discussed in Chapter 4. The absence of any bands at 510 cm™ which are assigned to a S-
S (disulphide formation) bond confirmed that no air oxidation had occurred during the
modification process (Hoffmann et al., 2001). The appearance of broad bands at 380,
390 and 493 cm™ revealed the presence of Fe;O,. The peak at 608 cm™ can be attributed
to the characteristics of maghemite (y-FesO,) rather than magnetite (Fe3O,4), and the
laser heating appears to have converted the magnetite into maghemite (de Faria et al.,
1997; Xi et al., 2008). The observed peaks at 1050, 1060 and 1270 cm™ provide
evidence of the presence of silica on the surface of Fe;O,, and these bands are assigned
to Si-O stretching of the silanol group. The sharp band observed at 1670 cm™ can be
attributed to the stretching mode of siloxane (Si-O-Si). However, this band was not
observed at pH 8.0 which confirmed the dissolution of Si in alkaline media. The absence
of some groups of SH-SCMNPs might be attributed to the entrance of Hg(ll) ions,
forming metal complexes and resulting in a weakening, or even disappearance, of some
related adsorption peaks (Li et al., 2009). A well-defined peak at 2850 cm™ can be
assigned to the C-H stretching of carbon, confirming the presence of organic groups
attached to the surface of the silica. The stretching vibration of mercury thiolates (Hg-S)
in solution occurs in the range 180-400 cm™ and can be detected by Raman spectroscopy
(Biscarini et al., 1984; Hoffmann et al., 2001). There are two factors which govern the
position of the stretching vibration of mercury thiolate: the first factor is the coordination
number of Hg to thiolate sulfur centres at a distance < 2.8 A, while the second factor is
the nature of the alkyl groups (Hoffmann et al., 2001). The strong Raman band at 710
cm™ is assigned to the v(C=S) stretching mode formed by thioamides (Edwards et al.,
1995). Additionally, this band is sensitive to the type of alkyl groups bonded to the
sulfur atoms (Hoffmann et al., 2001). However, this peak did not appear in the IR

spectra. The Hg-S and Hg-C bands observed using Raman spectroscopic studies are
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summarised in Table 6.6. The Raman spectra (Figure 6.12a and b) showed bands at 180,
231, 280 and 297 cm™; these bands are attributed to the v(Hg-S) stretching vibration of
mercury thiolates. These results are consistent with the work of Biscarini et al. (1984)
who reported that these bands clearly indicate that the four observed bands should be
assigned to the Hg-S stretching mode and do not involve the halogen atoms. However,
the presence of the Hg-S stretching vibration suggests covalent bonding between Hg and
S (Edwards et al., 1995). The absence of SH groups from the Raman spectra in Figure
6.12a and b which were observed before the adsorption of Hg(ll) ions at 2512 cm™,
confirm that all thiol groups in SH-SCMNPs remain connected to the Hg(ll) species.
The Raman band at 218 cm™ is assigned to v(Hg-Cl), and this band is described as that
of mercury-halogen groups (Biscarini et al., 1984). This band can also be used to

confirm the presence of Hg(ll) ions on the surface of SH-SCMNPs.

Table 6.6: Observed Raman spectral frequencies of SH-SCMNPs after Hg(Il) ion
sorption at pH 2.0, 4.0, 6.0 and 8.0.

pH 2.0 pH 4.0 pH 6.0 pH 8.0 Assignments description

180 231 and 297 231 and 297 280 Hg-S

- 218 218 218 Hg-Cl
380 390 390 - Fe30,4
380 380 380 380 Fe30,4
493 493 493 - Fes04
608 608 608 608 v-Fes0q4
710 710 710 - Vs(C=S)
1050 1060 1270 1270 vs(Si-O-Si)

- - 1670 - Si-O
1790 1650 and 1800 - - CH;
2850 2850 2850 2850 Vs(CHy)

162



Chapter 6

- Hg-C
,"? —M.
[7) o T
§ |——pH40
c |—pH20
c — T - T T T T T T T T T " T "~ T T 1
g 2000 1800 1600 1400 1200 1000 800 600 400 200
[
o
- A M -w*/\-—m—-..o...._-..L‘—w
e
T T T T T T T T T T 1
3200 3000 2800 2600 2400 2200 2000

Wavenumber (cm™)

Raman Intensity

y T
00 3000

T y T y T y T y 1
2800 2600 2400 2200 2000

Hg-S Hg-C

—
2000 1800

Figure 6.12: Raman spectra of SH-SCMNPs after adsorption at (a) pH 2.0 and 4.0, and

(b) pH 6.0 and 8.0.
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6.4.3 FTIR Spectroscopic Study

The FTIR technique was used to provide valuable information on the state of the
adsorbed molecules, thereby shedding light on the adsorption mechanism. The FTIR
spectra of the samples collected after Hg(Il) adsorption onto SH-SCMNPs at pH 2.0,
4.0, 6.0 and 8.0 are shown in Figure 6.13. The observed IR spectral frequencies are
listed in Table 6.7 along with the suggested vibrational assignments. The FTIR spectra
of all the samples contained similar features for thiol-functionalised silica coated
magnetite NPs as described in Chapter 4 (Section 4.2.6), such as a broad band at 675
attributed to the magnetite Fe3O4 in a consistent manner with that reported in Chapter 4
for FTIR of SH-SCMNPs before Hg(l1) adsorption, the broad adsorption bands between
805-811 cm™ belonging to the Si-O and the band at around 1083 cm™ which can be
attributed to the Si-O-Si stretching vibration. However, the presence of Si-O-Si
stretching suggests that the thin silica film around Fe3O4 NPs remains unchanged after
the adsorption process. This finding can be confirmed by the presence of Si after two
cycles of the adsorption-desorption process as discussed in Chapter 5. The increase of
the adsorption bands at around 1630 cm™ is due to the deformation of Fe-O after
adsorbing water molecules during the adsorption process. The bands at around 2883 and
2955 cm™ are assigned to CH3 and CH, vibrations respectively, and the peak between
3420- 3450 cm™ is the O-H stretch vibration. All the samples with differing values of
pH lost the SH band at 2509 cm™ due to the SH being replaced with Hg(l1). A new band
appeared at 1384 cm™ corresponding to the CI-O stretching vibrations mode of —CI". The
presence of CI’, indicates that CI" ions were adsorbed onto the SH-SCMNPs together
with Hg(I1). The loss of —SH bands and the presence of CI" indicates that there is strong
complexation of the adsorbed Hg (1) ions onto the surface of the SH-SCMNPs. A strong
IR band in the region of 1350-1400 cm* often occurs in the presence of CI™ (Silverstein
et al., 2005). As previously described, Hg-S and Hg-C stretching complexes are located
in the range 180 and 400 cm *, and the range scanned using this method was between
400-4000 cm . Therefore, the surface thiolate ligands involved in the complexation of

mercury were only evidenced by the absence of the SH band at ~ 2509 cm ™.
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Figure 6.13: FTIR spectrum of Hg(Il) loaded SH-SCMNPs, at (a) pH 2.0 and 4.0, and
(b) pH 6.0 and 8.0.
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Table 6.7: Observed IR spectral frequencies of SH-SCMNPs after Hg(11) sorption at pH
2.0, 4.0, 6.0 and 8.0.

pH 2.0 pH 4.0 pH 6.0 pH 8.0 Assignments description
- - 675.02 675.23 Fes04

816.03 811.02 811.24 805.33 V(Si-0)
1081.61 1084.02 1083.07 1084.74 vs(Si-O-Si)
1384.31 1384.67 1384.30 1384.35 vs(CI-0)
1456.22 1459.31 1458.46 1463.49 Vs(CHy)

1626.88 1638.51 1635.69 1629.45 o(Fe-0)
2854.01 2853.60 2853.55 2854.24 Vs(CHy)

2951.21 2952.69 2959.15 2959.87 Vs(CH3)

3424.37 3448.54 3424.37 3450.72 vs(OH)

vs= stretch o= deformation
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Semi-Continuous System for the Adsorption
and Desorption of Hg(l1) lons

7.1 Introduction

As discussed in Chapter 5, the aim of the batch tests was to determine the optimum
practical operating conditions for achieving the maximum Hg(ll) adsorption from
synthetic wastewater. SH-SCMNPs were also evaluated for the removal and recovery of
Hg(ll) ions from synthetic wastewater and they were found to be an effective adsorbent.
In order for these findings to be implemented in industrial applications, all the operation
conditions will be used to design a scaled-up semi-continuous system for the continual

removal and recovery of Hg(Il) ions from synthetic wastewater.

In this chapter, detailed designs for a scaled-up magnetic semi-continuous system will be
given, followed by an investigation into the operating conditions to examine how a
magnetic nano-sorbent can work in a semi-continuous system. The operating
procedures, loss of adsorbents, adsorption and desorption of Hg(ll) ions, retention time
and interference effect on the adsorption of Hg(ll) ions will all be investigated
experimentally. It is expected that the results that will be obtained from the scaled-up
system will not necessarily be as ideal as the batch test findings. However, the decrease

in adsorption and desorption efficiency will be evaluated.

7.2 Apparatus Setup and Experimental Design

The semi-continuous system consisted of 40 litre feed tank (glass tank of 45 cm length
and 30 cm width) fitted with teflon end caps, a NPs tank (2000 ml Borosilicate
Erlenmeyer flask fitted with a rubber stopper with a hole), adsorption and desorption
tanks (500 ml Borosilicate Erlenmeyer flasks), a treated water tank (5 litre glass

container), PVC pipes and peristaltic pumps (Masterflex pump-7518-00 PSF/CRS).
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The operating procedure, (Figure 7.1) for the whole process can be divided into five
parts: 1) the synthetic Hg(Il) or a cocktail solution of contaminated wastewater and a
certain amount of SH-SCMNPs was charged into the adsorption tank using a peristaltic
pump at the desired flow rate for the adsorption process; 2) The mixture then overflowed
into the first magnetic separator and the SH-SCMNPs were separated from the treated
water and deposited into the bottom of the separator unit using an external magnet field.
The treated water was pumped into the treated water tank and the residual Hg from the
effluent were determined using a PSA Millennium Merlin AFS; 3) the Hg-adsorbed SH-
SCMNPs and 3.0 M HCI containing 2% thiourea (m/v) eluent were manually added into
the desorption tank for the recovery of the Hg from the SH-SCMNPs; 4) the mixture
then passed into the second magnetic separator tank for magnetic separation. The Hg
recovered from the effluent was determined using a PSA Millennium Merlin AFS; 5)
finally the regenerated SH-SCMNPs were placed in the NPs tank and then mixed with
fresh wastewater from the feeding tank being pumped together into the adsorption unit
for a further cycle. The operation parameters for the whole process are summarised in
Table 7.1.

Table 7.1: Operational parameters for semi- continuous system.

Parameter Wastewater - NPs-
Feed tank Feed tank
Flow rate (ml min™) 3.2 1
Adsorbent Concentration - 3360*
(ngL)
Hg Concentration 105** -
(ngL™)
Adsorbent density (g/cm®) - 2.25
Adsorbent particle size (nm) - ~110

*  The initial concentration of adsorbent used to study the effect of cations
on the adsorption of Hg(II) ions was 10416 pg L™ .

** The amount of the initial concentration of Hg(ll) ions in the cocktail
solution was 200 pg 1" and other metals was 1000 pg L™.

- The pH value of synthetic Hg(Il) contaminated wastewater was between
4.30 and 4.56 and was used without any adjustment.
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Figure 7.1: Schematic of the experimental set-up for the magnetic semi-continuous system.
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7.3 Results and Discussion

7.3.1 Determination of Hg(ll) Loss by Passive Adsorption or other
Mechanisms
Control experiments were designed to show if any other factor other than the presence of

SH-SCMNPs could be responsible for adsorption. Other potential factors that could lead
to a reduction in concentration of adsorbate could be: precipitation, free metals attached
to the feed and adsorption tanks, PVC pipes or present in the adsorbent. Five litres of a
105 pg L™ Hg(l1) solution at pH 6.0 were pumped into the adsorption and feed tank in
the absence of SH-SCMNPs. The effluent from the system was checked for the
concentration of Hg(Il) ions over a period of 24 hrs and the results are shown in Figure
7.2. The loses of Hg(Il) from the solution were 0.65%, an insignificant change indicating
that the whole system can be used for the adsorption and desorption process without any

significant loss of Hg(Il) ions from the aqueous phase.
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Figure 7.2: Control experiments of the semi-continuous system with a 105 pg L™ Hg(l1)
solution at pH 6.0.

7.3.2 Determination of Optimal Retention Time
The optimal retention time was determined using different volumes of conical flasks (50,

100, 250 and 500 mL) as the adsorption tank. A flow of 4.2 mL min™ was maintained
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using two peristaltic pumps, one of which fed the Hg(Il) solution at a rate of 3.2 mL
min™ from the feed tank and the second fed the NPs suspension at a rate of 1 mL min™.
The mixture was then pumped from the adsorption into the separator tank. After
separating the NPs using an external magnetic field, the final concentration of metal ions
was determined using a PSA Millennium Merlin AFS. The control experiments were
conducted in triplicates and the average values are presented in Figure 7.3. As discussed
in Chapter 5, the rate of Hg(ll) uptake using SH-SCMNPs had been found to be initially
high, with about 90% of the Hg(ll) ions being removed during the first 5 minutes and
equilibrium being achieved within less than 15 minutes and 100% of the Hg(Il) ions
being adsorbed. However, in the semi-continuous system only 82.74% of the Hg(Il) ions
were removed at a retention time of 12 minutes and 88.27% at a retention time of 24
minutes. For the retention times of 60 and 120 minutes, 96.93 and 97.54% of the Hg(l1)
ions were removed respectively. Therefore, the retention time of 120 minutes was used

in the later experiments.
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Figure 7.3: Optimal retention time in the control experiments with 105 ug L™ Hg(Il)
solution.

7.3.3 System Testing

7.3.3.1 Adsorption and desorption of Hg(ll) ions
The efficiency of the system using the operational parameters given in Table 7.1 was

examined over eleven adsorption-desorption cycles. The results are given in Figure 7.4,
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these show that 77 pg L™ (97.53%) of the Hg(ll) ions were adsorbed during the first
cycle (2.5% less than obtained in batch tests), while the desorption efficiency was
92.52% (almost the same results as in the batch tests). A decrease of 10.8% of the
sorption efficiency and 16.30% of the desorption efficiency was noted at the end of five
cycles. These values are significantly higher than the ~ 5% loss in removal efficiency
and 6.8% loss in desorption efficiency observed during the batch adsorption-desorption
test.

In order to increase the adsorption and desorption efficiencies, 10.8% of a fresh SH-
SCMNPs suspension was replaced at the end of 5" cycle. As can be seen in Figure 7.4,
77 ug L™ (96.81%) of Hg was adsorbed in the sixth cycle and the desorption efficiency
increased to 87.67%. The same process was repeated at the end of the tenth cycle and
this enhanced both the adsorption and desorption efficiencies. It was also noticed that
the loss in efficiency (12.96%) was proportionally greater in the fifth cycle than during
the previous 4 cycles. This was also the case for the ninth and tenth cycles compared to
the sixth-eighth cycles. The reasons for the reduction in the capacity of the SH-SCMNPs
and their desorption efficiency have been discussed in detail in Chapter 5 and are
primarily due to the limited number of active sites which bind Hg(Il) much more
strongly onto SH-SCMNPs so that the 3.0 M HCI containing 2% (m/v) thiourea could
not elute the Hg from them. The damaged physico-chemical structure of the SH-
SCMNPs is also likely to have caused a decrease in the adsorption-desorption efficiency.
All the previous studies have cited the weight loss of the biosorbent as the main reason
for the decrease in the biosorbtion-desorption efficiency. For example, Puranik and
Paknikar (1997) reported a reduced Cd biosorbtion efficiency which resulted in the loss
of biomass during the filtration process. Other researchers have not given a direct reason
for the loss of weight of the biomass (Yakup Arica et al., 2004; Kacar et al., 2002). The
use of 3.0 M HCI containing 2% (m/v) thiourea as the desorbing agent has no effect on

the dissolution of Fe and Si as shown in Figure 7.5.

From the results presented, it is clear that even a good adsorbent material can show a
reduction in efficiency over repeated adsorption—desorption cycles. The partial
replacement of adsorbent with new material was shown to be a good solution in

overcoming this drawback.
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Figure 7.4: Percentage of Hg(Il) ions adsorbed and desorbed during 11 adsorption-
desorption cycles at an initial concentration of 80 pug L™ using the semi-continuous
system.
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Figure 7.5: Dissolved Fe and Si during the elution process.
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As discussed in Chapter 4, the coating of the Fe3O,4 NPs with silica and ligand molecules
provides enhanced stability due to combined electrostatic stabilisation. It was also
noticed that aggregation of the SH-SCMNPs takes place at pH 2.0 and 3.0. Taking into
account the practical application, the hydrodynamic diameters of SH-SCMNPs which
were used over eleven cycles of adsorption-desorption in the semi-continuous system,
were measured. However, the particles did not show any aggregation and remained
suspended in the adsorption tank. It can be seen from Figure 7.6 that the average
hydrodynamic size of the SH-SCMNPs was ~ 145 nm (increased by 31.53%) after
intensive use in the adsorption-desorption process over eleven cycles. However, the
aggregation of SH-SCMNPs did not have any effect on the magnetisation properties and
SH-SCMNPs were quickly deposited at the bottom of the separator when an external
magnetic field was applied. The saturation magnetisation was also measured and gave
approximately 0.22 emu, Figure 7.7, typical of the results obtained before when using
SH-SCMNPs for the adsorption-desorption process in the semi-continuous system.
Therefore, the semi-continuous system with two magnetic separator points and an

elution process had no effect on the magnetic properties of the SH-SCMNPs.
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Figure 7.6: DLS plot for the particle size distribution after being used for eleven
adsorption-desorption cycles.
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Figure 7.7: Room temperature magnetisation measurements of SH-SCMNPs after being
used for eleven adsorption-desorption cycles.

7.3.3.2 Adsorption of Hg(ll) ions in a semi continuous system competition with other
cations

In order to determine if there was interference in the adsorption of Hg(ll) caused by the
presence of other cations, a solution was prepared by mixing 200 ug L™ of Hg(l1) with
each of Pb(Il), Cu(ll) and Ni(ll) at a ratio of 1:5. The aim was to provide sufficient
metals in the solution to saturate the available binding sites which could affect the
adsorption of Hg(ll) ions. According to the theory of Pearson, Pb(ll) is classified as a
soft Lewis acid while Cu(ll) and Zn(Il) are borderline Lewis acids and therefore the
presence of these metals might cause an effect on the adsorption of Hg(ll) ions. The
presence of these metals had no significant effect on the adsorption of Hg(ll) ions by
SH-SCMNPs in the semi-continuous system, as shown in Figure 7.8. Although the
concentration of other metals in the solution were more than five times that of Hg(ll),

there were no effects on the adsorption of Hg(ll), particularly in the first two cycles with
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adsorption efficiencies of 94.85 and 92.53%, respectively. A decline of 16.90% in the
adsorption efficiency and 17.04 % in the desorption efficiency were observed at the end
of the fifth cycle. Following the addition of fresh nano-sorbents, the percentage

adsorption and desorption of Hg(ll) ions progressively increased to 91.65 and 86.52%,
respectively.

The cations Ni, Cu and Pb in particular are present in high concentrations in industrial
wastewater (EPA, 1990), and the findings point to a significant advantage in favour of
SH-SCMNPs for the removal of Hg ions. It is likely that this type of system could be
used in an industrial wastewater treatment plant instead of the conventional methods

applied for the adsorption of Hg ions, but further tests would be necessary to confirm
this.
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Figure 7.8: Percentage of Hg ions adsorbed and desorbed during five adsorption-
desorption cycles in the presence of other cations using the semi-continuous system.
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7.3.3.3 Adsorption of Hg in a semi continuous system in competition with selected
anions

Interference effects from the anions F', CI, SO.%, PO, were tested using binary
solutions containing 200 pug L™ of Hg(11) mixed with 100 mg L™ of the various anions.
The semi-continuous system was operated according to the procedure described earlier.
The results are shown in Figure 7.9, where it can be seen that the adsorption was
inhibited in the following order: CI” < SO,* < PO,* < F’, depending on the coordination
ability of the different anions. The presence of CI° had little influence and the
corresponding removal efficiency was 95.50%, which is almost the same as the results
obtained (97.23%) in the absence of any anions. The influence of SO, was also very
small and decreased the removal efficiency to 90.69%. The adsorption efficiency of
Hg(11) ions in the presence of PO,* and F" was 85.07% and 84.76% respectively. The
reasons for the decrease in Hg(Il) uptake in the presence of PO,* and F was discussed
previously in Chapter 5. It can be concluded that the semi-continuous system was

successful for the removal of Hg(Il) ions by SH-SCMNPs under the selected conditions.
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Figure 7.9: Adsorption of Hg(ll) ions in the presence of other anions using the semi-
continuous system.
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Conclusions and Future Work

8.1 Conclusions

The main aim of this study was to evaluate the effectiveness of Fe304NPs, SCMNPs,
and SH-SCMNPs for the removal and recovery of Hg(ll) from synthetic wastewater.
The project was divided into three parts. The first part focused on the preparation
methods of these adsorbents coupled with an intensive study of their physical-chemical
properties (particle size, shape, magnetic properties, surface area, and surface
chemistries) using advanced analytical methods. The second part of the study examined
the SH-SCMNPs as a potential adsorbent for Hg(ll) adsorption from water compared
with Fe304 NPs and SCMNPs in terms of kinetics and capacities. The reusability of SH-
SCMNPs and the behaviour and mechanisms of Hg(ll) sorption on SH-SCMNPs were
examined. Finally, adsorption and desorption experiments were run in a semi-continuous

system. This chapter will summarise the most important results presented in this thesis.

8.1.1 Synthesis and Characterisation

The magnetite (FesO, NPs) was prepared via conventional co-precipitation methods.
Mesoporous silica coatings were created on dense liquid-silica coated magnetite NPs
(DLSC-Fe304 NPs) using cetyl-trimethyl-ammonium chloride (CTAC) as molecular
templates followed by a sol-gel reaction. SCMNPs were functionalised with 3-MPTMS
using the co-condensation method. Functionalisation of SCMNPs with this specific
organic group was performed to enhance the selectivity of the magnetic NPs towards
Hg(ll). The NPs obtained via the co-precipitation methods were not monodispersed in
size: their shape was spherical and approximately 75 nm in diameter. Through the co-
condensation method, the obtained NPs were capped with nonpolar endgroups (thiol) on
their surface that were approximately 111 nm in diameter, spherical in shape, and

narrow in their distribution. The purity of the samples was characterised initially by
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PXRD and the results confirmed that PXRD peaks of the nanocrystaline of Fe3s04 NPs
matched well with standard Fe;O4. No other crystalline phases were detected.

In this study, to avoid possible aggregation occurring, Fe304 NPs were coated with silica
and functionalised further with thiol organic groups. These methods impart excellent
stability to magnetite NPs in an aqueous medium over a wide range of pH values with
reasonable hydrodynamic size. The organic group bound magnetite NPs allowed these
particles to circulate over a long time in agueous system, and particle aggregation and
sedimentation did not occur. The trend of decreasing zeta potential was observed after
thiol grafted onto the surface of SCMNPs.

The SEM images showed that FesO4 NPs are nearly spherical and that particles appear
to be aggregated. This is due to the absence of any stabiliser in the reaction system
during the course of the FesO, NP formation. The aggregation was minimised after
using the CTAC aqueous solution as a surfactant stabiliser during the preparation
process of mesoporous SCMNPs. EDX confirmed the presence of Si on the surface of
FesO4 NPs; S was also determined by EDX, indicating that the functionalisation with 3-
MPTMS was successful. Both FTIR and Raman spectroscopic studies also confirmed

that the thiol groups were attached to the silica support.

In the present study, prepared magnetite NPs were evaluated for their use in the
separation of NPs from the solution after the adsorption process. FesO4 NPs showed a
relatively large magnetic moment of the NPs, which indicates that FesO, NPs can be
used effectively in adsorption applications. However, the decrease in the saturation
magnetisation after coating FesO4 NPs with silica and modification with thiol groups did
not affect their magnetic properties, and they could respond quickly to an external
magnetic field. In addition, when the external magnetic field was removed, they could

be re-dispersed without any significant aggregation.

8.1.2 Adsorption and Desorption of Hg(I1)
Magnetite NPs are an alternative adsorbent for removing Hg(ll) from water. These NPs

have many favourable features that play a key role in the removal of Hg. For instance, a

180



Chapter 8

high specific surface area results in a high number of silanol groups, which are found
primarily on the surface of the SCMNPs and enable a high loading capacity. The
magnetite NPs demonstrate strong magnetisation, allowing easy separation from a
complex multiphase system, and the reactive site mesoporous structure functionalised
with the thiol groups is tailored for Hg adsorption; all these unique properties make them
ideal adsorbents over conventional adsorbents. Most research prior to this study had
concentrated on uncovered magnetite NPs for the removal of organic constituents or
heavy metals from water and wastewater. Most of these previous studies focused on the
adsorption process for the removal of heavy metals from contaminated water, and
limited research exists on factors leading to a decrease of adsorption, such as dissolution,
types of eluents, and the effect of pH on these ideal sorbents. This research evaluated the
potential of prepared NPs (Fe3O4 NPs, SCMNPs. and SH-SCMNPs) for Hg removal and
recovery from synthetic wastewater. This work also looked at several parameters
effecting Hg(Il) adsorption onto these NPs, such as NPs concentration, ions commonly
found in water, and environmental conditions, such as pH; other conditions, such as
contact time, shaking speed, and temperature, were also examined. Research results have
contributed to the development of good adsorbents for the removal and recovery of Hg

from wastewater.

Results showed that the covalent binding between the —SH groups of SH-SCMPs and Hg
provide high affinity for Hg adsorption in that 4 mg L™ SH-SCMNPs are capable of
reducing the initial concentration of 80 pg L™ to below the WHO drinking water limit of
2 pg L. SH-SCMNPS were also evaluated for their usefulness in removing Hg(ll) in
the presence of binary, multiple metals in solution. The results confirmed that SH-
SCMNPs were highly efficiency in removing Hg from solutions in the present of other
metals. The inner-sphere complex-forming PO,> and F~ competed strongly with Hg(11)
for adsorption sites, whereas other anions did not compete effectively due to weak
adsorption via outer-sphere complexation.

The high surface area on SH-SCMNPs and the high affinity of its functional groups for
Hg result in fast-binding kinetics. Conversely, a slower removal of Hg was observed

when used Fe3O4 NPs was used.

181



Chapter 8

An intensive study was carried for the desorption of Hg(ll) from SH-SCMNPs and the
results showed that Hg(lIl) ions adsorbed on SH-SCMNPs could be desorbed effectively
using 3 M HCI containing 2 % (m/v) thiourea. This shows that the SH-SCMNPs could
be regenerated and maintained at almost the same Hg(ll) adsorption capacity. Further
analysis was carried out using TEM to evaluate the effect of the desorption processes in
decreasing the capacity of adsorption. The TEM and dissolution studies confirmed that
(@) aggregation, (b) reduction in the porous structure, and (c) dissolution of the NPs
along with the strong Hg-S covalent bond could play a key role in decreasing adsorption
and desorption performance during five adsorption/desorption cycles. However,
desorption and regeneration studies demonstrated that SCMNPs and SH-SCMNPs could
be recovered efficiently for re-adsorption of the Hg ions and that Hg could be highly

concentred and possibly considered for recycling.

In the present work, in order to enhance the adsorption of Hg(ll) and inhibit the
dissolution of Fe3O04 NPs, two ways for dissolution prevention involving dense liquid
silica coated magnetite NPs (DLSC-Fe3O,4 NPs) and silica coating FesO4 NPs via sol-gel
reaction were developed. The increased efficiency of the silica in eliminating the pH
dependence and enhancing the NP stability of SCMNPs and SH-SCMNPs in aqueous
medium is noteworthy. On the other hand, the dissolution of Fe3sO, NPs was to found to

be detrimental at pH 2.0 or had a long contact time.

8.1.3 Mechanism of Adsorption

The adsorption capacity of Fes0, NPs, SCMNPs, and SH-SCMNPs was found to be
42.3, 48.4, and 113.7 mg g, respectively when 8 mg L™ of different adsorbents was
used. The loading capacity of the SH-SCMNPs was found to be 207.7 mg g™ when
applied at a concentration of 4 mg L. The data of Hg(l1) adsorption was modelled with
the Langmuir and Freundlich isotherms. The Langmuir isotherm did not correlate well
with the adsorption data of FesO, NPs and SCMNPs; the Freundlich isotherm is the
correct equation to use to express the Hg uptake onto the three types of NPs. Therefore,
the adsorption mechanism for Hg(Il) using SH-SCMNPs may involve not only the Hg
chelation by SH complexing functions, but also the surface complexation by OH or Si-
OH sites located on the Fe3O4 NPs.

182



Chapter 8

The removal efficiency was highly pH dependant, and the optimal adsorption for Fe;04
NPs and SCMNPs occurred at pH 5.0 and 6.0, respectively. The effect of pH on the
adsorption of Hg(ll) using SH-SCMNPs was highly dependent on the initial

concentration of Hg(ll).

In the present work, zeta potential measurements were carried out to interpret the
adsorption mechanism. It was proposed that the adsorption of Hg(Il) using FesO4NPs is
due to the electrostatic attraction and ion exchange between Hg(ll) and H" ions at pH
values lower than the pHp,c. On the other hand, the adsorption of Hg(Il) using SCMNPs
was controlled predominantly by the electrostatic attraction and the change of physico-
chemical properties of the hydroxyl groups at different pH values. The increase of
surface area after coating the NPs with Si could be also responsible for the higher
adsorption of Hg(l1) ions onto SCMNPs. This could be attributed to a stabiliser covering
the surface of the FesO, NPs. The Hg-binding mechanism for representative SH-
SCMNPs was investigated by zeta potential measurements, FTIR, and Raman
spectroscopy. According to the hard and soft acids and bases theory and the information
analysed instrumentation methods, the adsorption mechanism of Hg(ll) using SH-
SCMNPs could be explained as a primary chemical adsorption and a secondary physical
adsorption. The Raman results confirmed that the complexation of Hg centres by thiolate
depends on the pH value. It was also noted that increasing the ionic strength did not

show any effect on the adsorption of Hg(I1) using SH-SCMNPs.

8.1.4 Semi-Continuous System Study

A magnetic semi-continuous system was carried out for the adsorption and desorption of
Hg(ll) and good results were obtained.

The presence of other cations in the solution other than Hg did not affect Hg adsorption
in the first cycle. The adsorption efficiency deceased gradually in later adsorption
cycles; therefore, fresh SH-SCMNPs suspensions were replaced after five
adsorption/desorption cycles to increase the adsorption and desorption efficiencies in
later cycles. Several anions found commonly in water were tested to determine their
effect on Hg adsorption onto SH-SCMNPs. Among the anions tested, PO,> and F had

the largest effect on Hg adsorption. Regeneration experiments were performed using a
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magnetic semi-continuous system, and Hg was eluted successfully with 3.0 M HCI
containing 2% (m/v) thiourea. The results obtained using the semi-continuous system
confirmed that this type of system could be used in an industrial wastewater treatment
plant instead of the conventional methods applied for the adsorption of Hg ions, but

further tests would be necessary to confirm this.

8.2 Future work

8.2.1 Adsorption Isotherm and X-ray Photoelectron Spectroscopy
(XPS) Study

There are plenty of interests and scope for further work on adsorption isotherms to
distinguish the correct isotherm. Although previous studies suggest that the Hg(ll)
adsorption isotherm of thiol-functionalised mesoporous silica adsorbents usually
exhibits  typical Langmuir behaviour, which are the characteristics of chemical
adsorption, the results in this thesis show different uptakes of the Hg(ll) by SH-
SCMNPs and evidence of difference mechanisms. Therefore, the adsorption isotherm
could be extended using a high initial concentration of Hg at different temperatures and
different pH values. This study should be coupled with XPS measurements to study the
elemental composition of a chemical oxidation state at the surface of SH-SCMNPs after
adsorption.

8.2.2 Different Cycles of Elution

The desorption study showed that the recovery of Hg could be achieved gradually by
increasing the molarity of HCI acid. In the same manner, the removal efficiency could
be achieved in the later cycles of desorption using fresh elution. Therefore, further
studies on this point should be performed to test how fresh elution could enhance the

recovery of Hg.

8.2.3 Preparation of Dual and Multi Functional Groups on the Surface
of Mesoporous SCMNPs

In this study, thiol-functionalised mesoporous silica coated magnetite nanoparticles were

successfully prepared and used as an adsorbent for Hg(ll). The experimental results
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showed that this nano-sorbent have high adsorption efficiency in either batch tests or a
semi-continuous system. Heavy metals are generally classified as soft or borderline
acids according to HSAB principle of Pearson. It is obvious that the adsorption of heavy
metals from aqueous phase onto a solid adsorbent relies on the affinity of the metal to
the extracting group. Therefore, dual or multi functional groups could be used to
enhance the selectivity of SCMNPs towards the target metal ions. This should be further

investigated

8.2.4 Magnetic Continuous System for Adsorption and Desorption of
Hg(l1)

The results obtained from semi-continuous system (Chapter 7) confirmed that SH-
SCMNPs could be used effectively for the removal and recovery of Hg(ll) from an
aqueous phase. The design of a larger scale continuous system for the adsorption and
desorption of Hg(ll) from wastewater with magnetic recovery of the nanoparticles was
not possible. This should now be attempted and at a scale which will allow further
design data to be derived, as any development of this system should go hand in hand

with engineering considerations.

8.2.5 Application of SH-SCMNPs for Real Wastewater Treatment

The assessment of the application of SH-SCMNPs for the removal of Hg(ll) from
different water types , including wastewater, is necessary if the scope of the technology
is to be fully assessed.

Most natural waters, and even more so, wastewater have complex properties. The effect
that the water chemistry, including the presence of organic material that can interact
with Hg ions by various reactions, needs to be more fully assessed than the present study
has permitted. Other factors are: the high concentration and ionic strength of heavily
contaminated or saline waters that may have a significant on the adsorbent as well as the
adsorbate; different pH values, either acidic (pH 2.0) or alkaline (pH 13.0) which might

lead to dissolve Fe and Si.

8.2.6 Removal of Pb(Il) Using SH-SCMNPs
The experimental results showed that SH-SCMNPs have high adsorption efficiency for
the removal of Pb(Il) even in the presence of Hg(ll). Most of the current research
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focused on the adsorption of Hg(ll) onto the thiol functionalised nano-materials. Future
research could also pay more attention towards the use of SH-SCMNPs as an ideal
sorbent for the removal and recovery of Pb(ll). In doing this it will also be necessary to

explore the behaviour and mechanism of Pb(ll) adsorption on SH-SCMNPs.
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