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LEACHATES USING AF4-HR-ICP-MS

Yasmin Labibi

Landfill leachates contain a wide range of pollutants including potentially toxic
metal(loids) e.g. arsenic. Current landfill risk assessment models predict the fate and
transport of these pollutants in the environment, however they consider all species
below 0.45 pm to be dissolved, thus the presence of these pollutants in colloidal form
is not considered.

In order to investigate the presence and distribution of metal(loids) within the
nanocolloidal fraction (<100 nm), AF4 coupled with HR-ICP-MS was selected (alongside
AFM and DLS) and optimised for use with landfill leachates. UV, and Fluorescence
spectroscopy were also used as detectors for AF4 to detect organic colloids.

AF4-HR-ICP-MS analysis was carried out both offline (fraction collecting and subsequent
HR-ICP-MS analysis) and online (interfacing the AF4 output directly with the HR-ICP-MS)
with parameters optimised for lower MW particles. Online coupling provided a higher
resolution analysis than the offline method. The concentration of elements within the
AF4 system was found to be in flux and therefore baseline concentrations were
established for each sample injection. Method repeatability and a recovery mass
balance of each element were also established.

The method was validated by fractionation of a MSW, an aged MSW and a MBT leachate.
All three leachates were found to show the same nanocolloidal distribution with two
distinct nanocolloid populations present: a low MW organic rich fraction; and a larger,
less organic rich fraction consisting of a mixture of organic and inorganic particles.
Metals predominated in the lower MW fraction associated with humic or fulvic-like
particles. The similarities between the leachate metal distributions showed that
treatment of leachate prior to landfill did not alter the colloidal characteristics.

Preliminary results examining the effects of pH and ionic strength of metal distribution
showed that pH had no effect; however the lowering of ionic strength appeared to
cause aggregation of colloidal Fe particles, presumably due to the lower organic
content, which appears to control the distribution of metals in this size fraction.

This research highlights the importance for landfill risk assessments to be updated to
include the presence of colloidal facilitated transport and the necessity for further
particle transport studies to be conducted.






Table of Contents

ABSTRACT i
Table of Contents i
List of tables \Y
List of figures vii
DECLARATION OF AUTHORSHIP ix
Acknowledgements Xi
Definitions and Abbreviations xiii
Chapter 1: Introduction 1
1.1 Landfill LeaCchates.....ccuivniniiiiiii e 2
1.1.1 Landfill Leachate Composition ........cceeevveiveiiiiiiieiceeeene, 2

1.1.2  Landfill Leachate Composition Phases..........cccceeuvenvennnen. 3

1.1.3  Landfill Leachate Characterisation...........ccccccevvveuieniennnnen. 5

1.2 Environmental Monitoring of Landfill Leachates...........c.............. 5
1.3 Landfill Pollution Models........cceciniiiiiiii e 7
1.4 Landfill Leachate Colloids and Nanoparticles.........ccccovveuveniennnne. 7
1.4.1 Nanocolloid Composition......cccveviiieiiiiiiiccccceceee e 8

1.5 Organic and Inorganic compleXes .........coveiviiiiiiiiiiiinieeeee, 12
1.6 Distribution of Metal(loids) in Landfill Leachate Nanocolloidal Size
FraCtiON . 13

1.7 TheSis OVEIVIEW ...ueiiiieiii ettt e e e ae e eneas 14
Chapter 2: Review of Techniques for the Analysis of Nanocolloids
and Associated Elements in Landfill Leachates ....coeeeecenmueee 15

P2 T 1 2 o Yo [Tt f 1o Yo [P 15
2.2 TeCRNIQUES ... 17
2.2.1 Characterisation Techniques.......ccccveiiiiiiiiiiiieiniceans 18

2.2.2 Fractionation Techniques.....ccccovviviiiiiiiiiic e, 21

2.2.3 Quantification Techniques ........cceeeviiiiieiiiiiiieeeeeeeeee, 24

2.3 Discussion of Techniques .......cccviuiiiiiiiii e 27



2.4 Selected techniques for Landfill Leachate Analysis ................... 28
Chapter 3: Materials and Method Optimisation for the

Characterisation of Nanocolloids in Landfill Leachates ........ 29

S 2 B 1 0 o Yo [ Tt f o Y o A 29
3.2 Materials couiniiiii e anas 29
3.2.1 Chemicals ..o 29
3.2.2 Polystyrene Sulfonate Standards ........ccocevviiviiineinnnnnnenn. 30
3.2.3 Samples (Landfill Leachates)......cccevviiviiiniiiiiiieceeenennen. 30
3.2.4  Instrumentation ......ccoiiiiiiii e 33
3.3 Methods and Method Optimisation ........ccceeeiiiiiiiiiiiiiiieniceeanes 35
3.3.1 Sample Preparation ....cccveeveeiiiiiiiiiei e 35
3.3.2 Atomic Force Microscopy (AFM) .....ceuviniiiiiiiiiiiiieieeeene, 35
3.3.3  Dynamic Light Scattering (DLS) .......ccovuvieiiiiiiiiiiiiieeen, 38

3.3.4 Asymmetric Flow Field Flow fractionation (AF4) Parameter

OPtiMISATION couieieiiiei e 40
3.3.5 Summary of Method and Parameters for AF4 ................ 54
3.4 Chapter SUMMaArY ..o e e e e e ee e 55
Chapter 4:  AF4-HR-ICP-MS Coupling for Quantitative Analysis:
Challenges, Approaches and Validation 57
T I 1o 4 o Yo LW T oY I 57
4.2 MethOdS....ce e 60
4.2.1 High Resolution Inductively Coupled Plasma Mass
Spectrometry (HR-ICP-MS) ..o, 60
4.2.2 Bulk Concentration Analysis ....cc.coeveiiiiiiiiiiiiiieceiceeans 61
4.2.3  Offline Coupling of AF4-HR-ICP-MS .........ccociiiinieneenee. 61
4.2.4  Online Coupling of AF4-HR-ICP-MS.........ccciiiiiiiiieeeen, 67
4.3 Results and DiSCUSSION . ....cuiuiiiiiiiiie e e e e 86
4.3.1 Offline Fractionation.......cccceeviiiiiiiiiieeee e, 86
4.3.2 Online Fractionation........ccccceviiiiiiiiiiiecee e 89



4.3.3 Implications of Baseline Measurements............ccceeuvenee.. 93
4.3.4 Repeatability of Online Fractograms.........cccccevveenvennnenn. 95
4.3.5 Mass Balance RECOVEIY ....ceuiiiiiiiiieie e 100
4.3.6 Offline v Online Analysis......ccooeoviiiiiiiiiiiiiieeeeeeen, 106
4.4 CONCIUSIONS euiiiiiieee ettt e e e e ees 108
Chapter 5: Multi-element Distribution in the Nanocolloidal
Fraction of Landfill Leachates using AF4-HR-ICP-MS............. 111
5.1 INTrOdUCTION ceeieieeeeee et e e e e e 111
5.1.1  Aims and Objective......c.cocuiiiuiiiiiiieee e, 116
5.2 Materials and Method .........couiiiiiiiiii e 116
5.2.1 LeaChates ..u i 116
5.2.2  Method ..conii e 117
5.3 Results and DiSCUSSION ...cuuieuiiiiiiieiee e 119
5.3.1  DLS ReSUIES coeneeieeee e 119
5.3.2  AFM RESUITS cenieieiiie e e 121
5.3.3 Bulk Elemental Concentrations.........ccoeevveuieinneennennnnnn. 122
5.3.4  Fractionation Recovery (mass balance) Results ............ 125
5.3.5 Dissolved/nanocolloidal distribution..........ccecevvuvnenen.n. 128
5.3.6  Online AF4-HR-ICP-MS Analysis Results ..........ccccccuneeee. 131
5.3.7 Comparison of Nanocolloidal Fraction of UK Landfill

5.3.8
5.3.9
5.3.10

5.3.11
5.3.12

ICY: el o = 1 143
Leachate Nanocolloid Composition and Distribution....150
Distribution of Metal(loids) in Nanocolloidal Fraction...152

Comparison of Elemental Distribution between Leachates

Influence of pH on Element Distribution in MSW.......... 157

Influence of lonic Strength on Element Distribution in



5.3.13 Implications of nanocolloidal element distributions for the

L] V21 Y 1 =1 1 165

5.4 CONCIUSIONS Leiieiiiiii e e e aas 165
Chapter 6: Conclusions and Future Perspectives 169
6.1 CoNCIUSIONS ceeeieiiii e 169
6.2 FULUIE PerSpPeCliVES .ouiviie ittt e e 172
6.2.1 Complementary Research.......ccccoeveiiiiiiiiiiiiiieccee, 173
Appendix 175
List of References 181




List of tables

Table 1.1 Elements of environmental interest in landfill leachates ................... 6
Table 2.1 Techniques for nanocolloid analysis in landfill leachates. Adapted
from Hassellov et al.,(2008) and Lopez-Serrano et al.,(2014)... 18

Table 3.1 Leachate Characteristics from Dalton (20T4) ....ccvveveiiieeeiieeiiierenenne. 32
Table 3.2 Carrier Solution and other parameters from natural NP studies ...... 41
Table 3.3 Potential Carrier Solutions selected from Table 3.2 ...coeeevveviiveiinnnne. 44

Table 3.4 Concentrations of elements in potential carriers (ppb) obtained using

HR-ICP-MS analysSiS ..cucuuiiiiieiieeiiceeee ettt e e 45
Table 3.5 MSW particle sizes from AFM analysis .......cccoevuiiiriiiiiiiiiiiiieeeiceees 48
Table 3.6 Optimal parameters for separation ..........cceeeeieeiiiiiiiiiii e 55
Table 4.1 Operating conditions and resolutions for HR-ICP-MS ...................... 60
Table 4.2 Offline HR-ICP-MS Parameters .......cocuuoeieiuiieeneeeiieeeeeeeeeeeeeeaeeeeens 63
Table 4.3 Online HR-ICP-MS Analysis Parameters .......cccceeuveeienieeiienneieeneeennn 70

Table 4.4 Typical Order of HR-ICP-MS Analysis in a measurement period ....... 82
Table 4.5 Repeatability of Online Coupling and Repeat Bulk measurements... 96
Table 4.6 Detection Limits, Precision and Recovery Values for Fractionation

using Offline and Online Parameters (Equation 3 and 4) (one

SAMPIE INJECTION) .ivvuiie e 101
Table 5.1 3% HNO, addition for pH alteration of MSW samples ................... 118
Table 5.2 Leachate Particle Sizes from AFM Analysis........cccoovviiiiiiiniiiinnennnn. 121
Table 5.3 Total Element Concentrations for MSW, MBT and AMSW ............... 123
Table 5.4 Recovery (mass balance-offline) and measurement precision for MSW,
MBT & AMSW Leachates .......ccoeeuuiiiiiniiiiiieeei e eeee e 126

Table 5.5 Repeatability of replicate sample injections determined using

retention time of Peak 1 and integration of total peak area... 143






List of figures

Figure 1.1 Life stages of landfill and changes in leachate composition ............ 4

Figure 1.2 Size of colloids and nanoparticles. Figure adapted from Christian et
ALy (2008) it 8

Figure 1.3 Simplified size distribution of various natural organic and inorganic

nanocolloids and particles. Adapted from Lead and Wilkinson

07010 PP 9
Figure 2.1 Diagram illustrating the stages of AF4 a. injection, b. separation, c.

Elution. Figure from Plathe (2010).....c.cccevuiiiiiieiiiiiieeiceeieeeas 23
Figure 3.1AFM Method comparisons a: adsorption from solution, b: drop

deposition, c¢: sorption from a thin layer .........ccooevviveiiiinnnnnnen. 37
Figure 3.2 Preliminary PSD analysis of MSW using DLS (6 runs).....cc..ccccuuvuneee. 39
Figure 3.3 Dilution effects of varying ionic strengths on PSD ..........cccccceuunnnene. 46
Figure 3.4 Cross flow programme for fractionation ..........ccccceeeveeiniiieiceennnnnnn. 52

Figure 3.5 Calibration of molecular weight using PSS Standards 1- 63 kDa .... 53

Figure 3.6 Method Steps for Landfill Leachate Analysis........cccceevviviieiniiennnnnn. 56
Figure 4.1 Fraction collection intervals for offline analysis.......c...cccceevvennnnnenn. 62
Figure 4.2 Data processing steps for offline AF4-HRICP-MS..........cccceveviiennnnnn. 64
Figure 4.3 Schematic Diagram of AF4-HRICP-MS Online .......cccoovviiviiiiiniiennnnnn. 69
Figure 4.4 Flow Rate Check for Sample and Baseline Runs ........c...ccoeevuvennnnen. 73
Figure 4.5 Be/In/Re signals for online fractionation with spiked carrier solution74
Figure 4.6 Data Processing Steps for online AF4-HR-ICP-MS Data................... 76
Figure 4.7 Example of Raw Time v CPS (Pb) data plot.......ccccevviiniiiiiieiniiennnnn. 77
Figure 4.8 Sensitivity Variation over a Measurement Period ..........cccoeeuiennnnen. 78
Figure 4.9 Baseline signals for Sn during a measurement period ................... 79
Figure 4.10 Baseline and Fractionation run signals for Sn.........ccccccevviiiennnnen. 80

Figure 4.11 Baseline and Sample fraction concentrations of elements Li- Ni
(Mass order) collected using offline fractionation.................... 87

Figure 4.12 Baseline and Sample fraction concentrations of elements Cu- U
(Mass order) collected using offline fractionation.................... 88

Figure 4.13 Baseline and sample fractograms for elements Li-Ni (mass order)
obtained with online AF4-HR-ICP-MS (3 replicates)................... 91

Vii


file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167360
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167361
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167361
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167362
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167362
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167362
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167363
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167363
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167364
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167364
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167365
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167366
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167368
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167369
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167370
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167371
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167373
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167374
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167375
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167379
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167380
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167380
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167381
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167381
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167382
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167382

Figure 4.14 Baseline and sample fractograms for elements Cu-U (mass order)

obtained with online AF4-HR-ICP-MS (3 replicates).......ccccuuunne. 92
Figure 5.1 MSW Particle Size Distribution from DLS Analysis ........cccccuveennnne. 119
Figure 5.2 MBT Particle Size Distribution from DLS Analysis.........ccccccveennenne. 120
Figure 5.3 AMSW Particle Size Distribution from DLS Analysis ..........ccccuu...... 120

Figure 5.4 Percentage distribution between dissolved and colloidal fractions
determined by collection of cross-flow and channel flow elutants129
Figure 5.5 MSW Sample and Baseline runs for Li - Ni (Mass order) from AF4-HR-

ICP-MS ANAlYSiS .uiuiiiiiiiei et e e e e ean 134
Figure 5.6 MSW Sample and Baseline runs for Cu - U (Mass order) from AF4-HR-
ICP-MS ANAlYSiS .ueuiiiiiiiie et e e e e e eas 135
Figure 5.7 MBT Sample and Baseline runs for Li-Ni (Mass order) from AF4-HR-
L@ R F= 1 V2] 1S 136
Figure 5.8 MBT Sample and Baseline runs for Cu-U (Mass order) from AF4-HR-
ICP-MS ANAlYSiS .ueuiiiiieiei et e e e e e ean 137
Figure 5.9 AMSW Sample and Baseline Runs for Li- Ni (Mass order) from AF4-
HR-ICP-MS ANalySiS...uiiuiiiiiieiieie et 138
Figure 5.10 AMSW Sample and Baseline Runs for Cu- U (Mass order) from AF4-
HR-ICP-MS ANalySiS...uiiuiiiiiieiieie et 139

Figure 5.1 1Nanocolloidal size distribution of uv,,,, humic-like, fulvic-like and
elements Li- Ni in mass order for MSW, MBT and AMSW leachates144
Figure 5.12 Nanocolloidal size distribution of uv,,,, humic-like, fulvic-like and
elements Cu- Pb in mass order for MSW, MBT and AMSW
12T Vel o I LR 145
Figure 5.13 Percentage distribution of nanocolloidal fraction determined by
integration of total peak areas for MSW, MBT and AMSW as

shown in Figures 5.11T and 5.12. ....coiiiiiiiiiiiiicee e, 149
Figure 5.14 Influence of pH change on elemental distribution (Li- Ni in mass
order) in MSW 1eachate. .....oevuieiiiiieeeeeeeee e e e 159
Figure 5.15 Influence of pH change on elemental distribution (Cu- U in mass
order) in MSW 1eachate. ....couvveiiiieeeeeeeeee e e 160
Figure 5.16 Influence of ionic strength on elemental distribution (Li-Ni in mass
order) in MSW 1eachate. .....ouvuieiiiieeeeieeeee e e 163

Figure 5.17 Influence of ionic strength on elemental distribution (Cu - Pb in
mass order) in MSW leachate. .....cocovvvieiiiiiiiiieiieeeieee e 164

viii


file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167383
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167383
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167384
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167385
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167386
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167387
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167387
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167388
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167388
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167389
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167389
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167390
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167390
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167391
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167391
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167392
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167392
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167393
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167393
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167394
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167394
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167395
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167395
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167395
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167396
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167396
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167396
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167397
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167397
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167398
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167398
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167399
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167399
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167400
file:///C:/Users/yl3e10/Desktop/FULL%20THESIS%20YASMIN%20LABIBI%20REVISIONS%20APRIL%202015%20new.docx%23_Toc418167400

DECLARATION OF AUTHORSHIP

I, Yasmin Labibi

declare that this thesis and the work presented in it are my own and has been

generated by me as the result of my own original research.

INVESTIGATING METAL/NANOCOLLOID INTERACTIONS IN LANDFILL
LEACHATES USING AF4-HR-ICP-MS

| confirm that:

1. This work was done wholly or mainly while in candidature for a research
degree at this University;

2. Where any part of this thesis has previously been submitted for a degree or
any other qualification at this University or any other institution, this has
been clearly stated;

3. Where | have consulted the published work of others, this is always clearly
attributed;

4. Where | have quoted from the work of others, the source is always given.
With the exception of such quotations, this thesis is entirely my own work;

5. | have acknowledged all main sources of help;

6. Where the thesis is based on work done by myself jointly with others, | have
made clear exactly what was done by others and what | have contributed
myself;

7. None of this work has been published before submission






Acknowledgements

| would first like to thank my supervisors, Professor Martin Palmer, Dr Andy
Milton, Dr Dave Smallman and Dr Anne Stringfellow for their help and support
throughout the PhD process. Thanks in particular to Andy for all his help with
the Element and for his patience and resolve in getting things working and for
always being on the other end of the phone when machine problems arose.

Thanks must also go to Dr Matt Cooper and Agnes Michalik for all their help
with lab equipment, general lab queries and useful advice.

| would not have been able to complete my AFM work without the help and
expertise of Dr Jurgita Zekontye who provided excellent advice in preparing
and processing my AFM data and kindly imaged my AFM slides.

My MSc supervisor Dr. Jennifer Dungait must also get a special mention
because without her encouragement and enthusiasm, | would never have
applied for this PhD.

| have had a wonderful 4 years at NOCS and have made some great friends who
have helped me throughout. The Bens, Jen, Gemma, Teenie, Tom, Couves, all
of The Blue House (past and present) and many more have been there to
experience the highs and lows of being a PhD student.

Outside of NOCS, | have thanks to give to many....

To “The Jubs Squad” and associated members especially Hannah for initially
helping me complete my BSc, for their support and friendship since , their
encouragement from the beginning until the final stages of this thesis and for
excusing my temporary absence from recent reunions!

To “The Tea Drinkers” for always providing tea and chats and outfits and
haircuts (Jean) and a complete escape from science whenever needed.

To Sarah, Ali, Anna, Ted, Prad and James for just generally being awesome
friends forever and helping me to see the light at the end of the tunnel.

To my family, for your perfect indifference to science and this thesis as a
whole!

And finally, thank you to Dr Jamie Krishnan for being there at all times, for
your cooking, listening, your chemistry lessons and everything else you’ve
done to support me to get this finished!

This work was funded by Engineering and Physical Sciences Research Council
(EPSRCQ).

Xi






Definitions and Abbreviations

AF4
AFM

Bioavailability

DLS

DERFA

EC

EU

FFF

FLU
Fractogram

HDPE
HNO,
HR-ICP-MS
ICP-MS
ISO

IUPAC

Monodisperse

MQ
MW
Nanocolloid

Nanoparticle

NOM

NP

oM

PDVF

PEEK

PES
Polydisperse
PSD

Asymmetric-Flow Field Flow Fractionation

Atomic Force Microscopy

Defined in ISO 11074 as the degree to which chemicals present in
the soil may be absorbed or metabolised by human or ecological
receptors or be available for interaction with biological systems
Dynamic Light Scattering

Department for Environmental and Rural Affairs

Electrical Conductivity

European Union

Field Flow Fractionation

Fluorescence

A graph of detection signal versus. time, derived from a field-flow
fractionation process

High-density polyethylene

Nitric Acid

High Resolution Inductively Coupled Plasma Mass Spectrometry
Inductively Coupled Plasma Mass Spectrometry

International Organization for Standardization

International Union of Pure and Applied Chemistry

Particles of uniform size in a dispersed phase
Milli-Q Water

Molecular Weight

Natural colloids in the NP size range (< 100 nm)
Particles that can be as small as 1 nm and as large as several tens
of nanometres, in at least one dimension
Natural Organic Matter

Nanoparticle

Organic Matter

Polyvinylidene fluoride

Polyether ether ketone

Polyethersulfone

Particles of varying size in a dispersed phase

Particle Size Distribution

Xiii



Chapter 1

PSS Polysulfonate Standards

RC Regenerated Cellulose

RSD Relative Standard Deviation

SBS Sensitivity Baseline Sample

TDS Total Dissolved Solids

TOC Total Organic Carbon

uv UV absorbance intensity at 254 nm

254

Xiv



Chapter 1

Chapter 1: Introduction

Prior to the introduction of Landfill Tax in 1996, more than 80% of UK waste
was sent to landfill (Eurostat, 2014). The EU Landfill Directive 1999/31/EC set
targets for the reduction of landfill with the aim “to prevent or reduce as far as
possible negative effects on the environment, in particular the pollution of
surface water, groundwater, soil and air, and on the global environment,
including the greenhouse effect, as well as any resulting risk to human health,
from the landfilling of waste, during the whole lifecycle of the landfill”. By
2020, the target is to reduce landfilled waste to 35% of that prior to the
Landfill Tax (1996). There are several other regulations which govern landfill
such as the Waste Management Licensing Regulations and Water Framework

Directive as described in Butt et al.,(2014) (Appendix 1.1).

Despite a reduction of landfilled waste due to increased recycling and less
waste generation, it remains an important disposal method for the UK, with
approximately 40% of waste currently disposed of in this way (Eurostat, 2014).
It is not possible to completely avoid landfill as a disposal method because not
all materials can be continually recycled, composted or incinerated (e.g. some
incinerator ash is still disposed of in landfill). As a result of the reduction of
waste there are now fewer sites currently accepting waste, but sites which are
closed (e.g. capped and no longer accepting waste) can still have negative
effects on the surrounding environment due to gas emissions and leakage of

leachate (Environment Agency, 2010b).

Modern landfills are engineered to restrict outputs of gas and leachate, but
total containment within the landfill cannot be guaranteed because the
performance of the landfill liners is likely to degrade over time (Christensen et
al., 2001). UK landfill liners typically consist of a geological barrier e.g.
compacted clay combined with an artificial sealing liner such as high density
polyethylene (HDPE) (Environment Agency, 2009a, Environment Agency,
2009b). Once a landfill ceases to receive waste, the risk of pollution does not
cease, and the design, the leachate collection and treatment systems, as well
as the post closure management, are of major importance in the protection of

groundwater resources from future leachate contamination (Quasim and
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Chiang, 1994). Although landfill waste, gas and leachate all pose a potential
environmental threat, this study focuses on leachate because of its mobility in
the subsurface environment and the risk to groundwater resources. These form
approximately a third of drinking water supplies in the UK (in some regions
this is as high as 80% (Environment Agency, 2014a), and landfill leachates have
been identified as a potential environmental threat to this important resource
(Christensen et al., 2001).

1.1 Landfill Leachates

Landfill leachates are created from waters that have percolated through wastes
buried in the ground. Meteoric water is the main source of the water in the
leachate, with lesser contributions from surface water and liquids buried with
the waste. As water percolates through the waste, it gains dissolved and
suspended components from the degrading waste through several physical,
chemical and microbial processes (Abbas et al., 2009, Kjeldsen et al., 2002).
Thus, the composition of the landfill leachate is a function of a variety of
factors that include the waste type and composition, the age of the landfill site,

and the amount and flow rate of water within the site.

1.1.1 Landfill Leachate Composition

As leachates are a function of the wastes from which they are derived, it is
important to define the source of landfill waste. Those which receive general
household waste are known as Municipal Solid Waste (MSW) sites and thus this
waste is known as MSW. Historically, landfills were not regulated and accepted
a mix of MSW and potentially hazardous wastes such as those from medical,
agricultural, construction and mining industries (Taylor and Allen, 2006).
Although MSW waste is thought to be less hazardous, Slack et al.,(2005) found
contaminants in MSW from household hazardous waste (HHW) such as paints,
detergents, garden pesticides, batteries and electronic equipment. HHW are
not covered by regulations, but they are presumed to be a small component of

the total waste in the landfill.

In recent years, landfill regulations and government policy has altered the
composition of waste sent to landfill, because pre-treatment is often carried
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out before burial to remove recyclable/easily biodegradable/high calorific
materials (depending upon local schemes), thus reducing the volume of buried
material (Siddiqui et al., 2013, Robinson et al., 2005). More recently (2011)
very low level radioactive wastes (VLLW) have been permitted to be added to
landfill (Environment Agency, 2012). All of these actions are likely to affect the

composition of the leachates produced in landfills.

MSW waste typically contains plastics, metals and glass, but these are now
commonly removed before burial using a mechanical sorting process. Although
previously a significant proportion of MSW waste buried consisted of
bioreactive wastes (e.g. food wastes), this waste is now biologically treated by
composting or anaerobic digestion after the mechanical sorting step. This
results in waste with a lower organic matter content and less volume. This

treatment is known as mechanical biological treatment (MBT).

1.1.2 Landfill Leachate Composition Phases

Several studies have described the life of a landfill site in terms of a five stage
process related to biodegradation of the waste (Frederick and Stephen, 1985,
Pohland and Harper, 1985, Department of the Environment, 1995) : ) aerobic,
II) acidogenic, Ill) acetogenic, IV) methanogenic, and V) aerobic phase. These
breakdown processes play a role in defining the composition of leachates

throughout the life of the landfill (Figure 1.1).

The aerobic initial stage of waste biodegradation lasts only a few weeks; and is
dependent on the availability of oxygen in the waste. Once a landfill is capped
(to reduce water entering the site) oxygen is less able to enter the landfill and
oxygen levels are depleted by aerobic micro-organisms. This also results in an
increase in CO, levels and often an increase in temperature (Kjeldsen et al.,
2002, Lu et al., 1985).

As oxygen is depleted, the landfill becomes anaerobic and the acidogenic

phase begins. In this stage, cellulose and hemicellulose (which comprise 45-
60% of the dry weight of waste) are fermented, resulting in the production of
acetic acid (Lu et al., 1985, Pohland and Harper, 1985, Kjeldsen et al., 2002)

and a lower pH (Figure 1.1).
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The acetogenic phase follows, in which acetogenic bacteria convert the long
chain fatty acids and alcohols to acetic acid, carbon dioxide and hydrogen. The
pH remains lower (< 6) in this stage (Environment Agency, 2003) which favours
dissolution/remobilization of inorganic species, such as heavy metals,

resulting in a potentially chemically toxic leachate (Christensen et al., 1994).

In the methanogenic phase, the pH rises towards values of at least 8 and
methanogenic bacteria convert the products of acetogenesis into more CO, and
methane (CH,) (Environment Agency, 2003), leading to lower concentrations of
biodegradeable organic compounds. The methanogenic phase may last for
decades and it is during this phase that pollution from gases is most damaging
to the environment. Reducing the volume of biodegradeable waste to landfill
results in lower emissions of CH,and this is another reason for the treatment

of waste prior to landfilling in recent years.
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Figure 1.1 Life stages of landfill and changes in leachate composition

The final phase of the evolution of a landfill is the aerobic stage, in which
aerobic conditions are re-established (Environment Agency, 2003). This stage

is reached when the organic material in the landfill is largely biodegraded and

4
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oxygen can then diffuse through the cap and/or overlying waste at a greater

rate than it is utilised (Christensen et al., 1994).

1.1.3 Landfill Leachate Characterisation

MSW leachates may be characterised as “a water-based solution of four main
groups of pollutants (dissolved organic matter (DOM), inorganic macro
components, heavy metals and xenobiotic organic compounds e.g. pesticides)”
(Christensen et al., 1994). Leachates can also contain a variety of other
species, such as As, Ba, Li and Hg, at lower concentrations (Christensen et al.,
2001). Due to the pretreatment to remove bioreactive wastes and metals, MBT
leachates have lower DOM and heavy metal concentrations than MSW wastes
(Robinson et al., 2005) however they still contain the same pollutant groups as
MSW. Many of the species contained within leachates are toxic, hence pollution
of groundwater by landfill leachates is a major potential environmental
problem related to landfills and is thus governed by EU legislation Water
Framework Directive (2000/60/EC) and the Groundwater Daughter Directive
(2006/118/EC). UK MSW landfills are therefore heavily regulated and
engineered (as required by the Landfill Directive) in order to reduce the risk of
pollution from escaping the landfill. Prior to the Directive, restrictions on what
materials could be landfilled were minimal and leachates from older sites that
are less well-engineered can contain a wider range of materials that may be

more prone to escape into the environment.

1.2 Environmental Monitoring of Landfill Leachates

Environmental monitoring of leachates is carried out regularly at all UK landfills
to ensure that regulations are not breached. If leachates are not collected,
treated and discharged safely they are a potential pollution source to soil,
surface water and groundwater (Fatta et al., 1999). Risks are also posed when
liners degrade and fail, or if the landfill was not initially engineered to restrict
discharge. Landfills are monitored post closure until the site no longer poses a
risk to the environment, and this period is dependent on the site
characteristics (Environment Agency, 2010b). Every landfill is unique in terms
of both its environmental setting and the nature of its development, hence
monitoring programs are tailored to individual sites (Environment Agency,
2014b).
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There are parameters, however, that are routinely monitored in landfill
leachates (Appendix 1.2 and 1.3); including pH, electrical conductivity as well

as several elemental concentrations.

Elevated concentrations of metals/metalloids in the environment can pose risk
to human health as well as to the wider ecological environment. Although
some pollutants can stem from natural sources, such as the case of As in
groundwater in India and Bangladesh (Bhattacharya et al., 2014), often they are
the result of anthropogenic activities, such as mining, industry and of course
landfill. Commonly occurring heavy metals in landfill leachate include zinc,
copper, cadmium, lead, nickel, chromium and mercury (Reinhart, 1993) and in
a study by Oman and Junnestadt (2008) 49 metals and other elements were
found in 12 Swedish MSW Leachate samples, varying from the ppm level to sub
ppb level. None of these concentrations, however, exceeded the drinking water
limits. The study also found more than 140 organic and metal-organic and
inorganic compounds in the leachate. Table 1.1 sets out the elements which
are routinely monitored in landfill leachates and the environment and those

which are of interest in this study.

Table 1.1 Elements of environmental interest in landfill leachates

Element Reason for interest Elements Reason for interest
Li Used as tracer in transport Zn US EPA RECOMMEND?®
Mg E;\Irl{ci:ilﬁlqllDirective2 As Drinking Water Directive?
Al Drinking Water Directive® Br Drinking Water Directive?
Si Landfill Directive? Sr Landfill Directive?
K Landfill Directive? Mo Landfill Directive?
Ca Landfill Directive? Ag Used for NP*
Ti Used for NP* Cd Drinking Water Directive®
\% US EPA RECOMMEND?® Sn WHO Drinking Water Guidelines®
Cr Drinking Water Directive® Cs Environmental Permitting Regulation ”
Mn Drinking Water Directive? Ba US EPA RECOMMEND®
Fe Drinking Water Directive? Au Used for NP*
Co US EPA RECOMMEND® Hg Drinking Water Directive?
Ni Drinking Water Directive® Pb Drinking Water Directive?
Cu Drinking Water Directive® U Environmental Permitting Regulation ”
1. Oman and Rosqvist (1999) 5. US EPA recommend (Environmental Protection
2. Landfill Directive (Environment Agency, 2014b) Agency, 2012)
3. Drinking Water Directive (Drinking Water 6.  WHO guidelines (World Health Organisation,
Inspectorate, 2010) 2004)
4.  Manmade NP Report (DEFRA, 2007) 7. Radioactive substance regulation (DEFRA, 2011)
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1.3 Landfill Pollution Models

Landfill systems can be modelled to assess the risk of pollution if leachates
escape into the surrounding environment. Risk assessments are imposed by
regulators as a tool to meet legal requirements (Butt et al., 2014). Currently,
the UK Environment Agency use a model called LandSim to provide quantitative
risk assessments of the performance of specific landfill sites in relation to
groundwater protection (Drury et al., 2003). The model incorporates the
performance of landfill liners, background contaminant concentrations,
biodegradation and other information to determine rates of contaminant
migration and to predict concentrations of contamination at receptors of
varying trophic level. Importantly, however, this and similar models are largely
based on solute transport in which species are defined as either dissolved in
the liquid phase or contained within solid phases (either sorbed or structurally
bound).

Dissolved phases conventionally refer to the < 0.45 pm fraction of a leachate,
such that any particles with smaller diameters are modelled as part of the
dissolved phase. Thus these models may not provide an accurate assessment
of the behaviour of contaminants in the environment if a significant portion of

the elements of interest are present within colloids.

1.4 Landfill Leachate Colloids and Nanoparticles

The dissolved phase, (defined here as the <0.45 pm fraction), includes both
colloids and nanoparticles (NP) (Figure 1.2). NPs are defined as particles that
can be as small as 1 nm and as large as several tens of nanometres, in at least
one dimension (Hochella et al., 2008), and they constitute a sub-fraction of the
component of leachates defined as colloids by the International Union of Pure
and Applied Chemistry (IUPAC).

The term nanoparticle is generally used in the literature to refer to manmade
(engineered) NP, while natural particles of NP size are termed colloids. In this
thesis, the term nanocolloids will be used to refer to natural colloids in the NP
size range (< 100 nm). Although nanocolloids in landfill leachates are a result
of anthropogenic processes, these are still considered as natural because they

have not been engineered to be a particular size.

7
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Figure 1.2 Size of colloids and nanoparticles. Figure adapted from
Christian et al., (2008)

Nanocolloids are ubiquitous in the natural environment and are of particular
interest because of their large surface area to volume ratio compared with the
bulk minerals, which can result in increased reactivity (Plathe, 2010). The high
surface area to volume ratio which increases as particles get smaller results in
higher apparent adsorption coefficients of dissolved metals to colloids, faster
diffusion coefficients of colloids relative to larger particles, and thus greater
travel distances of metals associated with colloids compared to those present
in larger particles or truly dissolved (Baalousha et al., 2011a, Doucet et al.,
2006).

The behaviour of colloids is dominated by surface properties, e.g. the presence
of functional groups such as carboxylic acids, rather than bulk properties such
as the overall chemical composition (Lead and Wilkinson, 2006). Due to their
small size, they may stay suspended in solution for extended periods of time
because their average Brownian displacement exceeds the settling velocity
(Plathe et al., 2013). This means their ultimate removal from solution is

governed by aggregation rather than sedimentation.

1.4.1 Nanocolloid Composition

Nanocolloids may be composed of a variety of phases, including natural
organic matter (NOM), inorganic mineral compounds such as clays/silicates,
poorly characterised metal oxides and a variety of anthropogenic phases
(organic, inorganic and mixed) (Filella et al., 2007, Lead and Wilkinson, 2006).

Figure 1.3 indicates typical colloid compositions in environmental systems and

shows that there are typical size ranges for particular types of nanocolloid.

8
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Thus , organic colloids e.g. fulvics and humics are expected to dominate the
<10 nm fraction and , inorganic colloids e.g. clays and metal oxides will
dominate the larger > 10 nm fraction, but both types can be present in each

size fraction (Hassellov et al., 2006, Filella et al., 2007).

SOLUTES COLLOIDS OR PARTICLES
MACROMOLECULES
log(size/m)
-10 -9 -8 -7 -6 -5
1+
1A jum 0.45 um—/ 1um
amino aclds cellular debris
polysaccharides
peptides peptidoglycans
protains
fulvics humic aggregates
humics viruses  bacteria  algae

organic compounds adsorbed

"simple” on inorganic particles
hygr:;ed clays (aluminosilicates)
(e.g. OH", CI', Fe oxyhydroxides
:g% g:é;' Mn oxldes
Mg®’, Cu®', metal sulfides
efc.)

carbonates, phosphates
amorphous SiO,

INORGANIC COMPOUNDS ORGANIC COMPOUNDS

Figure 1.3 Simplified size distribution of various natural organic
and inorganic nanocolloids and particles. Adapted
from Lead and Wilkinson (2006)

It is difficult, however, to fully categorise nanocolloids because they are rarely
found in purified forms in environmental systems and are often part of
complex heteroaggregates (Lead and Wilkinson, 2006). For example, although
inorganic nanocolloids are typically larger in size, organic particles can also be
present in larger size fractions, adsorbed on larger inorganic colloids (Figure
1.3).
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Hennebert et al.,(2013) investigated the presence of colloids and NP in
leachates from 25 landfills accepting various types of waste and determined
that solid waste leachates contain significant amounts of colloids, both organic
and inorganic. This study however was not able to identify size distributions or
proportions of the types of colloids due to the ultrafiltration method used (see

Chapter 2). This will be explored further in Chapter 5.

1.4.1.1 Natural Organic Matter (NOM)

NOM has a heterogeneous nature and comprises a complex mixture of organic
macromolecules and refractory organic substances (Neubauer et al., 2011).
Dissolved organic matter (DOM) consists of humic and non-humic substances
with humic substances forming the majority in environmental samples
(Stevenson, 1994). Non-humic substances comprise organic compounds such

as amino acids and carbohydrates (Laborda et al., 2008).

Kjeldsen et al.,(2002) reported that dissolved refractory organic matter is
generally found in higher concentrations in mature landfill leachates
(comprising 30-60% of the total dissolved organic matter (DOM)), whereas DOM
in younger leachates is dominated by volatile fatty acids (> 95%). This results
from the different leachate life phases (Section 1.1.2), whereby sequential
organic substrates (dependent on their biodegradability) are consumed by

bacterial processes in the early evolution of the leachates.

Refractory organic matter consists of humic substances (HS), which are made
up of fulvic and humic acids and can be derived from any organic source
material, including plant and animal debris, food wastes, pesticides (Kang et
al., 2002). HS are known to have an important role in the biochemistry of
natural waters and soils and in pollutant chemistry (Aiken 1985) the ability to
sorb and complex contaminants (Murphy and Zachara, 1995). They are known
to be heterogeneous in elemental composition, chemical functionality and

molecular size distribution (Kang et al., 2002).

Fulvic and humic compounds are differentiated from one another by their
solubility as a function of pH; with fulvic substances being soluble at all pH
values, whereas humic compounds are not soluble at pH < 2. Fulvic acids also
have a lower molecular weight range than humic acids (Oades, 1989) as shown

in Figure 1.3 and therefore may exhibit different transport behaviours due to
10
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their size. Weng et al.,(2002) investigated transport behaviours of fulvic and
humics in a sandy soil and found that fulvics were more soluble and mobile
than humics thus it is important to distinguish between these compounds
when investigating fate and transport. When comparing humic and fulvics, the
latter have also been shown to be the main fraction of humic substances for

reacting with metals (Donisa et al., 2003).

1.4.1.2 Inorganic nanocolloids

Inorganic nanocolloids are commonly occurring mobile phases in the aquatic
environment (Filella et al., 2007) and comprise mineral compounds and poorly
characterised metal oxides. Baalousha et al.,(2009) stated that in aquatic and
terrestrial systems the main types of inorganic nanocolloids were aluminium
phyllosilicates, oxides, and hydrous oxides of iron, manganese and silicon, but
Hennebert et al.,(2013) suggested that inorganic nanocolloids in waste
leachates were different than those in natural environments because in their
study, the Al and Si containing particles were not identified as aluminosilicates
but were instead found to be associated with Fe, Ca and P. This reiterates the
importance of obtaining landfill specific data rather than using other

environments to infer processes with a landfill environment.

It is also important to note that the redox conditions of the environment will
affect the inorganic nanocolloids present. The reducing environment within a
landfill system in the anaerobic stages (Figure 1.1, Stages II-1V) is likely to
influence the presence of metal oxides/hydroxides particularly Fe and Mn
(Christensen et al., 2001).

Minerals such as aluminosilicates are generally present as clays, and can be
distinguished from other colloids using microscopy techniques because of
their irregular particle shape and broad size distribution (Plathe et al., 201 3).
These minerals are of particular interest in landfill studies because landfill
liners are commonly made of clay material and it is important to understand

the interaction between clays and leachates (Huang, 2014).

Inorganic colloids in the natural environment are often dominated by iron
oxides (Worms et al., 2010), but metal oxides such as iron and manganese

oxides do not exist as pure oxides in natural waters, and generally contain

11
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significant amounts of other elements which makes them harder to

characterise (Filella et al., 2007).

1.5 Organic and Inorganic complexes

Organic and inorganic complexes are generally thought to be the major metal-
bearing components in landfill leachates (Baun and Christensen, 2004), with a
high portion of the metals being complexed by humic substances in the
leachate (Gounaris et al., 1993). Despite the focus on organic phases in the
literature, inorganic colloids have also been shown to be quantitatively
important in trace metal binding with metals bound to larger inorganic
particles to a higher extent than humic substances in a groundwater sample
(Geckeis et al., 2003). This study also suggested that these inorganic colloids
were coated with humic substances and thus organic complexes may also play

a role in inorganic colloid binding.

The distribution of metal species between dissolved and colloidal forms may
therefore affect the mobility of potentially toxic metals in the environment,
because the chemical form of metals (e.g. dissolved, sorbed to particles,
organic or inorganic complexes, and/or precipitates) determines their mobility,

bioavailability and distribution in the environment (Plathe et al., 2013).

DOM plays an important role in the binding and speciation of metals in the
environment, and hence their mobility, toxicity and bioavailability (Kérdel. W.,
1997). Studies characterising DOM binding behaviour with metals are mostly
based on laboratory methods; isolating humic and fulvic substances under
well-defined conditions. Tipping et al.,(2011) collated the results of these
studies to create a model to predict binding of 40 metals. This theoretical
model is, however, based on a simpler environment than that of a landfill. For
example, laboratory studies are unlikely to reproduce the full spectrum of
organic species present in landfill leachates. Investigating binding in real field
samples is not simple, however, and requires utilization of methods for
isolating fractions and methods with suitable detection methods, which have

previously not been possible.

Humic substances form complexes with metals because they contain a high

abundance of oxygen-containing functional groups. Humic substances also
12
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form stable complexes with polyvalent cations, with trivalent cations being
bound more strongly than divalent cations (Nelson Eby, 2004). In addition to
being dependent on the metal in question, the strength of these complexes is
controlled by the ionic strength and pH of the solution and the nature of the
functional groups of the humic substances, and they play an important role in

the mobilisation and transport of metals (Nelson Eby, 2004).

Inorganic colloid-metal complexes were examined in Lofts and Tipping (1998)
and they determined that iron, manganese and aluminium oxides and silicates
were implicated in metal binding partly due to their large specific surface areas
and their binding constants however, organic complexes were dominant.
Schmitt et al.,(2002) examined the interaction between metals (Al, Fe, Zn and
Pb) and both inorganic (clay) and organic phases (humic substances) and
showed that the presence of NOM decreased the adsorption of metals on to

clay particles suggesting that organic binding was preferred,

1.6 Distribution of Metal(loids) in Landfill Leachate

Nanocolloidal Size Fraction

Thus far, studies of metal associations with different size fractions (including <
0.1Tum) in landfill leachates have relied on conventional filtration methods,
such as ultrafiltration (Gounaris et al., 1993, Jensen and Christensen, 1999,
Jensen et al., 1999, Li et al., 2009b, Matura et al., 2010, Li et al., 2009a, Wu et
al., 2012) and centrifugation (Calace et al., 2001).

These studies have all found that different metals are variably bound to
nanoparticles (organic and inorganic) within the leachate, present in the truly
dissolved fraction and/or present as both organic and inorganic complexes. No
clear patterns have emerged, however, of the distribution of metals in different
size fractions between these studies or even within the same study (Li et al.,
2009b, Jensen and Christensen, 1999) and thus this thesis seeks to investigate
these distributions and elucidate patterns. The ambiguity in these studies may
partly be due to differences between individual leachate characteristics that
result in different metal associations, but it is also a reflection of the different
analytical techniques used in the various studies. A more detailed literature
review concerning the distribution of elements between these various forms

will be presented in Chapter 5.
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1.7 Thesis Overview

This thesis aims to investigate the behaviour of metals and metalloids in the
nanocolloidal fraction of leachates in order to obtain quantitative data of the
partitioning of these species between the various components of the “dissolved
fraction” that may be used to enhance landfill risk assessment models by

including the influence of colloid facilitated transport.

To undertake this, the research will need to select and optimise nanocolloidal
analytical techniques for their use with landfill leachates and apply them to
various landfill leachate samples. Thus, the research will address a gap in
scientific knowledge which is the optimisation of AF4-HR-ICP-MS to landfill
leachate samples to obtain reliable quantitative data of the interactions

between metals and nanocolloids.

Chapter 1: Background information about landfill leachates and an introduction

to the relevance of the project.

Chapter 2: A review of techniques available to investigate nanocolloids in
environmental samples and a justification of the techniques chosen for this

project.

Chapter 3: Materials e.g. chemicals and instruments used throughout the
thesis are detailed along with method optimisation for the techniques selected

in chapter 2.

Chapter 4: A detailed approach to AF4-HR-ICP-MS coupling is presented,
specifically that involved in quantifying and assessing the limits of the method.

The method is validated using a landfill leachate.

Chapter 5: Application of the method development to three different leachate
samples in order to examine the distribution of nanocolloids and associated
metallic elements in various leachate compositions and to a leachate sample
with altered pH and ionic strength to investigate influences of UK MSW Landfill
Leachate intrusion into groundwater on the metal/metalloid distribution in the

nanocolloidal fraction.

Chapter 6: Conclusions and future perspectives

14
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Chapter 2: Review of Techniques for the
Analysis of Nanocolloids and Associated

Elements in Landfill Leachates

2.1 Introduction

In recent years, advances in the technology for NP characterisation and
detection have enabled a better understanding of natural and manmade NP.
Experimental advances such as the invention of the scanning tunnelling
microscope in 1981, followed by the atomic force microscope in 1986 have
driven the growth of nanotechnology and more recent advances such as nano-
tracking analysis in 2003 are enabling more robust analysis methods. It is
important, however, to ensure that the use of these techniques in studying NP
is well-documented, so that there is a level of consistency and comparability
between different studies (Baalousha and Lead, 2012). In addition, it is also
important that the most suitable investigative technique(s) are chosen from the

wide range of available methods for the sample type and study in question.

In order to identify the most appropriate analytical techniques for the study of
nanocolloids in landfill leachates, the characteristics that need to be analysed
must first be defined. This study aims to provide data to investigate the role
that nanocolloids play in the transport of toxic metals, metalloids and
radionuclides in the subsurface environment. The characteristics of which can
then be used to predict and/or enhance appropriate contaminant behavioural

transport/risk associated models.

The characteristics that are most important for investigating the role of
nanocolloids on the fate and behaviour of pollutants are physico-chemical
properties, including size, shape, surface charge (Zeta potential), surface
coating and composition (e.g., organic or inorganic (Bradford and Bettahar,
2006, McCarthy and McKay, 2004, Flury and Qiu, 2008)). Therefore the
techniques chosen for this study must be able to analyse these characteristics,
as well as be able to detect and quantify the concentrations of associated

pollutants (metals, metalloids and radionuclides).
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Size is the defining characteristic of NP and the size distribution of organic
matter (OM) in landfill leachates is the primary influence on it’s ultimate
biogeochemical cycling fate (Powrie et al., 2010). Knowledge of OM
partitioning between different sizes or molecular weight classes will therefore
provide insight into understanding its behaviour, as well as that of the

elements associated with the various size fractions of OM.

Surface charge is an important control over the stability of NP transport in
water and reacts strongly to changes in environmental conditions, e.g. pH,
which can affect aggregation, dissolution and sedimentation of particles in
solution (Baalousha et al., 2011a). Surface charge is commonly represented by
measurements of zeta potential, which is a parameter of the electrochemical
potential between particle and dispersion media at the point of the interfacial
double layer (Fang et al., 2013). Measurements of zeta potential are
complicated in environmental matrices because they are usually based on the
assumption of either hard (impermeable) or soft (permeable) spheres in the
sample and for samples with non-spherical particles, quoted values of the zeta
potential may be misleading. This is particularly evident for landfill leachates
which likely contain a range of hard, soft, spherical and non-spherical spheres,

hence zeta potential measurements are not considered further in this study.

Shape can be used to classify natural NP and is important because it influences
aggregation and charge interactions, but it is rarely characterised in
experiments (Baalousha et al., 2011a). Shape has, however, been used to infer
particle composition and Buffle et al.,(1998) suggested that humic substances
formed irregular shapes while inorganic colloids had clear, angular edges. The
shape of NP can, however, be altered by surface coatings and aggregation,
making this parameter difficult to define and quantify and therefore to

incorporate into pollution prediction models.

Surface coating and particle composition can be measured using similar
analytical techniques. These characteristics are important for understanding
the type of nanocolloids present in samples and explaining how they interact

with pollutants e.g. humic-metal complexes (Worms et al., 2010).
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2.2 Techniques

Environmental samples present special challenges for analysis because
environmentally relevant particle concentrations often require low detection

limits which cannot be achieved with all techniques (Hassellov et al., 2008).

Lopez-Serrano et al.,(2014) divided analytical techniques for NP analysis into
three types: characterisation (to analyse the properties mentioned above),
fractionation (to extract, separate or fractionate NPs from the sample) and
qguantification (generally coupled with fractionation to validate and quantify NP

standards and provide further NP information).

Table 2.1 summarises the techniques available for particle analysis. While
many techniques may be applied to analyse particles in the colloidal size
range, it is important for this study that they are able to analyse particles and
associated elemental concentrations in the nanocolloidal range (< 100 nm).
The focus of this study is on nanocolloidal fractions because previous studies
(Bolea et al., 2006, Bolea et al., 2010, Stolpe et al., 2005, Stolpe et al., 2014)
suggest that a significant proportion of toxic metals and OM that are

traditionally classified as “dissolved” are likely to be present in this fraction.

Not all the techniques described in previous studies are suitable for use in this
study, but those that are will be discussed in more detail. It is important to
note, however, that while it would be beneficial to combine many techniques to
ensure that all possible characteristics are analysed, limited financial and time

resources restrict the number that can be actually used.
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Table 2.1 Techniques for nanocolloid analysis in landfill leachates. Adapted

from Hassellov et al.,(2008) and Lopez-Serrano et al.,(2014)

Technique NP Info Provided Size range(nm) /
Detection Limits
Atomic Force Microscopy (AFM) Size, Shape Surface texture, , 0.5 - <1000
Scanning Electron Microscopy (SEM) Size, Shape, Surface, 10 - <1000
crystallographic composition
Transmission Electron Microscopy (TEM) Size, Shape, elemental 1-<1000
composition( if coupled)

£ X-Ray Fluorescence (XRF) Surface, crystallographic and 0.5- <1000

= elemental composition

_g Dynamic Light Scattering (DLS) Size 3-<1000

E Ultra Violet Visible Spectroscopy (UV-VIS) Size, structure, surface chemistry  NA

[}

g Nanoparticle Tracking Analysis (NTA) Size 30- <1000

5 Multi Angle Light Scattering (MALS) Size, Shape 10-1000
Cross Flow Filtration/Ultrafiltration (CFF) - 1-30

§ Size Exclusion Chromatography (SEC) - 0.5-10

€  Field Flow Fractionation (FFF) - 1-1000

o

S Ultracentrifugation - 10 - <1000

s

[T
Inductively coupled plasma atomic Elemental Concentration ppb
emission spectroscopy (ICP-AES)
Inductively coupled plasma mass Elemental Concentration ppb

o Spectroscopy (ICP-MS)

© Laser Induced Breakdown Detection(LIBD) Elemental Concentration

L

8 Ultra Violet diode array detector (UV-DAD) Structure, surface chemistry

e

2 Fluorescence (FLU) Organic Substance Type

S

o

2.2.1 Characterisation Techniques

The size range of particles that can be quantified using the techniques
described in Table 2.1 is the main criteria for their selection in this study. SEM,
NTA and MALS are only able to detect particles >10 nm, and so are not the
preferred options for this study. XRF and UV techniques are able to detect
smaller particle sizes, but they are not able to provide size or shape
information which is vital for this study. AFM, TEM and DLS are techniques that
have potential for characterisation of nanocolloids in landfill leachates and will

be explored further.

2.2.1.1 Characterisation: Atomic Force Microscopy (AFM)

AFM is a type of scanning probe microscope that can be used to image the size
and shape of NP in samples and to gain information on particle size diameter
(PSD). The sample is immobilised on an atomically flat surface, often made of

gold or mica (Dufréne, 2009) and the topography of the sample surface is then
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determined by measuring the force between the sample and a cantilever-tip
system. Knowledge of the force between the tip and the sample is required for
sensible imaging (Baalousha et al., 2011b). Interactions between the cantilever
tip and the sample surface are detected by a laser and transferred to a
photodetector for imaging which can measure either particle height or the

diameter of spherical particles (Baalousha et al., 2011a).

AFM allows NP to be measured under environmentally-relevant, aqueous
conditions and therefore the sample does not need to be extensively processed
prior to analysis, which might otherwise lead to measurement artefacts. It may
be necessary, however, for the sample to be filtered and diluted prior to
analysis because large particles and high concentrations of particles can mask
smaller NP during imaging.

AFM has been used to image environmental NPs in several studies (Baalousha
and Lead, 2007, Lead et al., 2005), but it has not yet been applied to landfill
leachates. Lapworth et al.,(2013) did, however, employ AFM to investigate
nanocolloids in groundwaters polluted by a landfill leachate plume. In this case
an anaerobic chamber was used to keep the samples in the relevant
environmental conditions during the analyses; hence this application may be

useful for landfill leachates.

2.2.1.2 Characterisation: Transmission Electron Microscopy (TEM)

Transmission electron microscopy (TEM) is a microscopy technique that
produces high resolution two dimensional images by transmitting an electron
beam through an ultrathin sample on a conducting grid (often composed of
Cu). Samples must be ultrathin because it is important that electrons are not
absorbed by the material. The electrons that are transported through the

sample are then focused onto an imaging detector (Hassellov et al., 2008).

TEM is commonly used to measure NP >10 nm (Ebenstein et al., 2002) and it
can be used to provide an average NP size as well as PSD. This technique can,
however, cause sample degradation through the interaction with the electron
beam and during sample preparation. Sample preparation for TEM can be time-
consuming because of the thin samples required and a rigorous sampling and
handling procedure needs to be followed to obtain accurate results (Baalousha

et al.,, 2011b). In addition, OM samples may need to be stained in order to be
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imaged (Hassellov, 2008). The use of copper grids also hampers the detection
of copper in the sample if TEM is coupled with elemental detection such as

Energy Dispersive Spectrometry (EDS)

TEM has previously been used to investigate nanocolloids in landfill leachates
in Matura et al.,(2012) and more recently in Hennebert et al.,(2013) (which
employed the TEM-EDS technique). In both of these studies, TEM was used
alongside filtration methods but these studies only identified inorganic colloids
in the sample therefore the ability of this technique to identify organic colloids

in landfill leachates is unknown.

2.2.1.3 Characterisation: Dynamic Light Scattering (DLS)

Dynamic light scattering is another measure of NP size or PSD and is often
used in conjunction with other techniques to confirm size measurements. It is
a non-invasive technique that allows the measurement of size and PSD without
any sample alteration. By focusing a laser on a sample in a cuvette, the light
scattered by NP due to Brownian motion can be detected and measured, and
the different intensities of the scattered light can be used to calculate particle
size using the Stokes-Einstein relationship (Malvern, 2014). It is important to
note, however, that the size calculated is the hydrodynamic diameter and thus

presumes that the particle is spherical.

Although DLS is a quick and easy technique for measurement of PSD due to the
minimal sample preparation required (filtration or centrifugation only), there
are drawbacks. Samples which have high polydispersity can give misleading
DLS results because larger particles scatter more light and associated smaller
NP in the same sample are not then detected (Baalousha and Lead, 2012).
Multi-modal populations are particularly problematic because intensity-
normalised results are disproportionately skewed to larger
particles/aggregates in suspension even if smaller particles are predominant
(Bednar et al., 2013). DLS is therefore more suited to monodispersive samples

or used as a method in conjunction with other techniques.

Although DLS has been used extensively for characterising manmade NPs, it is

yet to be used to characterise landfill leachates.
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2.2.2 Fractionation Techniques

Fractionation is the most important technique for this study because it allows
for information on size fractions to be obtained rather than information solely
related to the bulk sample. For example, obtaining detailed information on the
associations of elements across the nanocolloid size range is vital for
developing risk assessment models. Ultracentrifugation is not able to
fractionate particles with sizes below 10 nm and so it is not a preferred
technique for this study. All other fractionation methods in Table 2.1 are

discussed in sections below.

2.2.2.1 Fractionation: Cross Flow Filtration/Ultrafiltration

Cross flow filtration is the most common technique for investigating colloids in
landfill leachates. The technique is able to process large volumes of water with
minimal alteration of colloidal particles. Filtration/ultrafiltration membranes
are used to separate particles from solution by recirculating or stirring a
solution over a membrane with particles smaller than the cut off diameter
passing through the membrane due to a pressure drop. Although this
technique only allows for two fractions to be obtained, sequential filtrations

can produce a range of different size fractions.

Campagna et al.,(2013) used ultrafiltration membranes from 100 kDa - 500 Da
to investigate the MW distribution of landfill leachates throughout the
treatment process and found that almost half of OM was present below 500
Da. Several studies have also used ultrafiltration coupled with an element
detection method to identify metal associations with different size fractions in
landfill leachates (Matura et al., 2010, Li et al., 2009b, Gounaris et al., 1993,
Jensen and Christensen, 1999, Jensen et al., 1999, Wu et al., 2012).These
studies will be discussed further in Chapter 5. An inter- calibration study of
CFF by Buesseler et al.,(1996) found, however, that there were variations in MW
cut off and that sample alteration can occur due to aggregation and adsorption
to the membrane. The method is also time-consuming, large volumes of

sample are required and size fractions are limited to available membrane sizes.
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2.2.2.2 Fractionation: Size Exclusion Chromatography (SEC)

SEC fractionation is carried out by passing a solution through a column packed
with porous material with a distribution of pore sizes in the range of the
particles to be fractionated (Barth and Boyes, 1992). Separation of particles
occurs by the ability of particles to enter the pores in the packing material and
is thus carried out according to their hydrodynamic volume (size and shape).
Smaller particles enter pores more freely than larger particles, thus extending
their elution time from the column. As a result of the pore sizes used, a SEC
column has an operating molar mass range and particles outside the range
elute first from the column. Fractionated particles then elute from the column
depending on their hydrodynamic volume, with particles that enter the same

pore size range eluting at the same time (Hassellov et al., 2008).

The method has limitations in that care must be taken to ensure that the
sample does not interact with the column and packing material. There is also a
limit to the number of pore sizes that can be used because enough difference
between the pores sizes is needed to generate sufficient difference for elution
times of the particles. The method, however, can be coupled with quantifying
detectors, such as MALS, DLS and UV-VIS, which can be used to detect particle

size and composition.

SEC has been previously used for fractionation of landfill leachates. Persson et
al.,(2006) used the method to study transformations in DOM MW along a
groundwater gradient and found that DOM MW decreased as distance from the
landfill increased. Lu et al.,(2009) collected fractions from SEC and analysed
them using fluorescence to investigate metal binding properties of DOM. This
study found that Cd preferentially bound to fulvic-like components wheras Cu

complexed with humic like components.

2.2.2.3 Fractionation: Asymmetric-flow Field Flow Fractionation (AF4)

Asymmetric flow field flow fractionation (AF4) is a one phase technique first
introduced by Giddings (1966 ) (Figure 2.1) which allows for continuous size
separation of particles in a solution. AF4 is part of a family of field flow

fractionation devices, but it is the only technique suitable for samples of this
size range (<100 nm). Fractionation occurs when particles are separated in a

channel by an asymmetric cross flow which forces particles towards a
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membrane after which they are then eluted according to their diffusion

coefficient.

During the injection step (2.1a), the sample is injected into the channel and
held in place by opposing focussed flows. This flow can be applied for a
chosen length of time, immobilising particles in a position in the channel and
forcing them towards the membrane. The focusing step follows (2.1b); smaller
particles in the sample have higher diffusion coefficients which means they
diffuse away from the membrane towards the middle of the channel more
quickly. Ordering of particles in the channel depending on diffusion coefficints
takes place during focusing and once focusing is completed, the focus flow is
removed so that only the flow across the channel and the perpendicular cross

flow remain. The final step is the elution step (2.1¢).

Due to the parabolic flow profile, the solution in the middle of the channel
flows fastest. This causes the smaller particles which diffuse further towards

the middle of the channel to elute first.
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Figure 2.1 Diagram illustrating the stages of AF4 a. injection, b. separation, c.
Elution. Figure from Plathe (2010)
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The particles then flow out of the channel, in order of their diffusion
coefficients , to the detectors and/or collectors, creating a graph known as a
fractogram (retention time V signal intensity). The retention time of particles in
the channel relates to the diffusion coefficient and can thus be used to
calculate the hydrodynamic diameter. The relationship between retention time
and relative molar mass can also be determined using standards of known

molar mass (Beckett, 1987).

AF4 can be used to fractionate manmade and natural NP. Several parameters
must be optimised for fractionation, but this means that the method can be

adapted to suit particular samples.

The AF4 technique not only removes the time consuming nature of multiple
filtration steps, but analytical devices for quantification, such as ICP-MS, can be
coupled online so as to measure parameters as the sample is separated. AF4
detectors are versatile and there is the possibility for both online coupling to

detectors as well as fraction collecting for offline analyses (Bednar et al., 2013).

AF4 has been used in many studies to fractionate nanocolloids (Bolea et al.,
2006, Jimenez et al., 2011, Laborda et al., 2011, Worms et al., 2010) and has
been used in one landfill leachate study (Dubascoux et al., 2008a) however this
study examined the speciation of organo-tins rather than conducting a multi-
element investigation. More details of these AF4 studies will be discussed in

subsequent chapters.

2.2.3 Quantification Techniques

Quantification techniques are required to analyse elemental concentrations
associated with nanocolloids and particles. When coupled with fractionation
these tools can be part of a powerful method for nanocolloid analysis. ICP-AES
and ICP-MS are similar techniques for measuring elemental concentrations but
due to the lower detection limits in ICP-MS, this is the preferred technique for
this study.

2.2.3.1 Quantification: UV-DAD

UV-DAD is a spectroscopy technique that measures absorption across the

complete wavelength spectrum between 190 and 800 nm. It is a common non-
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destructive technique for on-line analyses and has been coupled with AF4 and
SEC to detect elution of particles and identify organic compounds (Bolea et al.,
2006). Due to the limited sensitivity and lack of quantitative standards, UV
detectors lack specificity to identify organic compounds even when multiple
wavelengths are analysed (Bednar et al., 2013). Specific wavelengths can be
chosen and the signal at 254 nm is a widely accepted wavelength for detecting
NOM (Coble, 1996).

UV detectors have been used for online measurements in conjunction with AF4
in many environmental studies (Gueguen and Cuss, 2011, Cuss and Guéguen,

2012, Stolpe et al., 2012) in order to analyse organic-particle associations as a
function of size and all showed that this technique is suitable for detecting OM

in environmental samples.

2.2.3.2 Quantification: Fluorescence (FLU)

Fluorescence (FLU) is a spectroscopy technique which measures the light
emission as a result of the return of electrons from a singlet excited state to a
singlet ground state (Baalousha et al., 2011b). The sample is irradiated with
light at a specific excitation wavelength and the intensity of emitted light is
then measured at a designated emission wavelength. The technique is highly
specific for organic substances and is able to distinguish between humic and
fulvic- like substances by focusing on specific excitation and emission
wavelengths (Coble, 1996) .

The technique can be coupled online with fractionation so that the size
distribution of organic substances can be determined as used in Stolpe et al.,
(2010b). When coupled online to a fractionation method, the detector is only
able to measure at the designated excitation and emission wavelengths, but it
does provide a continuous record during the fractionation period. When
fractions are collected and analysed off-line, FLU can be used to provide an
Excitation Emission Matrix (EEM) which can be used to investigate the particle
size distribution of different organic substances (e.g. protein-like or fulvic-like

substances) within leachates (Wu et al., 2012a).
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2.2.3.3 Quantification: Inductively Coupled Plasma Mass Spectrometry
(ICP-MS)

ICP-MS is used for quantitative multi-element analysis of a solution and is
capable of measuring most elements in the periodic table with low detection
limits. As a consequence, it has become the method of choice for low-level
quantification of metals in environmental matrices (Lesher et al., 2012). When
coupled with AF4, it enables the continuous determination of elements within
different fractions so as to examine metal associations with colloidal size
distributions. ICP-MS can also be used to measure bulk concentrations of

elements in samples.

By ionising a sample with the inductively coupled plasma, ions are directed into
a mass spectrometer which separates the ions according to their mass to
charge ratio. The number of ions detected at a selected mass is proportional to
the concentration of a particular element in the sample (Wolf, 2005). Element
concentrations can be quantified by measuring standards of known element

concentrations and calibrating the response.

Due to isobaric and spectral interferences caused by mass overlap, some
elements require higher mass resolution detectors. Although measuring
elements in high resolution reduces measurement sensitivity, for elements
such as As (important in terms of pollution) high resolution is necessary to
allow for spectral separation of the interference of “Ar**Cl (amu 74.9312) from
“As (@mu 74.9216). High Resolution (HR)-ICP-MS has the inbuilt capability to
switch between different mass resolutions during a measurement and,
therefore, different elements can be measured in different resolutions so that
the sensitivity is not compromised. This enables a variety of elements to be
quantified simultaneously in one solution. A conventional quadropole ICP-MS
may be able to resolve this interference but would not achieve equivalent
detection limits therefore a HR-ICP-MS is preferred for study of landfill

leachates.

Since the initial study of Hassellov (1999), coupling of AF4 with ICP-MS has
been increasingly used (Siripinyanond and Barnes, 1999, Worms et al., 2010,
Bolea et al., 2010, Bolea et al., 2006, Jimenez et al., 2011, Laborda et al.,
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2011) to investigate elemental concentrations with size fractions in a variety of
environmental samples. Stolpe et al.,(2005) was the first to couple AF4 with
HR-ICP-MS, which enabled a higher number of elements (45) to be analysed
online; 15 more than with previous studies using a conventional quadropole
ICP-MS (Lyven et al., 2003). With a high number of potential elements in landfill
leachates, coupling of the AF4 with HR-ICP-MS has the potential to enable a
comprehensive determination of metal associations with size fractions in this

environment.

2.3 Discussion of Techniques

It is important that characterisation methods are able to determine the size
and shape of particles, therefore AFM and TEM are both suitable for this study.
The size detection limits for both techniques are similar, but there are
differences in sample preparation techniques. AFM sample preparation is less
time consuming than that for TEM, particularly when imaging organic
nanocolloids, as will be necessary in this research. Although TEM has the
advantage that it can be coupled with techniques to allow for individual
particle element detection, this information can be provided by other
tecnhiques. The ability for AFM to measure under environmentally relevant
conditions is ultimately what makes AFM more suitable for the study of landfill

leachate nanocolloids.

DLS also measures size, and the minimal sample preparation required and fast
analysis time make it ideal to use as a preliminary characterisation method in
conjunction with AFM. Although the method is known to be limited when used
with polydispersed samples, analysis of a sample with DLS prior to AFM and
fractionation enables these techniques to be optimised for a more detailed

analysis of polydispersed samples.

All of the fractionation techniques presented here can, potentially alter
samples during fractionation, and because it is easier from a financial and
logistical point of view to apply the same storage and preparation methods to
all the analytical techniques, careful consideration must be given to choosing
an appropriate technique. AF4 provides continuous fractionation of particle
sizes in one phase, and is therefore is less time consuming, resource intensive

and provides higher resolution results then CFF or SEC making it the most
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suitable technique for producing the large amounts of data required for this
study. The ability of AF4 to either fraction collect or to analyse online is also

another positive attribute of this technique.

UV-DAD and Fluorescence provide complimentary information on organic
nanocolloids. Both techniques can easily be coupled with AF4, but they are not
able to detect inorganic nanocolloids or provide elemental concentrations,
hence HR-ICP-MS analyses are also required and can be coupled with the AF4-
UV-FLU system.

2.4 Selected techniques for Landfill Leachate Analysis

AFM is the most suitable technique for imaging nanocolloids in landfill
leachates due to the simple preparation steps and its ability to carry out the

measurements under environmentally relevant conditions.

DLS can provide quick and easy analysis of the size and distribution of
nanocolloids. Although this technique may provide ambiguous results for
polydisperse samples, it is valuable as a preliminary step to confirm the
nanocolloid size range before using complementary fractionation and

quantification techniques.

AF4 is the best fractionation technique available for landfill leachates because
it provides continuous separation in one phase. In order to obtain information
about organic and inorganic particles and elemental concentrations, AF4 will
be coupled with UV-DAD, Fluorescence and HR-ICP-MS.
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Chapter 3: Materials and Method
Optimisation for the Characterisation

of Nanocolloids in Landfill Leachates

3.1 Introduction

The aim of this chapter is to determine the optimal parameters for identifying,
separating and characterising NP in landfill leachate using a multi-technique
approach. The materials used throughout this thesis will also be reported here.
To the author’s knowledge, this study is the first to use AF4, DLS and AFM
together to characterise the nanocolloid fraction of landfill leachates and

associated elemental composition.

By optimising a method to analyse landfill leachate nanocolloids and
associated element concentrations in an untreated landfill leachate from a UK
municipal solid waste (MSW) site, this chapter aims to provide a standard
method which can be applied to landfill leachates of different types. This will
enable data to be obtained which can contribute to current landfill risk

assessment models, thus enhancing their accuracy.

The characteristics to be determined and the techniques to be optimised will
include: Particle size distribution (AF4), particle composition (UV, fluorescence)
and particle size and shape (DLS and AFM). These physicochemical
characteristics are important in predicting the mobility of contaminants in the

subsurface environment.

3.2 Materials

The following section will detail the materials used throughout this thesis.

3.2.1 Chemicals

Milli-Q water refers to 18.2 MQ ultrapure water produced from a Milli-Q system
through a filter size of 0.22 pym (Millipore, Merck, Germany). All Milli-Q was
vacuum filtered through a 0.1 pm polyvinyl difluoride (PVDF) 47 mm diameter

filter containing nitrocellulose (Millipore, Merck, Germany) using a HPLC
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Solvent Vacuum Filtration and Clarification Kit with a 5-Litre Glass Flask
(Millipore, Merck, Germany). This extra filtration step was used to eliminate any
large particles which may interfere with the characterisation results and also to
reduce the risk of blocking in the AF4 system as recommended by the
manufacturer. All reagents used were of high purity grade and purchased from
Fisher Scientific (UK) unless stated. Ultra high purity NaCl suprapur (VWR) was
used for analysis involving HR-ICP-MS. Working solutions were prepared by

dissolving the corresponding mass of reagent in Milli-Q.

Working elemental standard mixtures were prepared by dilution of single
element 1000 mg/L synthetic standards (Inorganic Ventures). All sample ICP-
MS preparation was carried out in a clean laboratory. All polypropylene vials
were washed with 10% HNO, prior to use. All HNO, used was sub-boiled
(Savillex dst-1000).

3.2.2 Polystyrene Sulfonate Standards

Polystyrene sulfonate standards (PSS) (Polysciences, Inc.) of varying specific
molecular mass fractions (1 -400 kDa) were used for molecular weight
calibration. These were prepared at 20 mg/L in the appropriate carrier solution
(section 3.3.4.1).

3.2.3 Samples (Landfill Leachates)

The Environment Agency (2009) defined 4 broad classes of leachate in terms of

the waste composition from which they are derived:

1) conventional municipal solid waste (MSW)
2) mechanically separated and biologically treated municipal solid waste
(MBP)

3) bottom ash from incineration of municipal solid waste (MSWI)

4) treated hazardous wastes.
This study will focus on leachates from classes 1 and 2. Leachates from classes
3 and 4 are both hazardous and thus have associated handling risks so were
not available for use in this study. Furthermore, it can be difficult to obtain
landfill leachate samples for research purposes due to concerns with
anonymity of results in case of breach of landfill regulations. While this study

aims to develop a method that is suitable for analyses of MSW and MBP
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leachates, it is important to recognise that there is no such thing as a
“standard” leachate sample, because of the wide range in waste composition at
landfill sites. Other factors such as rainfall and landfill engineering also affect
waste characteristics. Nevertheless, a landfill leachate that was previously well
characterised was required in order to develop the methods describe herein.

Also, the leachate had to be easily accessible and available in large volumes.

Given the scope of this study, for the purpose of method development,
representative leachate material was required that ideally contained readily
measureable concentrations of the elements of interest without using multiple
samples or the addition of synthetic standards. Creating a synthetic leachate,
such as that used in Environment Agency (2003) was considered, but it was
decided to explore the use of a real leachate in order to obtain results
representative of an actual environment and to create a method that was able

to overcome the challenges likely to be posed by analyses of real samples.

The material chosen for development work was a MSW leachate (from here on
referred to as MSW) collected from a leachate well by an on-site sampling
technician. The site was in Essex, UK and currently accepts municipal solid
waste (although it had previously accepted a variety of waste types). At the
time of sampling, the landfill was approximately 5 years old and the waste was
expected to be in the methanogenic stage (Figure 1.1). The sample was
collected in a 20 litre plastic container which was transported and stored at

4 °C.

This material was selected because it was available in large volumes due to
longstanding collaborations between our research group and the site. An
additional benefit of this collaboration was that previous characterisation work
has been completed and complimentary research was being conducted (Dalton,
2014). The leachate was known to contain a diverse elemental composition and
also have conductivity higher than a typical leachate (Table 3.1). High
conductivity/ionic strength can be a challenge to the characterisation of
nanocolloids and detection of elements because dilution of high TDS samples
is required for ICP-MS analysis but thus reduces the concentrations in the
sample and also because changes in ionic strength during particle analysis can
cause particle aggregation (see Section 3.3.4.1). Hence, by developing a
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method able to tackle an analytically challenging leachate it was hoped that

other less problematic leachate types could be handled with relative ease.

In order to apply and more widely validate any developed method, it was
recognised that leachates with different compositions and characteristics were
also needed (see Chapter 5). Due to the difficulties of obtaining leachate
samples mentioned earlier, two additional synthetic leachates were used.
These were a mechanically biologically treated (MBT) waste (class 2) and an
aged municipal solid waste (AMSW) (class 1) leachate created from real waste.

Both leachates have been previously characterised (Table 3.1) (Dalton, 2014).

The MBT leachate was created synthetically from waste from a MBT plant in
Dorset, UK. The aged municipal solid waste (AMSW) leachate was created
synthetically using aged waste (> 10 years buried) from a cell (same landfill site
in Essex, UK as MSW) which was leached to create the AMSW leachate. Further
details on the creation method of these leachates can be found in Dalton
(2014).

Table 3.1 Leachate Characteristics from Dalton (2014)

Sample MSW  MBT  AMSW MSW Range (Christensen et MBT Range (Robinson et
al., 2001) al., 2005)

pH 8.32 7.29 7.21 4.5-9 7.5-8.5

Conductivity 41 7.7 2.9 2.5-35 10-20

(uS/cm)

TOC (mg/L) 2389 1080 139 30-2900 500-2000

Table 3.1 shows that the MSW leachate has a pH and TOC content towards the
higher end of values recorded in the literature. The high TOC value is
representative of a leachate at the earlier stages of the methanogenic stage. In
contrast, the low TOC value of the AMSW reflects that fact that the leachate
was derived from older waste in which more biodegradation of organic matter
has occurred. The pH of AMSW is representative of a typical methanogenic

leachate. Limited data is available for MBT leachate in the literature because
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this treatment method is relatively new, but characteristics listed in Table 3.1

are in the range recorded for MBT and also for MSW leachates suggesting that
MBT does not differ significantly from MSW. The MBT values are representative
of a leachate which is in a later period of the methanogenic stage, as would be
expected after the treatment process. Sample characteristics will be discussed

further in Chapter 5.

3.2.4 Instrumentation

The various instruments used to carry out the experiments described in this
thesis will briefly be described here with more details of their use in the

relevant method development sections.

3.24.1 Atomic Force Microscopy (AFM)

AFM images of the sample particle shapes and sizes were obtained using a
MAC Mode Ill, 5500 Scanning Probe Microscopy (Agilent Technologies, US) with
standard silicone AFM probes (Nanoworld, Windsor Scientific, UK). Images were
acquired in non-contact tapping mode with a nominal cantilever force constant
of 42 N/m, resonance frequency of 300 kHz and a tip radius of < 10 nm.
Images were recorded in both the topography and imaging modes. PicoView
1.1 and Picolmage (Agilent Technologies, US) software were used for data
acquisition and image analysis. All the scans were performed at ambient
conditions.

The samples were deposited on a freshly cleaved mica sheet (1T mm x 11 mm
x 0.15 mm (Agar Scientific, UK). The AFM sample preparation will be discussed
further in Section 3.3.2.

3.24.2 Dynamic Light Scattering (DLS)

A Malvern Zetasizer S (Malvern, UK) was used to provide particle size and
distribution measurements. All measurements were made at room temperature

using disposable plastic cuvettes.

3.24.3 Asymmetric-Flow Field Flow Fractionation (AF4)

The AF4 system used for sample fractionation was an AF2000 (Post Nova
Analytics, Landsberg, Germany). The system was as standard, with the

following changes: The metal needle injection port was replaced with a PEEK
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Loop Filler Port (P/N 9012, Rheodyne, Upchurch, UK) so that the system was
metal free. All tubing was PEEK and all glass bottles were replaced with HDPE
bottles to reduce system metal contamination. Further materials used as part
of the AF4 system will be discussed in 3.3.4.

3.24.4 UV-VIS Photo Diode Array (UV-DAD)

The AF4 system was coupled with a UV-DAD (SPD-M20 UV-DAD, Shimadzu,
Germany) detector to detect particles eluting from the AF4 channel (Section
2.2.3.1) The UV-DAD was connected in-line with the AF4 so that elutant from
the AF4 flowed from the channel outlet and then through a flow cell in the UV-
DAD. This provided a continuous signal by taking measurements every 0.01
seconds during a fractionation run. In order to measure NOM, the signal at 254

nm was selected (Coble, 1996).

3.2.4.5 Fluorescence (FLU)

A fluorescence detector (RF-20A, Shimadzu, Germany) (Section 2.2.3.2) was
connected in-line with the AF4 and UV-DAD detector. The detector allowed
measurement of two fluorescence channels by specifying excitation and
emission wavelengths for each channel. In order to measure humic and fulvic-
like substances, the channels were set at Excitation:260 nm, Emission:450 nm

and Excitation:335 nm, Emission:450 nm, respectively (Coble,1996).

After exiting the UV-DAD flow cell the elutant flowed in to the FLU flow cell and
detector producing a continuous signal, by measurements being recorded

every 0.008 seconds.

3.2.4.6 Fraction Collector

A fraction collector FRC-10A (Shimadzu, Germany) was used to collect elutant
leaving the FLU Detector in time specified fractions using the LC solutions

software (Shimadzu, Germany). Further details will be given in Chapter 4.

3.24.7 High Resolution Inductively Coupled Plasma Mass Spectrometry
(HR-ICP-MS)

The HR-ICP-MS used was an Element 2 XR (Thermo Scientific, Germany).
Specific HR-ICP-MS operating procedures will be detailed in Chapter 4.
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3.2.4.8 Electrical conductivity, pH and TOC

Electrical Conductivity and pH were measured using a handheld probe (Hanna
Instruments, UK). TOC was measured using a multi N/C 3100 (Analytik-Jena,

Germany).

3.3 Methods and Method Optimisation

A number of the techniques used in this study for investigating nanocolloids
had not previously been applied to landfill leachates, so no established
methods were available. Hence, instrument parameters and sample preparation
methods needed to be optimised in order to harmonise the logistics of the
various measurement techniques and to provide reliable data. For example, the
AF4 parameters needed to be optimised to ensure that high quality elemental
concentration data would be obtained when coupled with HR-ICP-MS. Note that

all method optimisation was carried out using the MSW sample.

3.3.1 Sample Preparation

For the techniques being used in this study (AFM, DLS, AF4, HR-ICP-MS), a raw
leachate was not suitable for use without some sample preparation because of
the large particles that it was expected to contain (section 1.4). Samples were
therefore vacuum filtered using polyvinyl diflouride (PVDF) 47 mm diameter
nitrocellulose filters (Millipore, Merck, Germany) mounted on a Nalgene
Polysulfone Graduated Filter Holder with Receiver, 47mm Membrane Diameter,
500mL Capacity (Fisher Scientific, UK). The samples were filtered first at 0.45
pum and then at 0.1 pm to reduce filter clogging from large particles. Filters
were changed when flow rates visibly lowered due to clogging. Samples were
refrigerated after filtration but removed prior to analysis and allowed to reach

room temperature.

3.3.2 Atomic Force Microscopy (AFM)

Atomic force microscopy was used to confirm PSD obtained by the DLS and
AF4 techniques, and this also provided information regarding the size and
shape of the NP in the sample. AFM was selected in preference to transmission

electron microscopy (TEM) because it allows for the NP to be measured under
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environmentally-relevant, aqueous conditions, (section 2.2.1.1). It was
necessary, however, for the sample to be filtered and diluted prior to analysis
because large particles > 0.45 pm and high concentrations of particles can

mask the smaller NP during imaging.

3.3.2.1 AFM Method Optimisation

There is no standard AFM sample preparation method in common use so
multiple preparations were required to evaluate any artefacts on the analyses
and to select the most suitable method for a leachate sample. 3 different
methods were assessed; adsorption from solution (immersion), sorption from a
thin layer (dried then rinsed) and drop deposition (dried) (Baalousha and Lead,
2012). Samples prepared using these methods were imaged and the results

evaluated.

Successful analysis of nanocolloids with AFM would be expected to show
shapes and sizes of individual NP, with minimal artefacts on the mica sheet.
Indistinct images (such as those showing particle aggregation or salt
deposition) will result in unreliable results when they are analysed using the
Picolmage software and may require more dilution or a different preparation

method to improve the image.

Three aliquots of 0.45 pm filtered MSW were diluted 10x using 0.02 M NaCl.
Dilutions with higher NaCl concentrations (more similar to the ionic strength of
the samples) were initially trialled but these resulted in drying artefacts
because the salt particles attached to the substrate and made imaging of the
NP difficult. In order to compare the preparation methods, the influence of
ionic strength on PSD was not considered at this stage. Without dilution the
concentration of particles was too high resulting in overloading of particles on
the mica sheet and poor imaging.
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3.3.2.2 AFM Method Development Results

Salt crystallisation

Particle aggregation

Figure 3.1AFM Method comparisons a: adsorption from solution, b: drop deposition,

c: sorption from a thin layer

Figure 3.1 shows the results of the AFM imaging of the samples produced from
the 3 methods (Note that Figure 3.1b has a different scale). The adsorption
from solution method (Figure 3.1a) was not successful because there was little
adsorption of particles on to the mica and salt crystallisation was visible.
Although particles can be imaged using drop deposition (Figure 3.1b), salt
crystallisation can be seen to alter the images with large aggregated particles
visible. The Picolmage software was used with the intention of obtaining
characteristics of particles present (e.g. mean diameter), hence any salt
crystallisation or aggregation would skew these results. Sorption from a thin
layer (Figure 3.1c) appeared to provide the clearest image, on the basis that
individual particles were imaged and no salt crystallisation was visible, most
likely because the rinsing steps dissolved away excess salts that might
otherwise have been deposited on the mica. Hence, sorption from a thin layer

was the favoured method for further analyses in this study.
Although 0.02 M NacCl solution was suitable to assess the AFM method when

evaluating adsorption of particles on the mica sheet, there were concerns

about PSD perturbation due to the ionic strength alteration of the solution.
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Therefore, the PSD values and images were evaluated carefully when alternative
solution concentrations were used. Effects of ionic strength on PSD will be

examined further in section 3.3.4.1.

3.3.2.3 AFM Method Summary- Sorption from a thin layer

e Sample diluted 10x with NaCl solution of appropriate strength (0.1 pm
filtered) in 20 ml vial and left overnight at ambient conditions.

e 20 pl of solution deposited on to mica sheet and left at room
temperature (~1 hour).

e Mica sheet gently rinsed by immersion in 0.1 pym filtered Milli-Q (3x in
different Milli-Q aliquots) to rinse excess salts and particles.

e Mica sheet lightly shaken and placed in covered Petri dish to dry
overnight at room temperature.

e Sample analysed within 72 hours.

3.3.3 Dynamic Light Scattering (DLS)

The relative capabilities and uncertainties of the DLS technique were discussed
in section 2.2.1.3 and largely relate to analyses of samples containing a wide

range of particle sizes. DLS was used alongside AFM to confirm PSD.

3.3.3.1 Dynamic Light Scattering Method Optimisation

A Malvern Zetasizer S (Malvern, UK) was used to provide particle size and size
distribution measurements. An aliquot of the 0.1 pm filtered fraction was
pipetted in to a disposable plastic cuvette at the recommended volume. The
cuvette was placed in the measurement cell and the measurement started
using the Zetasizer software in batch mode. All measurements were made at
room temperature with a 120 second temperature equilibration time.

Each measurement consisted of between 10-25 runs (as determined by the DLS
software) which were then used for the final measurement calculation. In order
to obtain more precise data, a minimum of 6 repeat measurements were taken

for each sample in order to calculate a mean PSD.

38



Chapter 3

3.3.3.2 Dynamic Light Scattering Results

1000

Diameter (nm)

R R
unl un 2 Run 3

RunS _— Run 6

Run4

Figure 3.2 Preliminary PSD analysis of MSW using DLS (6 runs)

Figure 3.2 shows that different PSD results were obtained from 6 runs
performed under identical conditions. In particular, Run 5 shows the particles
to be much smaller than indicated by the other runs, with an average peak
particle size of ~2 nm. Runs 2 and 6 show a peak between 9-10 nm and runs 1
and 3 have very similar PSD, with a peak around 13 nm. DLS is known to favour
larger particles in polydisperse samples because the larger particles scatter
more light than smaller particles resulting in less small particles being
detected. It is possible that larger particles may have masked smaller particles

in all runs but run 5. The difference between the runs may be due to the

different optimal laser position assumed in each run.

It is therefore important to carry out DLS analysis multiple times in order to
obtain representative data. The software calculates a polydispersity index
(ranging from 0-1); with values greater than 1 indicating that the sample may
not be suitable for use with DLS and thus, this value can be used to assess the
quality of the data. The variability of results with polydisperse samples such as
leachates suggests that DLS must be used in conjunction with other techniques

in order to obtain accurate and precise data.
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3.3.3.3 Dynamic Light Scattering Method Summary

e Transfer sample aliquot into plastic cuvette to reach recommended
volume line

e Place cuvette in cell and start measurement

e Repeat measurement at least 6 times (reviewing data and polydispersity
index)

e Use mean of measurements (removing outliers) for results

3.34 Asymmetric Flow Field Flow fractionation (AF4) Parameter
Optimisation

AF4 was used to fractionate the leachate sample and thus assess the PSD of
the nanocolloidal size fraction. The technique allows for desired size fractions

to be collected and used for further analysis.

In order for fractionation to be successful several parameters affecting
separation efficiency had to be optimised. Table 3.2 shows the parameters that
can be optimised and the conditions used in published studies investigating
natural nanoparticles. An additional consideration was the compatibility of the
parameters chosen with the techniques used for further particle analysis (UV,
FLU and ICP-MS). Baalousha et al.,(2011b) stated that method optimisation
should account for; the choice of carrier solution, the membrane pore size and
composition and the strength of the applied cross flow required in order to
obtain good particle size separation. Therefore, all of these parameters are

investigated further in this study.
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Table 3.2 Carrier Solution and other parameters from natural NP studies

Carrier Solution  Membrane Detector Cross flow Tip flow Focus Injection focus Spacer  Sample Authors
Flow (ml/min) (ml/min) flow volume time (um)
(ml/min) (ml/min) (b (min)

10 mM NaNO, 1 kDa/ 10 1 3.09/4.09 0.09 4 14 Colloidal organic (Alasonati et al.,

pH 5.7 kDa matter rivers 2010)

Milli-Q 10 kDa 1 0.3 254 Soil Waters (Baalousha et al.,

containing 2005)

0.025% SDS

and 0.02% NaN,

0.025% SDS + 1 kDa RC 1 0.05-0.1 for 50 minutes River (Baalousha et al.,

0.02% NaN, 2006a)

Sodium Azide

1 mM NaNO, 1 kDa RC 1 3 - River (Baalousha and
Lead, 2007)

0.01 M NaHCO, 1kDa - 3 0.5 20 River water (Benedetti et al.,
2003)

Ultrapure 5 kDa RC - 0-900 Seconds 3.4 1500 =0 2700 100 500 Compost leachate  (Bolea et al.,

water to pH 9.3 =0 2006)

with NaOH 1M

Ultrapure 1 kDa PES 0.8 Variable 100 350 Compost (Bolea et al.,

water pH 8 leachates 2010)

with NaOH 1M

Ultrapure 5 kDa RC - 2.4-0 over 30mins linear 15mins 0 - 100 500 Groundwater (Bouby et al.,

water to pH 9.3 2008)

with NaOH 1M

Ultrapure 5 kDa RC 0.8 2.4-0 over 30mins linear 15mins 0 - 100 500 Bentonite colloids  (Bouby et al.,

water to pH 9.3 2011)

with NaOH 1M

pH checked

every 8 hours

1-10mM 1 kDa RC 1 0.3/0.5/0.8 - 100/400 Landfill Leachate (Dubascoux et

NH,NO, al., 2008a)
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Carrier Solution Membrane Detector Flow Cross flow Tip flow Focus Injection  focus Spacer Sample Authors
(ml/min) (ml/min) (ml/min) flow volume time
(ml/min)  (ul) (min)
1 mM NH NO, + O.1 10 kDaRC 1.4 0.4 0.75 5 River (Dubascoux et al.,
mM SDS 2008b)
Milli-Q with ionic 300 Da 3.5 0.33 3.3 2000 500 Rivers (Gueguen and Cuss,
strength adjusted PES 2011)
with sodium chloride
58ppm
25 mM NacCl 1 kDa RC 5 5 for 25 100 500 River (Krachler et al., 2010)
minutes
Ultrapure water pH 8 1 kDa PES Variable - 0.8 100 350 Compost leachates (Laborda et al., 2011)
with KOH 1 M for
colloids , NH NO,
0.02 M for
macromolecules <50
kDa
0.5 M Na_P.0 Na+ 1.4/ 1 0.4/0.6 0.05 100/50 20/15 River Water (Plathe et al., 2010)
molarity o? 2 Mm, 0.5
mM NacCl, 0.5 mM
Na P,0 Na+ molarity
of 2 mM
0.001 M NacCl +0.003 1 kDa 0.9 4.8 0.1 100 Groundwater (Ranville et al., 2007)
M NaN,
30 mM Tris bufferat 1 kDa 1 2 - 20 2 254 River And (Siripinyanond and
pH 7.5 Estuarine Barnes, 2002)
15 mM NH CL pH 8 1 kDa PES 0.5 3 4.5 30 River/Seawater (Stolpe et al., 2010b)
river, 55 mM NH,CL
pH seawater
10 mM NaNO, pH 5.4 1 kDa RC 1 3 for LMM 0.25 4 1000 Wastewater (Worms et al., 2010)

for HMM

“_«
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3.3.4.1 Carrier Solution

The first parameter considered was the carrier solution because it is integral to
the AF4 system and must be optimised to ensure efficient particle separation
(Baalousha et al., 2011). An ideal carrier solution should not alter the
aggregation state of the particles (Bolea et al., 2010). The solution chosen
should therefore mimic the chemical characteristics of the sample’s matrix as
closely as possible, so that it’s characteristics are not altered. Dubascoux
(2008c) found that although the chemical composition of carrier solutions did
not influence the fractionation and recovery of a sample, the ionic strength did.
A simple solution of electrolytes with ionic strength and pH conditions close to
the sample being investigated is therefore most often used (Baalousha et al.,
2011). It should be noted that these published studies did not consider
coupling of the AF4 system with ICP-MS for the determination of the elemental
concentrations of the particles, so the effects of the choice of carrier solution
on the chemical composition of the particles was not considered whereas in

this research it was an important consideration.

HR-ICP-MS analysis adds an extra complication to the selection of a suitable
carrier solution, because it needs to both closely mimic the nature of the
leachate sample and be compatible with post-separation analytical techniques.
In particular, it needs to contain low levels of the elements of interest so as not
to overprint the signature of the sample and lead to high background levels in

the system.

A selection of carrier solutions (see Table 3.2) were reviewed and a list of
potential candidates selected on the basis that they would not alter sample
characteristics and would be compatible for analysis using HR-ICP-MS (Table
3.3). Chemicals and reagents not available in high purity grade were ruled out
due to possible elemental contamination of the sample from the carrier
solution. Milli-Q water was initially the preferred carrier solution due to its
availability and compatibility with HR-ICP-MS (after acidification) as well as to

avoid interactions between the sample and the carrier solution.

Unfortunately, initial fractionation runs with Milli-Q did not provide sufficient
separation of the size fractions. In a preliminary fractionation run of the MSW

sample using a 2 ml/min cross flow of Milli-Q for 60 minutes (parameters in
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Table 3.6), no particles were detected suggesting that the dilution of the
sample and lowering of ionic strength may have promoted particle

aggregation.

Table 3.3 Potential Carrier Solutions selected from Table 3.2

Potential Carrier Concentrations in literature
Sodium Nitrate NaNO, 1-10 mM

Ammonium Chloride NH CI 5-55 mM

Sodium Chloride NaCl 1-25 mM

Ammonium Nitrate NH NO, 1-15 mM

Tris Buffer 5-100 mM

In order to assess the blank level element concentrations of the potential
carrier solutions, 100 mL of each solution in Table 3.3 were prepared at 0.1 M
concentrations using Milli-Q and analysed using the HR-ICP-MS. This screening
found that some potential carrier solutions contained elemental levels higher
than the MSW concentration if diluted 10-fold (considered the minimum
dilution required for ICP-MS) (Table 3.4).

Previous work has shown that the MSW selected in this study has higher
elemental concentrations than typical leachates (Dalton, 2014) hence high
background concentrations of elements of interest in the carrier solution would
cause difficulties when measuring other leachates. NaCl Suprapur (VWR) was
found to contain the lowest concentrations of most of the elements of interest

(Table 3.4), so it was chosen as the carrier solution.

Once the carrier solution was selected, the optimum molar concentration had
to be determined. The molar concentration affects the sample separation
because changes in the ionic strength of the solution can induce particle
aggregation or break up of pre-existing particle aggregates (Bolea et al., 2010).
Electrical conductivity was used as an indicator of the ionic strength of the
leachate, which yielded a value of 41 mS. A 1 M NaCl solution has a
conductivity of 85 mS, hence a ~ 0.5 M NaCl carrier solution was required to
match the conductivity of the leachate. This concentration of carrier solution
would be higher than values reported in the literature (Table 3.3), but this
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reflects the high ionic strength of the MSW leachate used in this study and the

concern that a lower ionic strength of carrier solution would affect the PSD.

High ionic strength carrier solutions have, however, been reported to reduce
recovery of the sample because of increased membrane interaction e.g.
adsorption (Neubauer et al., 2011), and may also cause challenges when
conducting HR-ICP-MS analyses because the high salt content can cause
blockages in the nebuliser, and a build-up of salt deposits on the ICP-MS
interface resulting in excessive drift in the signal intensity. A compromise

therefore, had to be found.

Table 3.4 Concentrations of elements in potential carriers (ppb) obtained using
HR-ICP-MS analysis

MSW NHCI  NaCl  NH,NO, NaOH  Tris  NHCISP NaCISP  KCISP

Li 557 0 0 0 0 0 0 0 0
Mg 52098 4.5 24 29.9 0 9.7 0.8 0 0

Al 1333 0 0.6 0 14.5 1.5 1 0 0

Si 53986 0 298 0 31.2 0 0 28.4 21.1
K 1028 23.7 61.1 83.7 573 229 3.2 25.2 NA
Ca 15097 21.6 171 350 73.8 88.1  124.9 1.4 26.2
Ti 457 0 0 0 0 0 0 0 0

v 103 0 0 0 0 0 0 0 0
cr 570 0 0 0 2.4 0.2 0 0.2 0
Mn 266 0 0.1 0.1 0.3 0 0 0 0
Fe 2689 1 1.8 0 12.6 0.7 0.2 0.4 0
Co  69.8 0 0 0 0 0 0 0 0

Ni 262 0 0.2 0 0 2.9 0 0 0
Cu 21 0.3 3.8 2.9 1.2 1.5 0 0 0
Zn  BD 3 8.8 34.9 5.4 101 151 0 0.8
As 25 0 0 0 0 0 0 0 0
Br 219 20.1 237 0 0.1 1.2 3.9 2.9 6.5
sr 836 0.1 0.8 1.4 0.6 0.4 0.1 0 0
Mo  24.0 0 0 0 0 0 0 0 1355
Ag  BD 0.3 0.1 0 0 0 0 0
cd 124 0 0 0 0 0 0 0
sn 108 0.1 0 0 0 0.1 0 0 0
Cs 235 0 0 0 0 0 0 0
Ba 791 0.1 0.4 0.3 0.3 0.1 0 0 0.1
Au 0 1 0.1 0 0 0 0 0
Hg 0 0.9 0 0 0 0 0 0
Pb 436 0 0.1 0.4 0 0.3 0 0 0

u 0.49 0 0 0 0 0 0 0
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Although both recovery rates and preservation of sample characteristics are
important for this study, the high conductivity of the sample (as is typical of
landfill leachates), means that the effects of ionic strength on the particle size
distribution were determined to be more important than optimising the
recovery rates. Recovery rates will be discussed further in Chapter 4. The
effects of carrier solution pH have previously been investigated (Moon et al.,
1998) and found to influence AF4 fractogram peak heights but not

fractionation efficiency and are therefore not considered further here.

To investigate the effects of carrier solution ionic strength on particle size
distribution within a leachate, 1:10 dilutions of the sample with varying NaCl
ionic strength solutions (0.001 - 1 M) were prepared and analysed using DLS
(Figure 3.3).
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Figure 3.3 Dilution effects of varying ionic strengths on PSD

Figure 3.3 shows that dilution of the leachate with 1 M NaCl solution was most
successful in preserving the PSD of the sample, because the distribution
profiles of the sample and the sample dilution match most closely. Hence, even

though dilution with 0.5 M NaCl was predicted to be most successful at
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preserving sample fidelity (because this solution matched the conductivity of
the sample most closely), aggregation of particles in the leachate occurred (as
shown by the increase in particle size and loss of smaller particles). Slightly
lower sample fidelity was preserved by the 0.1 M NaCl solution than dilution
with 1 M NaCl solution, as seen by the profiles in Figure 3.3. This observation
is important, because it demonstrates that it is necessary to carefully test the
effects of the nature of the carrier solution, rather than simply assume that
matrix matching between the leachate and carrier solutions will necessarily
yield the most reliable data. There is the possibility however, that the variation
seen with the 0.5 M NacCl solution was due to a variation in PSD in the aliquot

of sample used for dilution.

Decreasing the ionic strength of the dilutant solution below 0.1M resulted in
the formation of larger particles (presumably due to particle aggregation) with
the lowest ionic strength solution (0.0005 M) leading to the greatest apparent
increase in the size of NP (maximum NP increased from 100 nm to 500 nm
using DLS). It is important to note, however that all the dilutions resulted in

some change in PSD.

Although the 1 M NacCl solution appeared from DLS to provide the closest PSD
match with the leachate, the high total dissolved solids (TDS) content was not
ideal for coupling with HR-ICP-MS. Although this problem could be overcome
with dilution, that would result in lower concentrations of the elements of
interest in the diluted sample and potentially compromise their detection
limits. For this reason, 0.1 M NaCl was at this point chosen as the carrier
solution concentration because it was the highest concentration of NaCl that
was considered suitable for long term analysis with ICP-MS analysis whilst still

preserving sample PSD fidelity.

The results from DLS analysis were surprising because it was expected that
higher ionic strengths solutions would encourage aggregation however the
opposite was observed. Further analysis; using AFM; to confirm the PSD results
was therefore required. For AFM analysis, 1:10 dilutions of the MSW sample at
4 different NaCl ionic strength solutions (0.001 M, 0.01 M, 0.1 M and 0.5 M)
were carried out and the solutions prepared as described in 3.6.2.3. Dilution

with 1M NaCl was not investigated using AFM because the salt concentration
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would be too high for imaging and because a carrier solution at this strength

had already been ruled out.

Table 3.5 shows the AFM analysis results obtained using the Picolmage
software package. The mean diameters varied with all 4 dilutions confirming
that the ionic strength of the solution had an effect on particle size. Dilutions
with 0.001 and 0.01 M solutions resulted in particles almost double that of
those solutions using 0.1 and 0.5 M NaCl suggesting that particles had
aggregated when the sample was diluted with a solution of lower ionic
strength. Dilution of the sample with 0.1 M NaCl resulted in the smallest
particle size (suggesting no aggregation) and therefore this confirmed the use
of 0.1 M NacCl as the carrier.

Table 3.5 MSW particle sizes from AFM analysis

Dilution Min Diameter (nm) Max Diameter (nm) Mean Diameter (nm)
0.001 M NacCl 11.1 £6.8 28.8 15 17.6 +9

0.01 M NacCl 13.4+£7.8 32 £16 20.6 £10

0.1 M NacCl 5.3 +4 15.3 £9 8.8 5

0.5 M NaCl 6.3 =5 19.9 £14 11 +7

3.34.2 Membrane

Most studies using AF4 have used either regenerated cellulose (RC) or
polyethersulfone (PES) membranes (Table 3.3). Little or no information is given
on why particular membranes have been chosen, even though it has been
recognised that the choice of the accumulation wall membrane can influence
separation and sample perturbation e.g. aggregation (Baalousha et al., 2011b).
Thang et al.,(2001) showed that use of a RC membrane with a humic acid
solution resulted in higher sample recovery than PES due to less adsorption on
the membrane. Conflicting views on membrane performance were found in
Lyven et al.,(1997) where recoveries of creek water were higher using PES than
RC membranes, but these studies investigated different samples with varied
compositions making comparison of the membrane types difficult. Due to the
high humic acid content that is present in landfill leachates, a RC membrane

was selected on the basis of the results presented in Thang et al., 2001.
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A 1 kDa cut off RC membrane was selected for use in this study because it was
the smallest available in this material and permits for the smallest particles to
be analysed. Particles < 1 kDa are transported through the membrane with the
cross flow and are designated as the "truly dissolved fraction”. Fluctuations in
the permeability of ultrafiltration membranes used in AF4 have been
mentioned previously (Stolpe et al., 2005) and as such the 1 kDa cut-off is
variable and may affect those elements with a higher dissolved fraction. This is
because the cut off is actually dependent not only on the membrane pore size

but the carrier solution and sample composition (Baalousha et al., 2011b).

A membrane with a small size cut-off e.g. 1 kDa can cause problems in
maintaining stable pressure in the AF4 system. System pressure is monitored
with an in built pressure detector and the software displays the pressure at all
times giving an indication of the overall stability of the system. Stable pressure
is required for good separation, but the high cross flow rate (see section
3.3.4.3.3) and small membrane pore size used in this study meant that both
under and overpressure in the system were evident. A backpressure tube was
added to increase the pressure when higher cross flows were used and this
resulted in increased pressure throughout the fractionation run. Care had to be
taken to ensure there was sufficient system pressure when higher cross flows
were applied, but that the system did not overpressure when the cross flow
was reduced (Figure 3.4). The detector flow rate was reduced to 0.3 ml/min in
order to help maintain stable pressure during periods of high cross flow and

reduce the chances of overpressure when no cross flow was applied.

3.34.3 Flow Rates

As noted in Chapter 2, there are 3 flow rates (tip flow, focus flow, cross flow) in
the AF4, which are used to size fractionate the sample, and these are all
controlled by the AF4 software. The resulting flow out of the channel
(channel/detector flow) and to the detectors is controlled by varying these flow

rates.

3.3.4.3.1 Tip Flow

The tip flow is a flow of carrier solution that constantly flows through the

channel during a run, and flows through the channel prior to the injection of a
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sample. When a sample is added, the tip flow transports the sample remaining
in the channel (particles) through the channel and towards elution at the

channel outlet.

3.3.4.3.2 Focus Flow

The focus flow is a flow of carrier solution that opposes the tip flow and
therefore does not allow particles in the sample to flow through the channel
towards the outlet port and to elution. The focus flow is only applied at the
beginning of a run prior to size fractionation to aid separation. Once the flow
is removed, only the cross flow and tip flow remain. The duration of the focus
flow is an important parameter for achieving efficient separation of particle
sizes. It is important to note that larger injection volumes and samples with
wide particle size distributions require longer focusing times because it takes

longer for the particles to be sorted into size order in the channel.

Preliminary tests of the sample and injection volume used in this study showed
that focusing times <10 minutes did not provide sufficient focusing of the
sample and yielded poorly formed peaks shapes. Analyses of the size fractions
require the particle elution to take place over a sufficiently long period
(producing broad peaks) enabling distinct size fractions to be resolved. 10
minutes was found to be the optimum focusing time for the sample volume
used here (1 ml). Extending focusing times beyond 10 minutes did not alter or

improve the peak shape.

3.3.4.3.3 Cross Flow

The cross flow is one of the key parameters that determine AF4 resolution,
quality and efficiency of size fractionation (Dubascoux et al., 2008d, Baalousha
et al., 2011b). The cross flow forces particles in the sample towards the
membrane and those which are smaller than the cut-off travel through the
membrane. Optimisation of the cross flow to achieve the most efficient particle
size separation must be carried out for each sample type, with the size of NP
to be fractionated most strongly influencing the magnitude of the cross flows
chosen. Lower cross flows enhance the separation of large NP and a higher
cross flow enhances the fractionation of small NP (Baalousha et al., 2006).
Bolea et al. (2010) used a gradient cross flow in order to separate

heterogeneous samples with a wide size distribution in order to reduce run
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time and avoid steric elution in which the elution order is reversed and larger

particles elute first (Hassellov et al., 2006).

In this study the cross flow was optimised for the separation of low MW NP.
This was because several studies (Gounaris et al., 1993, Geckeis et al., 2003, Li
et al., 2009a) have shown that the majority of metals in landfill leachates are
bound to OM which is expected to be present in the lower MW fraction (Figure
1.3). Therefore to examine the distribution pattern of metals in the
nanocolloids, the fraction in which they are expected to reside must be

examined.

Higher cross flows allow for a greater separation of smaller particles, which
results in broader peaks, whereas as a very low cross flow may result in no
separation of smaller particles at all because the flow is not strong enough to
act against the diffusion towards the middle of the channel. In order to study
differential partitioning of elements associated with different particle size
fractions it is therefore necessary to achieve clear separation of the various
particles sizes and thus as broad a peak as possible. Hence, this requires a
high cross flow. High cross flows can, however, result in increased membrane
interaction because the particles are more strongly drawn towards the
membrane and this can potentially reduce sample recovery due to sorption of

sample onto the membrane.

Cross flows higher than 3 ml/min were not possible with the equipment used
in this study, because the AF4 lost pressure as the cross flow was increased,
even with a low channel flow rate. This is presumably due to the small cut off
size of the membrane. Flow rates between 2 to 3 ml/min resulted in unstable
system pressure throughout the cross flow applied during the period of the
fractionation run (Figure 3.4). The pressure in runs with a 2 ml/min cross flow
did, however, remain stable and the cross flow was sufficiently high to
separate smaller particles. 2 ml/min was therefore chosen as the optimum

cross flow for low molecular weight NP and for stable pressure.

For this study, the low MW nanocolloids are of the greatest interest, but the
cross flow was reduced to O ml/min for the second half of the run in order to

elute the remaining larger NP (Figure 3.4) resulting in a residual peak.
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Figure 3.4 Cross flow programme for fractionation

3.34.4 Sample Volume

Preliminary experiments injecting variable volumes of MSW sample were
carried out in order to determine the sample volume required to detect
elements eluting from the AF4 after dilution using HR-ICP-MS. An injection
volume of 1T ml of sample was sufficient to detect the majority of elements of
interest after dilution. For some elements, however, sample volumes of > 1 ml
were required, but injecting larger sample volumes would require longer
fractionation times. For this reason 1 ml was chosen for this study as a
compromise between the logistics of processing the samples and achieving

high enough element concentrations to yield meaningful data.

3.3.4.5 Size Calibration- PSS Standards

Polystyrene sulfonate (PSS) particles with molecular weights of 1, 6, 15, 33 and
63 kDa were used for the size calibration process and to validate the size
fractionation using the same separation conditions (e.g. carrier solution, flow
rates) as used for the MSW leachate. 194 and 400 kDa PSS were also used, but
elution was not observed during the measurement period when the cross flow
was applied, hence these particles were eluted as part of the residual peak and
their size fractionation cannot be calibrated. PSS were prepared at
concentrations of 20 mg/L in the carrier solution. PSS standards have been

used previously for calibration of humic substances (expected in leachates) due
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to the similarities in their random coiled structures (Prestel et al., 2005).
Beckett et al.,(1987) noted that the accuracy of the use of PSS as calibration
standards for natural humic substances calibration depends on how closely the
standards represent the particle size distributions in the sample. As the shape
of humic substances is unknown it has to be acknowledged that this remains

an undetermined source of error in this approach.

Bolea et al.,(2006) recognised that although diffusion coefficients and
hydrodynamic diameters can be calculated using FFF theory, deriving
molecular weights using this approach is difficult because it does not account
for the effects of the carrier solution composition. Instead they used a linear
relationship between log t (Retention Time (Seconds)) and log M, (Molecular
Weight (Da)) for calibration (Equation 1). This has been used to calibrate MW

for particles in the samples in this study.

log (tr) = a + b log (MW) (1)
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Figure 3.5 Calibration of molecular weight using PSS Standards
1- 63 kDa

Retention times of PSS (Appendix 1.4) used with the parameters in this study

are illustrated in Figure 3.5 and the equation derived from this data is:
log (tr) = 5.3984 + 0.177 log (M) (2)

Although Equation 2 can be used to calibrate molecular weights, it is important
to note that the equation has been derived using the peak maximum retention
time for each PSS size. Figure 3.5 shows that the standards elute over a small

time period rather than at a discrete point, hence the equation can be used to
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provide some limits on the range in particle size, rather than indicating a

precise value due to the variation in size of the PSS.

The largest PSS that eluted within the cross flow period was 63 kDa , so only
particles with lower molecular weights could be size calibrated. All fractions
collected between 0 to 30 min (elution time of 63 kDa PSS) could then be
designated < 63 kDa. In order to calibrate the size fractions in more detail,
fractions were collected as frequently as possible in the time period before
elution of the 63 kDa standard (see Section 4.2.3.1). Note that the 194 kDa
and 400 kDa PSS standards were eluted with the residual peak and therefore

cannot be used in this calibration.

3.3.5 Summary of Method and Parameters for AF4

The filtered sample was removed from the refrigerator and allowed to reach
room temperature before an aliquot of the sample was injected into the AF4
using a 1 ml sample loop. At least 5 minutes prior to starting the run on the
AF4 software, the tip and cross flows were slowly increased until the 2 ml/min
cross flow was reached and pressure and flow rates were stable. The system
was set up so that the AF4 software triggered the UV and Fluorescence
detectors to start as soon as the sample was introduced in to the AF4 channel.
The parameters used for fractionation and analysis are summarised in Table
3.6. Calibration for MW was conducted prior to the sample runs using the same

method and parameters.
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Table 3.6 Optimal parameters for separation

Parameter Condition

Carrier Solution 0.1 M NacCl (Suprapur,VWR) with MQ

Injected amount 1000 pl

Cross flow 2 ml/min for 25 minutes, linear gradient decrease to Oml/min from 50mins to
120mins

Detector Flow 0.3 ml/min

Focusing time 10 minutes

Run time 120 minutes

Membrane Regenerated Cellulose 1 kDa

Spacer 350 ym

UV-VIS 254 nm

Wavelength

Fluorescence Ch 1- Ex:260nm, Em:450 nm, Ch 2- Ex 335nm, Em: 450 nm

3.4 Chapter Summary

This chapter has established methods suitable for characterising (AFM and

DLS) and fractionating (AF4) nanocolloids in landfill leachates.

The AF4 method parameters (Table 3.6) have been optimised to consider
compatibility with leachate samples (e.g. ionic strength and element
concentrations) and compatibility with HR-ICP-MS analysis (e.g. composition

and concentration of carrier solution).
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Figure 3.6 illustrates the method steps involved in characterising and size
fractionating a landfill leachate (detailed in this chapter) and determining the
organic (UV and FLU) and elemental (HR-ICP-MS) composition of the
nanocolloids in landfill leachates (detailed in Chapter 4).

Q ~ HR-ICPMS
0.1 um Analysis
filtered
landfill ———— == | AFM )
leachate Analysis

k_—,/ [ e DLS

Il Analysis
AF4
Channel
UV-DAD
Detector
FLU Offline | Fraction
Detector —> | collector
ﬂOnIine ﬂ
HR-ICPMS
Analysis

Figure 3.6 Method Steps for Landfill Leachate Analysis
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Chapter 4: AF4-HR-ICP-MS Coupling for
Quantitative Analysis: Challenges,

Approaches and Validation

4.1 Introduction

Chapter 3 outlined the methods to be used to separate the particles in a
landfill leachate into size fractions and to measure aspects of their organic
composition using UV and Fluorescence detectors. To obtain quantitative trace
element data associated with the various size fractions, the AF4 must be
coupled with the HR-ICP-MS in a way which allows for all factors affecting
quantification to be constrained. Although the AF4 separation parameters were
optimised with coupling of HR-ICP-MS online in mind, extensive method
development for coupling of the instruments was required, as well as

development of analytical methods using the HR-ICP-MS.

Hassellov et al.,(1999) was the first to examine trace metals associated with
environmental colloids by modifying an early non-commercial Sedimentation-
FFF device to accept large sample volumes and removing metal parts to reduce
contamination in the system. This early “AF4” did not feature an impermeable
wall at the roof of the channel so although fractionation was carried out using
the same principles as those outlined earlier, the flow profile and retention

behaviour were different to those in the modern system used here.

Nevertheless, this study offered an approach to quantification that is more
detailed than many outlined in more recent publications including information
regarding the interface between the AF4 and the ICP-MS, monitoring of
background concentrations in the system, of the method and the elemental
detection limits. The importance of acidification and internal standards (see
section 4.2.4.3 for a discussion of these issues in relation to this study) for
optimising ICP-MS performance were discussed, as well as an examination of
washout time of samples. Hassellov et al.,(1999) used quadrupole ICP-MS
rather than HR-ICP-MS and, as a consequence, they were not able to detect as

many elements or reach the same detection limits as has been possible in this
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study. In addition, although concentrations of elements were determined in
their study, they were not able to determine the recovery efficiencies of

individual elements or attempt an elemental mass balance of the system.

Lyven et al.,(2003) built on this work using the same method, and also
discussed potential artefacts in the system resulting from losses of sample
material during the analysis. They also noted the difficulty in performing a
mass balance of the system due to the concentrations of several elements
being below detection limits and the difficulty of separating losses of elements
from the analysed fractions due to adsorption to parts of the system versus
those due to losses through the membrane. Nevertheless, further research
continued to improve their methods and Stolpe et al.,(2005) was able to couple
the new, and now commercially available AF2000, with a HR-ICP-MS, thus
lowering the detection limits and increasing the number of elements that were
measured. Importantly, they concluded their study by noting that a proper

mass balance of the method was still required.

Although several studies have used the AF4 coupled with either an ICP-MS or
HR-ICP-MS for the measurement of elements in colloidal fractions, there is not
yet an established technique for accurate and precise determination of
elemental partitioning/quantification between different colloid size fractions.
Indeed, several recent papers have applied the AF4-ICP-MS technique (Worms et
al., 2010) to this problem without quantification, but instead simply monitor
the elemental associations with particle size on the basis of signal intensities.
In addition, these studies did not acidify the analysed fractions nor did they
use internal standards (to monitor flow and ICP-MS drift). Instead, they chose
to input the AF4 directly in to the ICP-MS nebuliser. Hence, while these studies
are informative, they are essentially qualitative and highlight the difficulties in

quantification of elemental partitioning in colloids.

In a review of AF4-ICP-MS by Dubascoux et al.,(2010), a detailed discussion of
developments and applications was conducted. The interface between AF4 and
ICP-MS was highlighted to be important in quantitative analyses. It was noted
that while many publications reported apparently quantified data from
coupling these devices, few of these studies documented the details of the
AF4-1CP-MS interface and analytical procedures involved. Lesher et al., (2012)
also recognised that serious challenges exist in accurately quantifying metal
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concentrations in FFF fractionated samples and that internal and external
standards and sample recovery must all be carefully considered if recovery
rates and potential background interferences are to be accurately measured.
This issue was further highlighted in a recent review by Pornwilard and
Siripinyanond (2014) who noted that quantitative information is not
emphasised in most of the published articles using AF4-ICP-MS. Hence, while
apparently quantified data may be being acquired, the lack of detail in
publications is restricting the development of the method. Baalousha et
al.,(2011b) suggested that the quality of particle size separation and elemental
partitioning can be evaluated by sample recovery and fractogram repeatability,

and that these parameters need to be further investigated.

Overall, in order to provide accurate and precise data concerning element
partitioning between different NP size fractions, several factors need to be
considered in more detail which have either been overlooked or poorly

documented in the published literature:

e Interface between AF4-ICP-MS during online coupling

e The contribution of the carrier solution to the sample signal

e Calibration of signal intensities to elemental concentration and
recovered masses

e Repeatability of fractionation and recorded signal intensities

e Sample recovery (mass balance)

This chapter aims to address the challenges facing quantification of elemental
data using AF4-HR-ICP-MS, including instrument set up and to offer protocols
to overcome these challenges in order to provide better constrained and
documented quantitative data. The method and data treatment for both offline

and online coupling will be discussed and compared.

An attempt to quantify the truly dissolved fraction and identify losses in the
system due to method artefacts will also be carried out. This is important for
environmental risk assessment because a truly dissolved element may have

different mobility and environmental impacts to one in particulate form.

The results of this study will be discussed in terms of method implications in

this chapter. Interpretation of these data will be addressed in Chapter 5.
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4.2 Methods

The AF4 parameters used in method evaluation are detailed in Table 3.1. All
experiments have been carried out using the MSW sample. All HR-ICP-MS
preparation was carried out in a clean laboratory and vials were washed with
10% HNO, prior to use.

4.2.1 High Resolution Inductively Coupled Plasma Mass Spectrometry

(HR-ICP-MS)

The HR-ICP-MS used to measure element concentrations was an Element 2 XR
(Thermo Scientific, Germany). The elements were measured in all 3 mass
resolution settings, as mentioned in Chapter 2. Efforts were made to utilise as
close to “normal” HR-ICP-MS operating conditions as possible, so as to avoid
specialised or difficult to reproduce settings (see Table 4.1). The selected
isotope of each element and the resolution required was generally determined
by the ICP-MS software (also in Table 4.1). The AF4-specific HR-ICP-MS

operating procedures will be detailed later.

Table 4.1 Operating conditions and resolutions for HR-ICP-MS

Parameter Condition

RF Power (W) 1200W

Sample Uptake rate 0.2

(ml/min)

Ar gas flow rates(l/min)

Coolant 16

Nebuliser 0.7

Auxiliary 1.0

Add Gas 0.3-0.5

Nebuliser PFA, peristaltic pumped

Spray Chamber
Sample Cone
Skimmer Cone

Resolution - Low

Resolution- Medium

Resolution- High

PFA, Peltier cooled
Standard Ni
Standard Ni “H”

Li(7), Sr(88), Mo(95), Cd(111), Sn(118), Cs(133), Ba(137), Au(197), Hg(202),

Pb(208), U(238)

Mg(24), Al(27), Si(28), Ca(44), Ti(47), V(51), Cr(53), Mn(55), Fe(56), Co(59),

Ni(60), Cu(63), Zn(66)
K(39), As(75), Br(79)
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4.2.2 Bulk Concentration Analysis

Before analysis of element concentrations in size fractions of the sample could
be obtained, it was important to first quantify the concentration of each
element in the bulk sample (0.1 pm filtered (Section 3.3.1)). The variation of
the element concentrations between aliquots also needed to be examined
because this has implications for fractionation analysis results, hence 3
replicate aliquots were measured to establish the variation of sample

concentrations measured in the most robust manner

Three 40 pL aliquots of the MSW sample were diluted in 20 ml of 3% HNO,
(spiked with internal standard (In and Re at 10ppb and Be at 20ppb, see
section 4.2.4.3)) to achieve a 1:500 dilution. All solutions were weighed to the
nearest pug and concentrations calculated by weight. Solutions were analysed
using the parameters in Table 4.2 alongside element calibration standards (see
section 4.2.3.3.2)

4.2.3 Offline Coupling of AF4-HR-ICP-MS

Due to logistical issues associated with physically connecting the AF4 and HR-
ICP-MS, initial studies were carried out in an “offline” mode. This meant that
analyses of the particle size were carried out on the AF4 and samples taken
using fraction collection for subsequent analysis by HR-ICP-MS to determine
the elemental associations. To the knowledge of this author, the fraction
collection technique coupled with ICP-MS analysis has previously been used
only by Dubascoux (2010), in which the fractions were freeze-dried after
collection before further analysis with ICP-MS, thus involving extensive sample
preparation. Other studies have used collected AF4 fractions for further
analyses such as TEM (Chen and Selegue, 2002) but not for use with ICP-MS.
Hence, the lack of previously published work required substantial method

development to establish optimal sampling conditions.

4.2.3.1 Offline Coupling: Fraction Collecting

In order to collect fractions at intervals that would be most useful for analysis

fractionation was carried out using the optimised AF4 parameters (Table 3.6)
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apart from the run time, which was set to 50 minutes (because at this stage,
this was deemed sufficient to elute the sample from the channel, see section
4.2.4). Initial fractionation profiles of the sample were reviewed to determine
the fractions most useful for elemental analysis. Fractions were collected at
time intervals set manually using the LC solutions software. Intervals were
chosen by focusing on intervals where peaks in UV signals were visible and by
increasing collection frequency during those peaks. On the basis of this
evaluation, 17 fractions were selected and collected during each run (see

Figure 4.1).

254

Retention Time (Minutes)

Figure 4.1 Fraction collection intervals for offline analysis

More frequent fractions were collected during the peaks, but due to the low
system flow rate of 0.3 ml/min, the minimum time interval to collect sufficient

volume for further analyses was determined to be 2 minutes.

The background concentrations of elements in the system were measured by

injecting 1ml of carrier instead of a sample and collecting fractions at the same
time intervals shown in Figure 4.1. Thus a corresponding baseline level of each
element in the system at that time in the fractionation period was available for

subtraction.
In order to assess recovery of the system the cross flow elutant (“truly

dissolved fraction”) was also collected. This was collected in one pooled

fraction rather than in time intervals.
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4.2.3.2 Offline Coupling: Fraction Analysis

For analysis by HR-ICP-MS, all fractions (including the cross flow pool fraction)
were diluted 1:10 with 3% HNO, to reduce their TDS. Samples were then spiked
with internal standards (In and Re at 10ppb and Be at 20ppb, see section
4.2.4.3) to monitor and correct HR-ICP-MS instrument performance. All
solutions were weighed to the nearest pg and concentrations calculated by
weight. Solutions were analysed using the parameters in Table 4.2.

Each fraction collected was weighed (empty and after collection) so that the
exact mass of each fraction was known, thus permitting the mass present in
that fraction to be calculated. Weighing the fractions also served as an

independent check on the system flow rate.

Table 4.2 Offline HR-ICP-MS Parameters

Low Resolution Medium Resolution High
Resolution

Acquisition mode Mode 1 Mode 1 Mode 1

Mass Window (%) 50 for Li & Be, 20 for all 150 for Be & Mg, 125 for all 125
others others

Search Window (%) 50 for Li & Be, 20 for all 60 60
others

Integration window 40 for Li & Be, 20 for all 60 60

(%) others

No. Sample per peak 20 for Li & Be, 50 for all 20 25
others

All the diluted fractions (samples and baselines) were analysed in the same
measurement sequence alongside a set of mixed element calibration
standards. An aliquot of the original sample was also analysed to determine

the total concentration of elements present before fractionation.

4.2.3.3 Offline Coupling: Data Treatment

In order to determine quantitative concentration data from the raw HR-ICP-MS
CPS output, several data processing steps were required (Figure 4.2). Many of
these steps are typically applied in HR-ICP-MS analyses, but additional steps
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were required to correct for the background concentration of the AF4 system.
This will be hereafter referred to as the baseline concentration. Further steps

were included to assess method recovery.

4.2.3.3.1 Offline Coupling: System Baseline Correction

Baseline fractions were collected at the same time intervals during a blank run
as the sample (Figure 4.1) as described in 4.2.3.1. This meant that each
sample fraction had a corresponding baseline fraction of the same volume so
that the concentration of the baseline for that time interval could be directly
subtracted. This gave the concentration present in each fraction for the sample
only. The same methodology was applied to the cross flow. Results of baseline

and sample data for offline coupling are shown in Figure 4.11 and Figure 4.12.

[ 1. Raw Data (CPS Values) ]

.

[ 2. Instrument Drift Correction (using Internal Standards) ]

s

[ 3. Blank Correction ]

s

[ 4. Concentration Calibration ]

s

[ 5 Dilution Correction ]

s

[ 6. System Baseline Correction (using baseline fraction) ]

s

[ 7 Concentration to Mass Calculation ]

.

[ 8. Recovery Calculation ]

Figure 4.2 Data processing steps for offline AF4-HRICP-MS
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4.2.3.3.2 Offline Coupling: Element Calibration

Pornwilard and Siripinyanond (2014) commented (without any clear evidence)
that varying compositions in the fractionated peaks influences ionization
efficiency within the ICP-MS plasma and can thus hinder exact external
calibration. To address the issue of varying solution compositions reaching the
plasma, matrix matched standards were created. Standards were initially
created using 3% HNO, only, but this caused difficulty with calibration because
the sensitivity of the HR-ICP-MS was higher and more stable when measuring
the standards than the AF4 elutant samples. Standards of the same
concentration in 3% HNO, and in 3% HNO, + NaCl gave different responses on
the HR-ICP-MS, with the NaCl samples resulting in lower CPS because of the
sample matrix. As a result of this finding, the standards were remade in the
same matrix as the AF4 elutant so they could be used to calibrate the intensity
signals from the HR-ICP-MS.

A concentrated stock solution containing elements at proportions similar to
those in a landfill leachate sample was prepared by dilution of 1000 mg/L
single element standards (Inorganic Ventures) in 3% HNO.. This stock solution
was then diluted to the required working concentration range with NaCl such
that each standard was matrix matched to the AF4 Carrier solution (0.1 M
NaCl). All solutions were measured to the nearest pg and concentrations

calculated by weight.

A set of 5 standard solutions were prepared with concentrations designed to
bracket the range expected for each element in a typical sample, post
fractionation. The range was typically from 0.01 pyg/L to 5 pg/L. This enabled a
6 point calibration to be constructed for the ICP-MS CPS versus the known
standard concentrations. The equation of this relationship was then applied to
all the CPS values obtained in order to transform them to concentration values

once the previous data treatment steps (Figure 4.2) were accounted for.

4.2.3.3.3 Offline Coupling: Repeatability

Repeatability in this study refers to the variation that would be present if a
fractionation run was repeated on the same day, by the same person under the
same experimental conditions. Reproducibility would refer to the ability for

results to be reproduced in another laboratory.
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Due to the time-consuming nature of fraction collecting, repeat runs of offline
coupling were not carried out. Repeatability of the instrument measurements
was assessed from the Relative Standard Deviation (% RSD) of multiple

measurements of the same samples.

4.2.3.3.4 Offline Coupling: Recovery

Recovery for fraction collecting was calculated by conducting a mass balance of
the system using the elemental concentrations measured in each fraction
(ug/L), and the volume (L) of each fraction (Eq.3). This enabled the total mass
(ug) of each element recovered from the channel flow to be determined. The
same process was applied to the cross flow. The mass (ug) of each element in
the original T ml sample injected into the AF4 was also calculated and this

enabled a mass balance of the system to be determined.

The total concentration and mass of each element in the original sample was
determined from analysis of an aliquot of the initial leachate. Recovery results

from this method are shown in Table 4.6.

_ X((FC1-FCB1)+(FC2—FCB2)...)+(FD—FDB) %
™

R% 100 (3)
R% = Total Recovered Percentage of an element

FC1, FC2...= Mass of element in each Channel Fraction (ug)

FCB1, FCB2... = Mass of element in each Channel Baseline Fraction (ug)

FD = Mass of element in “ Truly Dissolved” Fraction (ug)

FDB= Mass of element in “ Truly Dissolved” Baseline fraction (ug)

TM = Mass of element in 1ml of sample.
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4.2.3.4  Offline Coupling: Method Summary

e Optimisation of AF4 parameters

e Preliminary run to determine peak distribution

e Select fraction time intervals

e Collect fractions (baseline and sample)

e Dilute and spike fractions using 3% HNO. including an aliquot of initial
sample

e Analyse using HR-ICP-MS

e Apply data treatment

4.2.4 Online Coupling of AF4-HR-ICP-MS

Online coupling of AF4-HR-ICP-MS for multi-element detection has been
previously described in Stolpe et al. (2005) and Stolpe et al. (2010). Broadly,
the method used in this study was approached in a similar way. There are,

however, differences in set up due to the flow rates utilised in this study.

The initial intention was to conduct fractionation using the same parameters
used for an offline analysis. However, during initial online experiments it was
observed that although UV and FLU detector signals returned to baseline levels
after 50 minutes (implying that the sample had passed through the system) not
all element concentrations had returned to baseline values. In response to this
observation the fractionation run time was extended to 120 minutes. This was
to enable any elements (dissolved or particulate) remaining in the system to
elute and therefore reduce possible sample cross contamination and provide

reliable mass balances.

4.2.4.1 Online coupling: AF4-HR-ICP-MS Interface

Hassellov et al.,(1999) originally proposed dilution of the AF4 elutant with
HNO, and use of an internal standard to optimise performance of the system.
Acidification of the sample encourages better dissolution of many analytes and
improves washout characteristics. The addition of internal standards allows
instrument performance and sample interaction to be monitored (and where
appropriate corrected). While many studies (Lyven et al., 2003, Alasonati et al.,
2006, Bouby et al., 2008)) have used and developed this methodology, some

studies have continued to interface instruments without sample acidification
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and dilution (Dubascoux et al., 2008b, Worms et al., 2010), thus restricting

quantification of the data.

The low channel flow rate of 0.3 ml/min used in this study to overcome
pressure issues (See Section 3.3.4.2) was particularly suited to direct
interfacing because the flow rate was comparable to sample uptake rates
typically used for solution analysis by the HR-ICP-MS (e.g. the 0.24 ml/min
used in this study). Although the overall AF4 system flow rate was compatible
with the typical uptake on the HR-ICP-MS, the channel elutant required further

modification to address TDS and dilution.

Figure 4.3 shows a schematic diagram of the interface between the AF4 and
HR-ICP-MS. After eluting from the channel the elutant passed through the UV-
DAD and FLU detectors. At this point, the flow rate was 0.3 ml/min but the
NaCl concentration (and therefore TDS) was considered to be too high for
direct ICP-MS analysis. To address this problem the flow was passed through
an adjustable T- piece where it was diluted 10:1 with 3% HNO.,. This step also
enabled the flow to be spiked with the same internal standards used previously

(Be, In, Re at 20, 10, 10 ppb, respectively).

As a consequence of this dilution stage, the overall flow rate was increased to a
level that was too high (in the region of 3 ml/min) to pump directly into the
HR-ICP-MS. To address this issue, an adjustable microsplitter valve was fitted to
divide the output, so that the optimal flow (0.24 ml/min) could be pumped into
the HR-ICP-MS. The excess flow went to waste, but it could easily have been
diverted for other measurement or collection purposes. The output flow rate
entering the HR-ICP-MS was monitored daily and the splitter valve adjusted as
required to account for any fluctuations and to ensure that the flows remained

constant.
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4.2.4.2

Online Coupling: Software Set Up

In order to obtain more detailed information on elemental associations with

particle size fractions than is possible with offline analysis, the measurement

frequency for each element over the fractionation period was maximised. This

also enabled direct comparison of the elemental signatures with the UV and

FLU signals. Strictly speaking, however, it is not possible to get a continuous

measurement of each element using HR-ICP-MS because the elements are

analysed sequentially. However, to get as close as possible to a continuous

measurement of each element throughout the fractionation run, the operating

parameters of the HR-ICP-MS were optimised to measure a complete ‘sweep’ of

all the analytes of interest as often as possible (Table 4.3). To achieve the

fastest scanning frequency, elements in all resolutions were assigned the

smallest mass windows and fastest sampling rates that could achieve

acceptable data quality. This was done by trial and error, until a best

compromise was identified.

Table 4.3 Online HR-ICP-MS Analysis Parameters

Low Resolution

Medium Resolution

High Resolution

Acquisition mode
Mass Window (%)

Search Window (%)

Integration window (%)

No. Sample per peak

Mode 2

20 for Li & Be, 10 for all
others

25 for Li & Be, 10 for all
others

25 for Li & Be, 10 for all
others

40

Mode 2

100 for Be & Mg, 50 for
all others

100 for Be & Mg, 50 for
all others

20 for Be & Mg, 50 for
all others

40

Mode 2
125

60

60

20

For online AF4 analysis, the Element 2 XR software was operated using the

“Mode 2” scanning cycle (as first used for AF4-HR-ICP-MS analysis by Stolpe et

al.,(2005)) instead of the “Mode 1” used in offline analysis. In this mode, the

resolution was alternately switched after each sweep of analytes to achieve a

time-resolved measurement. In this way, a complete sweep of all LR and MR

analytes could be achieved and reported in the smallest time interval. In

practise this was about one complete elemental sweep every 8 seconds. During

initial experiments a HR sweep was also included to analyse for K and As.
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However, the additional time required to accommodate a third resolution
switch was excessive and disproportionate given the limited amount of extra
data acquired. It was therefore decided to analyse the HR elements in a
separate, dedicated run. Data were acquired using the Element 2 XR’s inbuilt
CHROM package. This provides a chromatogram-style display of analyte signal
versus time and allows the data to be exported as a spreadsheet containing a
matrix of time slice versus. analyte intensity.

The overall HR-ICP-MS analysis time was extended to be slightly longer than
the AF4 fractionation time to ensure that a signal was present before injecting
a sample into the AF4.

4.2.4.2.1 Online Coupling: HR-ICP-MS Tuning and Conditioning

All instrument operating parameters were optimised for maximum sensitivity,
signal stability and low oxide levels using a 0.1 ppb mixed element tuning

solution.

During method development and early observations it was noted that the
sensitivity of the HR-ICP-MS was generally unstable for the first hour after
interfacing with the AF4. As is the case with most saline analyses, this was
presumed to be caused by changes and a gradual conditioning of the ICP-MS
interface region as it adjusted to the high NaCl content. It is thought that as
NaCl deposits build up on the cones the gas flow dynamics and pressure
between the sample and skimmer cones changes, resulting in changes in

sensitivity and stability (Montaser, 1998).

To encourage consistent interface a ‘conditioning’ solution with a similar
matrix to that being analysed during the AF4 runs was injected into the HR-ICP-
MS for 1 hour prior to any sample analysis (Sturrock et al., 2013). The solution
used had the same matrix as the carrier solution (0.1 M NacCl) diluted ten-fold
with internal standard spiked 3% HNO, Following this conditioning period the
signal stabilised. At this point the mass offsets (required for MR and HR

measurements) were checked and adjusted if necessary.

It was important that the NaCl content of the solution reaching the HR- ICP-MS

remained constant during a run, otherwise undesirable changes may occur.
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4.2.4.3 Online Coupling: Internal Standards

Ranville et al.,(1999) explained that internal standards can be used to correct
AF4-1CP-MS signal for baseline drift, artefacts and unusual signals. Internal
standards were used in this study to monitor instrument drift and also the flow

rate from the AF4.

Be, In and Re were selected for use as internal standards because they are
widely applied in ICP-MS, had previously been used with high TDS samples
(Sturrock et al., 2013), are well spaced across the mass range and were
elements that were not expected to be present in high concentrations in
landfill leachates (Oman and Junestedt, 2008).

During the method development phase, measurement of the internal standards
by the HR-ICP-MS showed that the signals varied systematically and repeatably
through the run. Initial investigation suggested that the flow rate must have
dropped in the second half of the run. However, this event coincided precisely
with the point where the cross flow of the AF4 was turned off (50 minutes). To
examine the implications of this observation in more detail, the actual flow rate
was measured by collecting fractions and weighing them to calculate the total
mass collected (Figure 4.4).This experiment demonstrated that the AF4 flow
rate was not constant during the run. This implied underperformance of the
cross flow pumps resulting in an increase in the AF4 flow rate once the cross
flow was removed (and hence greater dilution of the internal standards). This
problem was corrected by applying a pump correction to the tip and focus
pumps (after consultation with the manufacturer) so that a constant flow was
achieved. This observation highlights the importance of using internal
standards - otherwise this flow variation might not have been observed or

corrected for.
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Figure 4.4 Flow Rate Check for Sample and Baseline Runs

Initial trials in this study found that neither Be or In were suitable for use as
internal standards when added to the carrier solution because they interacted
in some way with the sample. Figure 4.5 shows an increase in the intensity of
the Be and In signals coinciding with an increase in the concentration of
organic matter (UV intensity), suggesting that both Be and In interact with
organic particles in the sample. Re did not show a similar interaction with the
sample. It must be noted that a dip in signal is visible in Re at the point at
which the cross flow is turned off because these experiments were carried out
prior to the tip pump correction mentioned above. In order to eliminate any
possible sample interaction artefacts, it was therefore decided to introduce the
internal standards into the diluting acid after the sample had passed through
the AF4.

An additional benefit of spiking the diluting acid (3% HNO,) was the ability to
monitor the flow rate out of the AF4. Any variation in the intensity of the
internal standards implied a change in the output flow rate of the AF4. The
diluting acid was spiked with 20 ppb Be, 10 ppb In and 10 ppb Re. The mixing
ratio of spiked acid to the outflow of the AF4 was 1:10, with 0.3 ml/min of AF4

flow being met with a 3 ml/min flow of diluting acid (see Figure 4.3).
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Figure 4.5 Be/In/Re signals for online fractionation with spiked carrier solution

All 3 elements were originally intended as internal standards to correct for
instrument drift but due to the low intensity of the signal of Be in MR and HR,
and for calculation simplicity, In alone was used as internal standard. In was
chosen over Re because it is more central in the distribution of the masses
analysed. Together, the internal standards were used to simultaneously check
the AF4 flow stability and HR-ICP-MS performance, but only In was used to

mathematically correct for changes in instrument sensitivity.

The flow rate from the splitter valve to the HR-ICP-MS remained constant at
0.24 ml/min, as did the flow rate of the diluting acid at 3 ml/min. The variation
in the intensity of Be, In and Re was therefore indicative of any system-related

variation and could thus be used for correcting instrument and/or matrix-

related drift.
4.2.4.4 Online Coupling: Sample Analysis

For several reasons (principally large sample volumes and incomplete flushing
of all parts of the AF4 system), there was a possibility of sample carryover from
one separation run to the next. Wahlund (2013) suggested that a residual peak
(observed after the cross flow is turned off), was ascribed to remobilization of

material that was previously absorbed by the membrane unless a high cross
74
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flow and low channel flow were used. With those conditions, the residual peak
was suggested to be caused by hydrodynamic immobilisation of particles due
to high cross flow. Therefore in this study, immobilisation of larger particles

was expected until the flow was removed and thus the particles are mobilised

and able to elute from the channel.

In order to determine if particle carryover after sample injections was present
with the parameters in this study (Table 3.6), baseline concentrations in the
system before and after sample injection were examined. Separation run
analyses were already extended to 120 min to minimise the effects of sample
carryover as noted in Section 4.2.4 and to include elution of all sample

particles within the analysis time.

To establish a baseline concentration of the elements of interest in the system,
1 ml of carrier solution was injected and analysed in the same way as a sample
normally would be. 1 ml of sample was then injected and analysed, followed by
another carrier solution injection. Although baseline measurements of
elements might be expected to return to levels prior to the injection of the
sample, some baseline variation was seen to occur, indicating that some
particle carryover occurred and thus a new system baseline was established for
the next sample injection. Variations in sample baseline may also be due to
sensitivity (See Section 4.2.4.5.4)

To fully account for possible carryover effects, a baseline run was conducted
before each sample injection to monitor cross-contamination and also to
establish the background levels in the complete AF4 and HR-ICP-MS system
corresponding with that sample. This procedure also provided an indication as
to whether various components of the AF4 system (e.g. membrane and tubes)
became contaminated as more samples were processed through the
instrument and acted as a rinse step (allowing extra time for potential residual
particles to elute) in between samples. Baseline data is discussed further in
4.2.4.5.4 and illustrated in Figures 4.13 and 4.14.

4.2.4.5 Online Coupling: Data Treatment

Several data processing steps were explored to obtain quantitative results from
the raw data and to evaluate the method (Figure 4.6 Data Processing Steps for
online AF4-HR-ICP-MS DataFigure 4.6).
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Figure 4.6 Data Processing Steps for online AF4-HR-ICP-MS Data

4.2.4.5.1 Raw Data

The raw data was exported from the HR-ICP-MS software in the form of CPS
versus time for each element throughout the run, similar to the example
shown in Figure 4.7. Before performing any further corrections, the raw data
was examined by plotting time versus CPS to check that the run had completed
correctly (i.e., no flow blockages, sensitivity was stable, etc.). These were
identified by unusual fluctuations in internal standard CPS data. A drawback to
the online data collection software was that it was not possible to track the
element data as it was being measured because the data capability required
was beyond that of the PC used. Therefore any problems with the AF4-HR-ICP-
MS system could not be detected until this stage was completed, except those
in the AF4 only, which were visible with the UV-Vis or FLU detectors. It was,
however, still possible to make sure data were being collected using the HR-
ICP-MS software “SHOW” setting which displayed individual element peaks or

the entire mass range in real time (one resolution at a time).
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4.2.4.5.2 Instrument Sensitivity Corrections

The first correction applied to the raw data was an internal correction. Given
that the flow rate from the AF4 and the online spiking/dilution was constant
(see section 4.2.4.3), it would be reasonable to expect the intensity of the
internal standards to be consistent throughout the run. Any variation from this
implies a measurement artefact in either the AF4 or the HR-ICP-MS
measurement. Using an internal correction intensity (and the assumption that
the intensities should be constant), it was possible to correct these variations
and apply them across all CPS values. In practise, for example, the In signal
was corrected to a constant value throughout the run by normalising
subsequent In time slice signals to the first time slice value. The factor
determined for each time slice is then applied to all other analytes. This is

standard practise for most elemental analysis by ICP-MS (Montaser, 1998).

4.2.4.5.3 Instrument Drift Correction

Throughout (and between) each measurement period (sometimes over 24
hours), the HR-ICP-MS sensitivity varied. Figure 4.8 shows an example of
sensitivity variation over a typical measurement period (Table 4.4) as
monitored using the In internal standard signal during each 120 minute

analysis.
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Figure 4.8 Sensitivity Variation over a Measurement Period

So that data collected at different times within each measurement period (or
between measurement periods) (Table 4.4) could be directly compared, a

sensitivity baseline sample (SBS) was introduced.

The SBS was a sample of diluted elutant collected at the point where the flow
would normally enter the HR-ICP-MS when connected (Figure 4.3) but was
instead diverted to a 20 ml vial. This was collected at the beginning of a
measurement period prior to the connection of the AF4 to the HR-ICP-MS,

immediately after the ‘conditioning’ phase.

As the concentration of internal standard in the diluting acid did not change
during the measurement period (the diluting acid was made up in 20 L bottles),
the CPS values of the internal standards as measured at the start of the session
(in the collected SBS) should not vary throughout the session unless the system
sensitivity varies. A correction factor derived by comparison of the internal
standard CPS value in the SBS to the CPS value during subsequent runs allowed
for all runs during a measurement period to be compared and corrected for
sensitivity variation. The same correction factor was applied to all elements
and a factor was determined for all resolutions using the In signal of the

corresponding resolution.

4.2.4.5.4 Baseline correction

To ensure that the elemental concentrations (and subsequently the recovered

masses of elements within a sample) could be fully quantified, the contribution
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of the system baseline to the sample signal was investigated to establish the

most appropriate method of correction.

Figure 4.9 shows three baseline profiles analysed prior to consecutive samples
within the same measurement period. It is clear that the baseline signal (for Sn,
in this example) varied during this measurement period with Baseline 1
showing over 60,000 CPS and Baseline 3 recording under 40,000 CPS. Given
this variation, it was therefore necessary to establish a baseline correction for
each sample run rather than use a single baseline correction for an entire
measurement period. To exemplify the importance of between-sample baseline
runs, the peak around 32 minutes in baseline 2 shows contamination in the
system which could potentially be from particles attached to the tubing or the
membrane that were subsequently remobilised during later runs. The
reduction in CPS after the peak suggests that the contamination quickly left the

system.
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Figure 4.9 Baseline signals for Sn during a measurement period

The last 70 minutes of each fractionation run were without cross flow, so the
majority of particles and contamination in the system should be eluted by this
point. Some small peaks were seen at 50 minutes (if any were present at all)
for some elements, corresponding to the time when the cross flow was turned
off and larger carryover particles (which were not sufficiently eluted in the 120
minute elution time) were able to freely elute from the channel. Background
signal intensities typically reduced towards the end of the run, indicating that

any carryover particles had eluted from the system in the baseline run.
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To establish a representative baseline value for subtraction from the
subsequent sample runs, the mean CPS value for each element during the last
20 minutes of a baseline run was used. This was because less fluctuation and
fewer spikes were observed during this time. A mean of the whole baseline
period would be unrepresentative because it would include carryover particles

which had been eluted and were no longer in the system.

The baseline CPS value was subtracted from the sample CPS values so that only
the contribution of the sample was used for the concentration calibration. Due
to the varying sensitivity, detection limits and concentrations of the elements,
the contributions of the baseline to the sample signal varies for different
elements and therefore impact the detection limits, precision and accuracy of

individual element concentration measurements.
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Figure 4.10 Baseline and Fractionation run signals for Sn

Figure 4.10 shows the variation in CPS for Sn during the course of a run. In this
case, the maximum CPS values were approximately 2000x higher than the
baseline values, so the effects of the baseline on the overall concentration are
minimal. Nevertheless, the contribution of the baseline to the sample signal
must be investigated and accounted for in all runs and throughout each run for
every element. Figures 4.13 and 4.14 illustrate the baseline and sample signals

for all elements under consideration.
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4.2.4.5.5 Concentration Calibration

Dubascoux et al.,(2010) and Lesher et al.,(2012) reviewed AF4-ICP-MS
calibration techniques and demonstrated that 2 types of approaches to this
problem were common; (1) Injecting a small, quantified element concentration
after the AF4 channel, just before the ICP-MS and then integrating the
corresponding peak area with the peak area of the sample to establish the
relative proportions, and (2) injecting larger volumes with known
concentrations after the channel, just before the ICP-MS to create flat topped
peaks with continuous signal and then transforming that signal to

concentrations.

To apply these strategies to our experimental setup, both of these methods
involve the reference standards being diluted (if acidified) at the point where
the eluted flow from the AF4 would be diluted (mixer valve, Figure 4.3) with
the standards then flowing through the splitter valve. Although an advantage
of this approach is that the standards are treated in the same way as the
sample, the major disadvantages are that high concentration standards may
contaminate the interface tubing. For the second method a large volume of
each standard is required. Even with peek tubing, in initial set up experiments
it was found that after high concentration injections, an elemental signature
remained in the system tubing after the solution had left the system. Therefore
sufficient wash time is needed in between standards for signals to reach
previous baselines. This washout time would thus increase the analysis times

and require large amounts of additional reagents.

The type of online analysis of standards previously reported also means that
exact dilution of the sample is unknown. Hence, there are implications for
accurate calibration of the sample data. If the samples have not been acidified
and flow directly into the nebuliser then the standards will not be matrix
matched with the samples, which also means accurate and precise calibrations

cannot be performed.

An alternative approach to overcoming the contamination, dilution and matrix
matching issues is to use standards run offline using an autosampler during
the same measurement period. The tube connecting the splitter valve to the
ICP-MS nebuliser was disconnected and connected to the autosampler probe. A

range of synthetic standards were analysed in the normal way using the same
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operating parameters as discussed previously. Standards were freshly made for
each measurement session and diluted with the same spiked diluting acid used
for the online samples. In this way the equivalent internal standard intensities

could be used to cross-calibrate the on-line and off-line measurements.

Multi-element standards were prepared (as described in 4.2.3.3.2) at
concentrations 10 fold higher than those used for the off-line analyses. The
standards were then diluted to the required level using the same spiked HNO,
used to dilute the AF4 flow after elution, thus mimicking the online dilution of
the sample. Standards were run at the beginning and end of each
measurement session (Table 4.4).

Table 4.4 Typical Order of HR-ICP-MS Analysis in a measurement period

Analysis Order Sample

Conditioning solution
Multi-element standards- offline
Baseline run 1

MSW Sample run 1

Baseline run 2

MSW Sample run 2

Baseline run 3

MSW Sample run 3
Multi-element Standards- offline

© 00 N OO V1 A W N =

The multi-element standards run included the sensitivity baseline sample (see
section 4.2.4.5.3). The initial run of standards were used for calibration. The
repeat standards measured at the end of a session were used to ensure that

the sensitivity correction was working [i.e. they were treated as unknowns].

4.2.4.5.6 Repeatability

Only a handful of previous studies (Whitley, 2012, Bolea et al., 2010, Stolpe et
al., 2005) have discussed the use of multiple runs to check that fractograms
are repeatable and that the method yields data with defined precision. This
lack of data quality evaluation may be due partly to the lengthy analysis time of

an AF4 analysis, such that a single fractionation run is deemed to be
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acceptable. As a consequence, many studies do not attempt any assessment of
the repeatability of their data. Nevertheless, for a method to be considered
robust and the results to be reliable, the repeatability of the data generated by

any method must be assessed.

Most studies coupling AF4 and ICP-MS have used peak areas (UV or ICP-MS
signals) to analyse repeatability by calculating the variation in peak areas from
repeat analyses. Assessing peak area alone, however, does not take in to
account variations in the retention time and therefore the size of the particles.
For example, two profiles could have identical peak areas but different profile
shapes. Assessing peak areas is therefore a measurement of the repeatability
of the composition of particles and the retention time is a measurement of the
fractionation process. In order to evaluate the repeatability of the method,
variations in peak areas and retention times should be evaluated. Thus, a true
measure of the repeatability of elemental concentrations and associations with
specific particle sizes can only be accomplished by considering retention times

and peak areas together.

The parameters in this study were optimised for small, low molecular weight
particles in landfill leachates and therefore the method precision was assessed
by comparing the peaks during cross flow. The total peak areas of all the
peaks were assessed, but the repeatability of peaks outside of the calibration
range (> 63 kDa) were not assessed individually. Peak integrations and peak
retention times were calculated and identified using Origin 9.1 software

(OriginLab, Northampton, MA) with the baseline for integration set at zero.

Replicate dilutions of the bulk filtered sample were also analysed in order to
assess the repeatability of these analyses. Results from replicate sample

injections can be found in Figures 4.13 and 4.14 and Table 4.5.

4.24.5.7 Recovery

Lesher et al.,(2012) reported that even when using an optimised system
recovery is often <100% and that the recovery rate can also be particle size
dependent. It is therefore important to report quantified recovery rates when
analysing the results. Due to the high fractionation field strength in this study,
it was expected that sample losses would be high because of the compression

of the sample against the membrane (Giddings and Caldwell, 1989).
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Previous studies (Dubascoux, 2008c and Neubauer, 2011) assessed recovery
rates using only the UV signal and therefore only the organic particles
detectable at the chosen wavelengths were analysed. Stolpe et al.,(2005)
recognised that this method of recovery calculation was incomplete and
discussed the need for a more robust method to determine recovery rates and
that the mass balance of elements should be addressed. Recent studies have
integrated peak areas of each element fractogram rather than the UV signals,
in order to calculate a mass balance and found that a proportion of sample was

not recovered from the channel.

All previous studies have calculated recovery rates by comparing the signal
eluted from the channel when no cross flow is applied (and therefore no
sample is passing through the membrane) with the signal obtained when cross
flow is applied (i.e. when the dissolved fraction passes through membrane).
This method does not account for losses inside the system or for the presence
of any of the “truly dissolved fraction” that passes through the membrane when

no cross flow is applied.

Bolea et al.,(2006) found that using this method indicated that >50% of most
metal ion species were lost during field flow fractionation. These low
recoveries were attributed to permeation through the membrane of the truly
dissolved species, but losses within the system were not considered. Wahlund
(2013) recognised that the issue of sample loss by adsorption to the
membrane needed to be addressed and that it was not possible to assess such
losses without separating them from those in the truly dissolved fraction
(passing through the membrane) but no investigation in to these losses were

made.

In this study, it is important to distinguish between the truly dissolved fraction
and any sample sorbed to the membrane or to the system tubing, so that any

lack of recovery is fully quantified.

In order to quantify the colloidal (channel) fraction, the truly dissolved (cross
flow) fraction and losses within the system, both the channel elutant and cross
flow were collected throughout a sample fractionation. These fractions were
collected in 125 ml bottles and treated in the same way as offline collected
fractions (4.2.3.2) using the HR-ICP-MS parameters listed in Table 4.2. A

84



Chapter 4

recovery percentage (within a 120 min period) for each element was obtained
as well as a distribution between dissolved and particle fractions using
equation 4, below. The total concentration, and therefore mass, of each
element in the original sample was calculated from analysis of an aliquot of the
leachate measured in the same sequence as the fractions. Baselines were
quantified in the same way and intensities of the baseline channel and cross

flow fractions were subtracted from the sample intensities prior to calibration.

_ (IC=TCBY+(TD-TDB)

0
R% ™

100 (4)

R% = Total Recovered Percentage of an element

TC= Mass of element in Total Channel fraction (ug)

TCB= Mass of element in Total Channel Baseline fraction (ug)

TD = Mass of element in Total “Truly Dissolved” fraction (ug)

TDB = Mass of element in Total “Truly Dissolved” Baseline fraction (ug)

TM = Mass of element in 1ml of sample.

Recovery masses of the particulate fraction were also calculated using the
origins 9.1 software (Origin Lab, Northampton, MA) and values compared with
those obtained using the method outlined above. Recovery results are shown
in Table 4.6.

4.2.46 Summary of Online Coupling Method

e Optimisation of AF4 parameters

e Optimisation of HR-ICP-MS parameters e.g. mass offsets
e Preparation of conditioning solutions and standards

e AF4-HR-ICP-MS connection

e Flow rate checks and HR-ICP-MS conditioning

e Online analysis

e Data treatment for quantification
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4.3 Results and Discussion

The results for both offline and online AF4-HR-ICP-MS fractionation of the MSW
sample are presented and discussed here in terms of the method development.
Interpretation of the results in the context of landfill leachate study will be

discussed in Chapter 5.

4.3.1 Offline Fractionation

Figure 4.11 and Figure 4.12 show the results for offline fractionation of a
baseline (grey shaded area) and MSW sample using conditions in Table 3.6
(except for run time which was 50 minutes). The figures indicate the
concentration present in each time resolved fraction of the sample and the
corresponding baseline. As discussed in section 4.2.3.3.1, the baseline for
each fraction was subtracted from the corresponding sample fraction so that
the sample mass could be quantified (mass calculated using sample

concentration and volume of collected fraction).
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Observations from these data were:

. The baseline fraction concentrations for offline collection varied across
the time period of a fractionation run (50 minutes) and the percentage
contribution of the baseline to the concentration in the sample varied between
elements.

. Li, Mg, Al, Si, K, Mn, Zn, As, Mo, Cd, Au, Hg and U all had at least one
fraction in which the baseline concentration was higher than the sample
concentration. This resulted in no mass determined for those fractions after
subtraction of the baseline fraction.

o Ti, V, Cr, Fe, Co, Ni, Sn and Barium fractions were all above baseline
fractions meaning that sample masses can be determined for all fractions.

. During the focusing step (0-10 minutes), there were higher baseline than
sample concentrations for Li, Si, Ca, Cu, As, Br, Mo, Au, Hg and Pb

. High concentrations of Li, Al, Si, Fe, Ni, Cu, Sr, Sn, Ba, Pb and U can be
seen in the last collected fraction. This suggests that not all of the colloids
have been eluted from the system within the 50 minute run time because the
concentration would be expected to be back to baseline levels at the end of the

run.

4.3.2 Online Fractionation

Figure 4.13 and Figure 4.14 show fractograms for 3 replicates of baseline and
MSW sample injections (120 minutes of analysis each, conditions in Table 3.6)
collected in one measurement period (Table 4.4). These results are prior to the

subtraction of the baseline signal.
Observations from the data were:

e For the majority of elements, the baseline signals were negligible
compared with the sample signals.

e Only Si, Cd, Au, and Hg sample signals were difficult to resolve from the
baseline.

e There were narrow spikes in the baseline for Ti, Ba and U but these did
not occur in each baseline for these elements

e The baseline signals showed little variation across the 120 minute

fractionation period other than these spikes.
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e During the focusing step, the baseline and sample signals were the same
apart from for Hg.

e With the exception of Si, the sample signal returned to baseline levels
after 120 minutes.

e Retention times and peak shapes for replicate fractionations for all
elements appeared to be in reasonable agreement.

e There was variation however in the intensity of the repeat runs and Run 1

appeared to have the highest intensity of the 3 repeat runs.
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4.3.3 Implications of Baseline Measurements

The variations in baseline signals were more noticeable in the offline method
than online because with the online method, spikes in signal were detected
instead of an elevated concentration for a whole fraction. These spikes and
elevated fraction concentrations suggested contamination in the system

caused by carryover from previous runs.

It was difficult to detect particle carryover with the offline system. The high
concentrations for many elements in the last collected fraction observed with
offline analysis were not enough alone to indicate that there was particle
carryover, due to the UV and Fluorescence detectors reaching baseline levels. It
was only when the AF4 was coupled online that the extent of the carryover
became clear as elements were seen eluting after the 50 minute period. This
demonstrates how powerful the online coupling of AF4-HR-ICP-MS is and also
the importance of the use of multiple detectors so that both organic and
inorganic particles can be detected. Extending the fractionation time to 120
minutes for the online method showed that with the exception of Si, this was
sufficient time for the baseline to return to a stable level for all elements

indicating that the particles have eluted from the system.

Geiss et al.,(2013) recognised that system contamination was a problem and in
their study the AF4-ICP-MS interface (T-piece mixing AF4 with diluting acid) was
disconnected between runs to allow for cleaning of the system. This study was
one of the few that recognised the problems that system contamination may
cause for quantification however they only investigated Ag NPs so only '“’Ag
levels were monitored using ICP-MS. Levels were monitored until an acceptable
and stable level was reached and only then was a new sample injected. Baseline
signals were mentioned in Stolpe et al.,(2005) however only 12 baseline
measurements were taken over a 6 month period therefore fluctuations over a

smaller time period were not accounted for.

Due to the 28 elements of interest and the range of particle sizes and samples
in this study, it was difficult to administer the approach of Geiss et al.,(2013)
because there were more element levels to monitor and the contamination was
less predictable than that from studies using manmade NP. Monitoring of the

baseline after each sample injection to establish the new baseline was
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therefore a compromise between their method and that of most AF4-ICP-MS

studies in which there was no rinse or baseline monitoring.

It is thought that the carryover in the system can be caused by insufficient
elution time for larger particles as well as particles attaching to the membrane
and tubing and subsequently remobilising. When changing the membrane used
with this study, what is presumed to be sample material was observed at the
focusing point and appeared as a lightly stained brown area on the membrane
(leachate samples used were brown in colour) indicating that attachment to the
membrane had occurred and thus, there would inevitably be an impact on
recovery rates (See 4.3.5). Wahlund (2013) also observed that sample was seen
on the membrane at the point of sample injection/focusing point after several
fractionation runs. They noted however, that the presence of sample did not
impair the quality or separation or the peak height and retention time and that
it appeared that the membrane became conditioned with sample, therefore

only affecting the initial runs after a new membrane.

It was clear from initial hook-up studies that after a new membrane and several
sample injections, the system baseline concentration increased for most
elements although this appeared to stabilise after 5-6 runs. The study by Geiss
et al.,(2013) noted that a membrane was useful for at least 50 runs before the
efficiency of the separation and the quantification was compromised and that a
membrane conditioning step was necessary until the signals observed were
stable (presumably when the membrane became saturated with Ag on its

sorption sites and the baseline Ag level in the system remained constant).

These recent studies along with the data shown here reinforce the importance
of monitoring the baseline in the system as well as conditioning the membrane
prior to analysing samples to ensure meaningful analysis and also to determine

recovery.

Although the carrier solution elemental concentrations were compared with
that of the bulk sample during initial selection tests, it has been shown with
the offline fractionation method that concentrations in some sample fractions
were lower than that in the carrier solution resulting in no mass being
determined for that fraction. This indicates that the concentration of elements

in size fractions differs from that of the bulk sample. Without baseline
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measurements, concentrations of the carrier solution could be wrongly

attributed to that of the sample.

The high concentration of Br during the focusing step of the offline method
when particles should not be eluting from the system may be due to
contamination during the dilution or fraction collecting process rather than
from contamination in the system because there should not be any carryover in
the system after a baseline. This highlights the risk for contamination from the
extra sample handling steps required when using the offline method. There is
also the possibility however, that the Br was attached to the membrane or

tubes from previous injections and became mobilised during the focusing step.

In summary, the introduction of a baseline run between sample fractionations
has shown to be a useful tool not only because of its ability to monitor system
contamination but because it also acts as a rinse in between runs so that the
system does not need to be disconnected each time. This allows for multiple
runs to be completed in one measurement period giving the user confidence

that the results are faithful and providing accurate sample concentrations.

434 Repeatability of Online Fractograms

Table 4.5 shows the repeatability results for the online replicates in Figure
4.13 and Figure 4.14 after baseline correction. Repeatability is reported as %
RSD values for the retention time of peak 1 and for the total peak area
(representing the colloidal fraction) (Section 4.2.4.5.6). The raw CPS values for
the peaks are also shown alongside the % RSD values of replicate aliquot

analysis of the bulk concentration.
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Table 4.5 Repeatability of Online Coupling and Repeat Bulk measurements

Element Peak 1 Max Total Peak Area (% Peak CPS © Bulk Conc.
Retention Time RSD)" (%RSD)*
(% RSD)*

Li 1 113 50,000 11
Mg 2 18 2,000,000 9
Al 3 58 550,000 24
Si No Peak 169 550,000 4
K 0 11 1,200,000 9
Ca 5 37 160,000 7
Ti 2 16 80,000 9
\" 1 30 250,000 9
Cr 1 23 1,200,000 10
Mn 1 23 60,000 7
Fe 56 18 8,000,000 7
Co 1 23 250,000 10
Ni 1 28 35,000 6
Cu 2 64 35,000 5
Zn 1 92 20,000 24
As 3 13 1600 10
Br 8 54 2500 10
Sr 4 15 3,500,000 6
Mo 2 27 30,000 5
Sn 1 18 2,500,000 2
Cs 173 173 30,000 13
Ba 2 34 500,000 10
Pb 1 39 700,000 13

Peak 1 retention time maximum identified using OriginsPro software
Total peak area calculated using OriginsPro. Represents total colloidal fraction pg recovered
HR-ICP-MS counts for peak 1

% RSD of 3 aliquots of the initial 0.1 um filtered MSW sample (Measurement precision all < 5% RSD)

o NnoT

Observations from the data:

e % RSD values for the retention time of Peak T maximum were highly
repeatable with all elements below 5% apart from Cs which was 173%
and Fe which was 55% (see below).

e % RSD values for the total colloidal mass (peak areas) were higher and
more variable than the retention time values for the same runs, ranging
from 15 to over 100%.

e Considering total peak areas Li, Cs and Si % RSD values were over 100%.

e Al, Cu and Zn all had values over 50%. All other elements had RSD values
less than 50% with Sr, Sn, Mg, Ti, and Fe below 20%.
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e % RSD values of aliquot analyses of bulk concentrations (section 4.2.2)
of the sample showed variations between aliquots but these were lower
than those of the peak areas.

e Al and Zn showed the highest variation between aliquots of bulk
samples but all other elements showed variation in total concentrations
less than 10%.

e High peak area % RSD values did not correspond with high bulk % RSD
values e.g. Li had 113% variation for peak areas but only 11% for bulk
replicate variation.

e Peak CPS values varied from 1600 for As to 1,200,000 for K

The low % RSD values for retention time indicated that the fractionation
process was highly repeatable and that replicate injections of sample showed
the same particles size distributions even if the element concentrations
altered, thus validating the fractionation parameters used. The higher values
observed for Cs and Fe retention time variability can be explained by 2

different reasons.

The high value for Cs is explained by the presence of a peak in the first run
only. The narrow peak of Cs as indicated in Figure 4.13 suggests that Cs is
present in the smallest fraction only (from low retention time) and therefore it
may be possible that in the subsequent runs, all of the Cs present was eluted
with the cross flow rather than in the colloidal fraction. Due to fluctuations in
membrane cut off as noted in Stolpe et al.,(2005) some Cs may have been
retained in the channel in the first run but eluted through the membrane in

subsequent runs. This will be discussed further in Chapter 5.

The retention time for Fe was also found to be less repeatable than other
elements but after inspecting the peaks shown in Figure 4.13, the reason for
the variation was that the peak was multi-modal. When analysing peaks using
the OriginsPro software, peak maximums were detected but the peak shape
was not considered. This reinforces that inspection of the data by eye
alongside analysis with software packages is recommended when determining

repeatability and analysing results.

% RSD values for the total colloidal concentration calculated from the total peak
area were much higher than the retention times indicating that the

fractionation process was more repeatable than the detection of the colloidal
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fraction of elements. The low retention time values show that the peak area
variation was likely due to varying element concentrations between sample
aliquots (as indicated by the bulk concentration % RSD) or due to HR-ICP-MS
response (due to nebulisation and transport of sample to the plasma,
atomization of elements in the plasma and transport of ions into mass
spectrometer) rather than variations in the PSD. It is important to note that the
% RSD values for bulk concentrations indicate the variability of the leachate
concentrations measured in the most robust manner therefore the % RSD
values for total peak area cannot be expected to archive lower values than

those for bulk concentration.

Of those elements with RSD values over 100% for peak areas, Si can be
explained by it’s presence only in the residual peak of the fractionation. All Si
injected within the sample did not appear to elute within the 120 min run
(Figure 4.14) and therefore the system was likely to contain carryover particles
which would affect subsequent runs and therefore introduce variation. This

may also have implications for the recovery of Si.

Li showed high variation for peak areas (173%) but the bulk concentration did
not show high enough variation (11%) to explain the variations in the colloidal
fraction. Due to the narrow peak occurring early on in the fractionation run
(Figure 4.13), Li was shown to be present in the smallest fraction and therefore
as shown with the variations in Cs retention times, fluctuations in the cut off

size of the membrane may explain the variation in colloidal fraction.

High variations of Al (58%) and Zn (92%) colloidal fractions can be partly

explained by their high variations in bulk concentrations of the MSW sample
(24% for both) however this does not fully account for the high values. If the
variation is not wholly due to the concentrations then other factors must be

considered.

Counting statistics are known to influence precision of data and analytical
precision improves with an increase in the number of ions counted (Thomas,
2013) therefore this must also be investigated to identify the source of
variation. The Al peak CPS value was more than 20 times that of Zn but both
showed the same variation therefore counting stats could not be the only

factor affecting the variation.
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Cu variations of 64% could not be explained by the bulk variation (5%) however
the relatively low response of the HR-ICP-MS compared with elements with
lower % RSD values suggested that for some elements including Cu, counting

statistics were important.

There were other factors which may affect the repeatability of the samples and
although these were constrained, there was still the possibility of variations in
sample volume injected, sensitivity of the signal, as well as the possibility of
the particular aliquot in question containing higher concentrations than

expected from the bulk replicate analysis.

The online measurement parameters used (Table 4.3) were optimised to
measure multiple elements continuously and therefore search, mass and
integrations windows were minimised. This reduced the repeatability of each
individual measurements and thus impacted on the repeatability of the
element signal. If fewer elements were to be measured, these windows could

be widened and thus lower % RSD values would be expected.

As mentioned previously, there are limited repeatability values of similar
analyses available for comparison. Stolpe et al.,(2005) achieved better
repeatability (<10%) for peak areas of many elements in this study but this was
with a 45 ml sample injection. When injection volume was reduced to 10 ml,
the RSD values increased to more than double for many elements therefore the
repeatability values in this study with a far smaller sample injection of 1 ml are
better than might have been expected when considering this data. This is likely
due to the internal standard sensitivity corrections, and the inclusion of the
baseline applied in this study. It must be reiterated however, that the
repeatability of the replicate analyses is limited by the variation of the sample

and thus it is important to also quantify the sample variation.

The assessment of the repeatability of fractograms has shown to be an
essential tool to validate AF4-HR-ICP-MS fractionation and to accompany
element distribution data particularly when quantitative information is
required. Even if colloidal concentrations are shown to vary, it is important to
report this so it can be considered with the interpretation of the data. It is also
important to report the variation of the bulk sample concentrations because
this is the limitation on the repeatability that can be achieved with

fractionation.
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4.3.5 Mass Balance Recovery

Table 4.6 shows the total recovered mass for each element collected using the
two recovery approaches (section 4.2.3.3.4 and 4.2.4.5.6). These are compared
with the injected mass (determined from an aliquot of the same sample) to
establish system recovery. It must be noted that the data in Table 4,6
represent the results from only one baseline and one sample injection for each
approach and therefore there are limitations which may have implications for

the uncertainty budget of the technique.

Approach 1 uses the offline fraction collection method data to calculate total
recovered mass of each element. These calculations therefore consisted of 36
values (17 colloidal fractions and 1 cross flow fraction for the baseline and 17

colloidal fractions and 1 cross flow fraction for the sample).

Approach 2 uses data from the channel and cross flow elutant, each collected
in 1 fraction. These calculations therefore consisted of 4 values (1 colloidal
fraction and 1 cross flow fraction for the baseline and the same for the

sample).

The measurement precision values shown in Table 4.6 are the sum of the
analytical variation values for each fraction therefore more values contribute to

this value for approach 1.

The LOD values shown in Table 4.6 are based on repeat measurements of
fractions collected within a single baseline run and thus reflect the variability

of the HR-ICP-MS analysis rather than the variability of the AF4 baseline.
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Table 4.6 Detection Limits, Precision and Recovery Values for Fractionation

using Offline and Online Parameters (Equation 3 and 4) (one sample injection)

Approach 1 ( Offline Parameters-50 Minute Approach 2 ( Online Parameters-120 Minute
Fractionation Equation 3) Fractionation Equation 4)

Element LOD® R* Recov Measurement LOD R? Recover Measurement
(ppb) Value ery°% Precision® (ppb) Value ye % Precision

(% RSD) (% RSD)

Li 0.0039 0.9994 68 3 0.0101 1 68 0

Mg 0.387 0.9983 51 1 0.3484 1 66 1

Al 0.129 0.9995 290 3 0.4596 0.9999 1766 1

Si 1.58 0.9986 16 27 0.0816 0.9998 9 1

K 0.757 0.9997 113 1 1.0141 0.9998 89 2

Ca 81.3 0.9999 14 4 3.8957 1 193 1

Ti 0.013 0.9989 48 2 0.006 1 77 8

Vv 1.12E- 0.9999 14 18 0.0014 1 82 10

Cr 8.3021 0.9999 39 1 0.0163 1 64 1

Mn 0.047 0.9999 140 1 0.001 0.9995 128 5

Fe 0.381 1 19 3 0.0392 0.9999 128 2

Co 9.21E- 0.9999 73 2 0.0013 1 73 13

Ni 8?101 6 0.9998 119 13 0.1173 0.9997 164 46

Cu 0.02 0.9998 1016 21 0.0137 1 223 12

Zn 0.923 0.9998 BD BD 0.5693 0.9983 98 70

As 0.0039 0.9982 46 74 0.001 0.9999 77 18

Br 1.142 0.9993 105 3 4.4836 0.9999 69 1

Sr 0.0117 0.9997 1 2 0.009 8.9977 62 3

Mo 0.0001 0.9999 51 3 0.0119 1 268 6

Cd 4.32E- 0.9881 355 29 0.0013 1 1550 2

Sn (2)?70E— 0.9995 30 2 0.0145 1 81 4

Cs 2.300E- 0.9999 102 3 0.0012 0.9995 102 36

Ba 8?006 1 4 15 0.0095 0.9997 3 18

Pb SZ.%E— 0.9958 391 3 0.0044 0.9997 212 8

LOD= limits of detection = 3 standard deviations of the blank

R”value of the standard calibration

Total mass (ug) recovered in 18 sample fractions and 18 baseline fractions n= 36
Sum of analytical error for each measured fraction inc. baseline fractions

monoe

Total mass (ug) recovered in 2 sample fractions and 2 baseline fractions n=4

4.3.5.1 Approach 1

e Recovery ranged from 1 to 1016% therefore for some elements a higher
mass was measured in the recovered fractions than was injected

e The analytical precisions values on these values ranged from 1 to 74%
therefore the results achieved using this method were highly variable.
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e 9 out of 28 elements showed feasible (<100%) mass balance results
using this method.

e Ag was not quantified due to the low R? values using both methods.

e Hg and U were not detected in the initial sample so recovery values

could not be determined.

Using approach 1 (36 fractions) to evaluate recovery did not provide an
accurate mass balance (100%) of the system for the majority of elements and
this can be partly attributed to the error introduced from measuring a large
number of fractions with low concentrations. The high variation values for As
(74%) and Cd (29%) can be attributed to the low CPS values (Table 4.5) for

these elements which reduce the quality of their measurement.

4.3.5.2 Approach 2

e Recovery values ranged from 3 to 1776% therefore this approach still
showed that for some elements, more was recovered from the channel
than was injected.

e 14 out of 28 elements provided feasible (<100%) mass balance results
so this was an improvement on approach 1.

e Only Al and Cd, showed recovery values that were more than a factor of
10 out of the expected range

e Mo, Pb, Ca, Mn, Fe, Ni and Cu all showed that more was recovered from
the system than was injected even when considering the analytical
precision errors and the bulk concentration variability.

e The precision errors for this method ranged from 1 to 70%.

e 14 out of 28 elements showed mass balance recovery within the
expected range (0 to 100%).

e Ba and Si had the lowest recoveries (3 and 9%) with all other elements
showing at least a 62% recovery.

e Similar recoveries were detected for Li and Cs values using both

approaches.

4.3.5.3 Mass Balance Recovery Findings

The lower precision values obtained using the second approach were due to

the lower number of collected fractions for the same sample volume (therefore

102



Chapter 4

higher concentrations and higher CPS values were measured in the fractions)
and this approach is therefore more useful for assessing recovery than

approach 1.

Those elements which were difficult to measure above baseline concentrations
resulted in particularly abnormal values e.g. Cd 355 and 1550% using both of
the methods and so it is clear that carrying out an accurate mass balance with
lower signal to baseline ratio and low CPS values was difficult. This also
reinforces the importance of measuring the system baseline and is another

reason why repeatability values may vary between elements.

Elements which showed that more was recovered from the system than
injected can be attributed either to system contamination, variations in injected
sample concentrations, analysis and data transformation steps or the

contribution of the carrier solution.

Al was found to have a very high (290% and 1550%) recovery in both methods
and this suggests that there was Al contamination in the system or during the
sample analysis preparation. There was no way however, to know if this was
contamination post collection, from within the system or in the sample. Online
analysis would show a spike in Al if this was caused by contamination in the
system or the sample and therefore online analysis alongside recovery

experiments would provide more details on the contamination source.

It is possible that due to the large sample dilution by the carrier solution
throughout the AF4 run, some of the metals originating from the injected
sample were below detection. Even though the carrier solution was very pure,
the contribution to the total mass of elements from the carrier solution is
magnified with such a large dilution and this could perhaps explain the >100

% recoveries for some metals.

The LOD values reflect the limits of the HR-ICP-MS rather than the LOD above
the baseline therefore to be more relevant to the method, they should ideally
be based on multiple AF4 runs. Multiple AF4 runs would likely result in
considerably higher LOD values due to variations in the level of contamination
in the AF4 system but would reflect the true LOD of the approach and remove

the effects of the carrier solution contribution.
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It was expected that recoveries using approach 1 would be lower than
approach 2 because the fractionation run was only carried out for 50 minutes
however there were elements in which recovery did not differ using either 50
minutes or 120 minutes e.g. Li which suggest that the element was only
present in the smallest colloidal fraction and is in agreement with previous

findings for Li in this study.

Recovery methods previously used have not found recoveries of 100% and this
has mostly been presumed to be due to losses through the membrane of the
dissolved fraction. Geiss et al.,(2013) did note that the current method for
determining recovery rates does not considers losses of material on the
membrane or adsorption on tubing walls (see section 4.3.3) and that the
current recovery method in which comparing the eluted volume of samples
with and without crossflow also presumes that samples losses are equal with

and without cross flow.

The mass balance approach presented here has shown that real losses to the
system occur. Ba and Si in particular showed that there were high losses of
these elements to the system and whilst it can be explained that Si recovery
was low because not all Si particles have eluted from the system in the 120
minute period, it was not clear why the recovery of Ba is so low and perhaps

may be due to the adsorption to the membrane or tubing.

Giddings and Caldwell (1989) reported that sample loss was highest with high
cross flow due to the compression of the sample against the accumulation wall
which can cause inter-particle association and adhesion to the membrane.
Variations in recovery could also be caused by fluctuations in membrane cut
off which occur as the membrane becomes more conditioned(by particle
adhesion to the membrane) (Wahlund, 2013). It is possible that the particles
absorbed to the membrane not only physically alter the cut off size of the
membrane but that inter-particle electrostatic repulsion between the particles
on the membrane and those in the channel occur, thus potentially restricting
the movement of < 1 kDa nanocolloids through the membrane. These
artefacts are likely to increase the variability of fractionation results and the

truly dissolved/nanocolloidal distribution.
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The recovery method used previously in studies (See Section 4.2.4.5.7) does
not account for sample losses due to cross flow whereas the mass balance
approach presented here, accounts for the cross flow. As such, this is a more
appropriate approach to quantify recovery in the system particularly when high

cross flows are used.

Thang et al., (2001) found that AF4 recovery decreased when carrier solution
ionic strength and cross flow was increased therefore it may be possible that
higher recovery rates may be achieved using different fractionation
parameters. It is therefore important to measure recoveries for each set of AF4

parameters e.g. carrier solutions, membranes, cross flow and for each sample.

Stolpe et al.,(2005) highlighted the need to determine the truly dissolved
fraction to establish real system losses and to date this is the first study to
analyse the cross flow from AF4 to determine this. Although all elements
present in the cross flow were presumed to be that which are truly dissolved
and in this case, below the 1 kDa cut off, it was possible that during the
focusing step, only those elements which were strongly associated with the
particles remained in the channel and that because of the high cross flow, a

rinsing process occurred.

The high cross flow means that there was a large volume of carrier solution in
contact with the sample which not only has implications for the detection of
elements but also for the distribution between nanocolloidal and truly
dissolved fractions. It is possible that elements which were loosely bound to
particles may have been rinsed off when exposed to the carrier solution and
because the flow was consistently replenished with new carrier solution this
rinsing step could continue throughout the fractionation process. This process
is an artefact of the AF4 technique that may result in variability in the recovery
and dissolved/nanocolloidal distribution results. This could be confirmed by
conducting an ultrafiltration experiment alongside a cross flow collection and

comparing the results.

The recovery approach implemented here presumed that the sample aliquot
injected, and the aliquot of sample analysed for bulk concentration contained
the same concentrations. The repeat measurements of the bulk sample (Table

4.3) however, showed that variations do occur. The approach also presumes
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that losses in the system were independent of size and that an equal amount

of dissolved and colloidal elements are lost in the system.

In order to obtain a more precise mass balance of recovery and dissolved and
colloidal fractions, an experiment in which the exact inputs in to the system
were known would be required. It is not possible however, to know prior to a
run what is expected in the colloidal and dissolved fractions and this makes a
mass balance of natural samples difficult. Whilst recovery of a solution of
manmade NPs in which the elution fraction was known could be calculated, the
results of these recoveries cannot be used to suggest recovery of a leachate
sample due to the differences in the matrix and the characteristics of the

particles.

So that an accurate and precise mass balance recovery could be calculated, a
completely clean system would be needed e.g. new tubing, membrane and in
this way an exact recovery of the system could be determined. The influence of
membrane conditioning and system contamination however would mean that
these results would not be transferable because the fluxing baseline in the

system could alter samples whilst conditioning is taking place.

To summarise, determining a rigorous mass balance recovery in the system
remains a difficult and ambiguous factor and a challenge to substantive
quantification of elements in natural samples. Nevertheless, this method
provides an improvement on previous recovery methods and as long as
repeatability and details of the methods used are reported and discussed then
this information can be useful when interpreting AF4-HR-ICP-MSICP-MS
analyses. The finding that a proportion (0 to <99%) of elements are not
recovered from the system impacts on previous studies in which any sample
not eluted from the channel was attributed to the “dissolved” fraction thus

having implications for their research.

4.3.6 Offline v Online Analysis

Offline and online coupling of AF4-HR-ICP-MS have both shown to be
successful in providing element distribution information and there are benefits
to both methods.

106



Chapter 4

The detection capabilities between the two methods differ and Li, Si, Cd, Au
and Hg cannot be quantified using the offline method but Li and Si can using
the online method, therefore the online method provides better

resolution/detection limits than offline (in this study).

The nature of offline analysis means that fraction collection can be less
resource intensive. To complete offline analysis the AF4 and ICP-MS do not
need to be in the same laboratory and indeed not in the same institution as
fractions can be collected and transported elsewhere for analysis. Offline
analysis does not need to be carried out simultaneously and potentially allows
for better time management. It is vital however, that all analysis is carried out
in trace element clean conditions; fraction collecting increases the risk of

contamination because of the increased steps involved in analysis.

Offline analysis was only carried out for 50 minutes because UV and Flu
detectors showed that the signal returned to baseline after this period and
therefore it was expected that all particles had been eluted in this period. Once
AF4 was coupled online with ICP-MS it was clear that not all particles were
eluted within this period and this is a drawback with the offline method which

could affect reliability of the results.

Offline analysis also enables the user to measure elements in all resolutions
simultaneously and provides an indication of the precision of the data that is

not possible with online analysis.

On the other hand, online analysis reduces the risk of sample contamination
and allows for contamination in the AF4 system and interface to be easily
monitored. The online fractograms are much easier to resolve from the
baseline and provide clearer visual results as well as more detailed time

resolved data.

Although online analysis requires large periods of analysis in one measurement
period and lots of equipment set up, once it is set up, it has the ability to
generate large data sets in relatively short time periods (compared with offline)
and also provides almost instant results making it a much more desirable

method than offline analysis.
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4.4 Conclusions

This study shows the first approach to quantifying multiple elements
associated with colloidal size fractions in a landfill leachate considering the

baseline, mass balance of the system and repeatability of the method.

It has shown that fraction collecting and offline analysis is a useful tool for
preliminary and complimentary experiments to online coupling however online
coupling of AF4-HRICP-MS provides better resolution than the offline fraction

collecting method.

The interface between AF4-ICP-MS and the data transformation steps presented
in this study have shown to be successful in quantifying element concentration
and masses and it is important to report the exact methods so that the data

can be assessed by the reader with these in consideration.

Even if element associations with size fractions and other characteristics are
not to be quantified, acidification and the use of internal standards are

recommended to optimise the sensitivity and stability of the analysis.

The internal standards must be chosen wisely for each sample to reduce
interaction and interference with sample concentrations, the carrier solution
and the AF4 system.

Retention times determined online are repeatable to within 10% for all
elements and the colloidal fraction is repeatable to within 50% for 14 of the 28

elements measured.

It was difficult to quantify Cd, Au, and Hg above baseline concentrations due to
low concentrations in the sample but for all other elements baseline

contributions using online coupling are neglible.

The baseline concentrations in the system do not remain constant and are in
flux due to system inputs therefore the baseline must be monitored to ensure
that representative results are obtained and a baseline is recommended

between each sample injection.
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Fraction collecting the cross flow and channel elutant provided an indication of
the mass balance in the system and was a useful method for determining
sample losses in the system. It can infer the split between colloidal and
dissolved fractions and is recommended to be conducted for each sample and

set of AF4 parameters.
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Chapter 5

Chapter 5: Multi-element Distribution in
the Nanocolloidal Fraction of Landfill
Leachates using AF4-HR-ICP-MS

5.1 Introduction

Current regulations regarding landfill leachates (EU Groundwater Directive
80/68/EEC and the Groundwater Daughter Directive 2006/118/EC) are based
on research in which all elements present under < 0.45 pm are classed as truly
dissolved and thus do not consider that the elements in this fraction may be
present in colloidal form (See Section 1.4). This chapter aims to investigate the
distribution of elements within the conventionally termed “dissolved fraction”
of landfill leachates and identify mechanisms of element partitioning by

applying the techniques previously optimised (Chapter 4).

In brief (Chapter 1), the nanocolloidal fraction (< 100 nm) is important in terms
of the fate of elements in the environment because the large surface area to
volume ratio of nanocolloids compared with the bulk minerals, can result in
increased reactivity (Plathe, 2010). The high surface area to volume ratio of
smaller particles can result in higher apparent adsorption coefficients of
dissolved metals to colloids, larger diffusion coefficients of colloids relative to
larger particles, and thus greater travel distances of metals associated with
colloids compared to those present in larger particles or when truly dissolved
(Baalousha et al., 2011a).

The more that we understand about how natural nanocolloids effect their
surroundings, the more we are also able to potentially predict the distribution
and interactions of man-made NP in the environment (Wiesner et al.,
2011).This is particularly important with the ever increasing release of man-
made NP into the environment (naturally or through waste disposal sites) and
the comparative absence of knowledge about their fate. For example, Mueller
and Nowack (2008) have estimated that 50% of manmade NP will eventually

reside in landfills, so if we are to understand the fate of this additional loading
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of NP it is important that we first characterise those presently available, their
interactions (particularly with inorganic and organic hazardous materials) and

potential transport/co-transport properties and impact (Wagner et al., 2014) .

This study investigates landfill leachates from both Class 1 and 2 (Section
3.2.3), and therefore the different composition and characteristics of these
leachates will allow for potential differences between element associations and
size fractions which may arise from the implementation of recent legislation
(e.g. introduction of MBT as a requirement to reduce the mass of

biodegradable waste (Section 1.1.1)) to be investigated.

Thus far (Chapter 1) studies identifying element associations with different size
fractions (including < 0.1um) in landfill leachates have relied on conventional
filtration methods, such as ultrafiltration (Matura et al., 2010, Gounaris et al.,
1993, Jensen and Christensen, 1999, Jensen et al., 1999, Wu et al., 2012, Li et

al., 2009a) yet no clear distribution patterns have been determined.

Gounaris et al.,(1993) were the first to examine colloids in landfill leachates
and observed that the major component of colloids was OM and that these
colloids associated strongly with Zn, Pb and Cr. The study hypothesised that
OM existed on the surface of inorganic colloids, keeping them stable and in
suspension. However, because of the filtration methods used they were not

able to investigate this further.

Jensen et al., (1999) spiked groundwater samples with Cd, Ni, Zn, Cu and Pb at
concentration ranges found in landfill leachates. It was found that more than
87% of TOC was present in the fractions < 10 nm. The heavy metals were
strongly associated with the OM however Zn did not complex as strongly as the
other heavy metals and was instead associated mainly with inorganic colloids.
The major elements (Na, Ca, Mg, Mn, and K) were found primarily in the truly

dissolved fraction however Fe was found only in the colloidal fraction.

Jensen and Christensen (1999) found that a substantial but highly variable

proportion of heavy metals was present in the colloidal fraction of four

different leachates (all from MSW sites). No distinct distribution behaviour of

metals between dissolved and colloidal species was observed. However, the

colloidal fraction ranged from 1-400 nm and was thus a much larger size range

than to be investigated in this study. The varying cut off sizes for fractions and
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the membrane types used during filtration techniques also makes it difficult

for direct comparisons between studies.

Li et al.,(2009a) examined organic nanocolloids and heavy metals (As, Cr, Cu,
Ni, Pb, Zn) in MSW leachates at different stages of leachate treatment using
ultrafiltration. They found that OM in raw and treated leachates primarily
existed < 1 kDa and that heavy metals were found to predominate in colloidal
fractions (> 1 kDa) but there were large variations in dissolved/colloidal
species between the leachates. The size distribution of heavy metals was
significantly affected by the treatment nature of leachates, apart from Zn. This
study, as with previous did not distinguish between humic and fulvic

substances and inorganic particles were not considered.

Matura et al.,(2010) used ultrafiltration alongside TEM and ICP-MS to examine
binding of trace elements to organics and inorganics in leachates from a
closed and an active landfill site. TEM showed that colloids present in the
leachates were inorganic, composed of carbonates (Mg and Ca) and clays and
that these were larger than 100 nm. Organic and Fe-oxide particles were
shown to be present but to have a minor role in binding compared with
inorganic clays and carbonates. Colloids in the active landfill site were shown

to bind larger amounts of trace elements than those in the closed landfill site.

Wu et al.,(2012) used ultrafiltration combined with fluorescence to identify
types of OM in leachates and found that OM interacts with metals in leachates
and that Cd preferentially bound to fulvic-like components, wheras Cu
complexed with humic like components. The MW of nanocolloids was found to
exert less influence on metal binding than that of specific metals or
components (e.g. humic or protein like) and is thus an indirect factor. This is
consistent with the variations in element distributions observed between

different studies due to their different metal compositions and components.

Hennebert et al., (2013) is the most recent ultrafiltration study to investigate
leachate colloids and to the author’s knowledge, this was the first to examine
the distribution of a wide range of elements between colloidal and dissolved
fractions in landfill leachates although they did not consider organic
nanocolloids. They examined all of the elements as in this study apart from Li,

Br, Sr Ag, Au, Hg, and U but additionally, were not able to quantify Al and Si
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due to background contamination. The majority of elements were found to be
present in the colloidal fraction but Fe, Mn, Ba, Cr and Ni were not found in the
< 3 kDa fraction. This study did not however suggest reasons for distributions

of the elements between size fractions.

These previous landfill leachate studies have all shown that there are strong
associations between OM and metals in landfill leachates however further
investigation has been limited by the amount of data that can be produced
with filtration techniques. The use of AF4-HR-ICP-MS will allow for better

resolution of the nanocolloidal fraction to be obtained.

One previous study (Dubascoux et al., 2008a) used AF4-ICP-MS (not HR) to
evaluate landfill leachate nanocolloids however this study focused on the
speciation of organo-tins in landfill leachates rather than conducting a multi-
element investigation. This study found that two distinct nanocolloid
populations were present, an organic and an inorganic rich fraction, although
Sn did not show complexation with either preferentially. Although both organic
and inorganic colloids have been detected in previous studies, the filtration
techniques used have not been able to distinguish between them by size. Since
organic and inorganic colloids typically show different behaviour and play
different roles in environmental processes, it is of importance to differentiate
them (Hassellov et al., 2006).

Although studies investigating nanocolloids in landfill leachates are limited,
more recent studies (Bolea et al., 2006, Bolea et al., 2010, Laborda et al., 2011)
have used AF4-ICP-MS to examine colloids in compost leachates which had
similar characteristics to landfill leachates (e.g. TOC, pH and range of
elements). These studies focused on organic nanocolloids, and all have shown
that NOM was associated strongly with metals as seen with the findings of
previous landfill leachate studies (Gounaris et al., 1993, Jensen et al., 1999,
Dubascoux et al., 2008c).

AF4-ICP-MS has also been used more extensively for studies investigating river
samples (Lyven et al., 2003, Alasonati et al., 2010, Benedetti et al., 2003,
Stolpe et al., 2012) and this technique has enabled size distribution patterns of

both inorganic and organic nanocolloids in rivers to be established (e.g. fulvic-

114



Chapter 5

rich nanocolloids between 0.5 to 3 nm and iron-rich nanocolloids between 4 to

40 nm in Alaskan rivers (Stolpe et al., 2012)).

As well as the source and nature of particles and the physical, chemical and
biological processes, the physicochemical parameters of the environmental
system also affect the size distribution of nanocolloids in the environment
(Baalousha, 2009). Physicochemical parameters include pH and ionic strength,
both of which are likely to change when a leachate escapes from a landfill site
into a groundwater system (freshwater), an estuary (saline) or when rainwater

infiltrates a landfill.

It is difficult to constrain the pH and ionic strength effects on environmental
samples because they are not independent characteristics and therefore most
investigations are based on experimental work using engineered NP and
simplified environmental conditions (Wang et al., 2014, Tan et al., 2007) and
well characterised humic substances such as Suwannee River Humic Acid
(SRHA) (Mohd Omar et al., 2014, Yang et al., 2011). lonic strength experiments
have been carried out using laboratory simulated mixing with synthetic

sea/groundwaters (Krachler et al., 2010, Stolpe and Hassellov, 2007).

A previous pH experiment (Mohd Omar et al., 2014) investigated zinc oxide NP
and found that pH influences the stability of particles and that at higher pH
values, particles were more likely to aggregate in the absence of humic acid.
However, aggregation was reduced with the addition of SRHA, which appeared

to coat the NP and fragment aggregates thus reducing the effects of pH.

Yang et al., 2011 highlighted the need to consider the influence of pH and
ionic strength when investigating the role of NOM in colloidal mobility. Using a
simplified laboratory experiment, pH and ionic strength were shown to
influence the deposition of colloids (manmade microspheres) in a sand packed
porous column in the presence of SRHA. Deposition of colloids in the column
was influenced more by pH than ionic strength but higher pH and lower ionic
strength solution values together resulted in the highest deposition of colloids
and thus both influenced colloidal mobility and are likely to be important
factors in the distribution of nanocolloids and associated metals in landfill

leachates.
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5.1.1 Aims and Objective

To the author’s knowledge, this is the first study to couple AF4 online with HR-
ICP-MS to investigate the distribution of multiple elements within the
“dissolved” fraction of landfill leachates. This chapter will apply the method
developed in Chapters 3 and 4 to three leachates in order to validate it and to
determine the composition and distribution of nanocolloids and the elements
associated with them, so as to identify colloidal carriers of potentially toxic
metal(loids). The differences between leachates created from different waste
classes and the effects of altering environmental characteristics will also be
explored. By investigating the distribution of elements within this fraction, data
which may be used to enhance landfill risk assessment models will be

discussed.

5.2 Materials and Method

Materials and methods used in this chapter have been detailed in Chapters 3
and 4 however brief supplementary information will be given. The methods
applied in this chapter will be used to validate and demonstrate their ability for
use with leachate samples other than MSW (used for method development in
Chapter 3 and 4).

5.2.1 Leachates

Three different UK leachates were used in this comparison study as detailed in
Chapter 3-: (1) MSW leachate (used in Chapters 3 & 4), (2) MBT leachate
(created synthetically from MBT waste) and (3) AMSW leachate (created
synthetically using aged waste (buried > 10 years)). These have been previously
characterised (Dalton, 2014) (Table 3.1) and briefly discussed in Section 3.2.3.

In order to explain elemental distributions within the leachates, the differences

in their characteristics must be further discussed.

All the leachates studied had pH values that were in the mid to high range for
typical MSW landfill leachates (7.21 to 8.32). MSW had a particularly high
conductivity (41 pS) compared with both MBT (7.7 yS) and AMSW (2.9 pS) and
with typical landfill leachates (2.5 to 35 pS). This was as expected because MBT
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has many particles/constituents removed in the treatment process (Robinson
et al., 2005) and AMSW will have experienced degradation, thereby also
reducing it’s conductivity (Kjeldsen et al., 2002). MSW TOC (2380 mg/L) was
double that of MBT (1080 mg/L) and more than 10 times that of AMSW (139
mg/L) however it was within the typical range for landfill leachates as was both
MBT and AMSW.

5.2.2 Method

Methods used for characterisation and analysis of the three leachates in this
study are described in detail in Chapters 3 and 4. Briefly, leachates were
characterised using AFM and DLS and fractionated using AF4 with parameters
optimised for the fractionation of low MW nanocolloids. AF4 has been coupled
online with UV-DAD, FLU and HR-ICP-MS to obtain a distribution of particle
compositions and associations with size. Repeatability of multiple sample
injections has been assessed using peak retention times and total peak area
integration (Section 4.2.4.5.6). Recovery was also assessed offline using

fraction collection of cross flow and channel elutants (Section 4.2.4.5.7).

5.2.2.1 pH and lonic Strength Effects

pH and ionic strength alteration of leachate may occur in the environment as
leachates escape from the landfill or water infiltrates. The potential effects of
these changes on elemental distributions were examined by fractionating
online using AF4-HR-ICP-MS. MSW was chosen out of the three leachates
available to evaluate these influences because it contained the highest
concentrations of most elements (Table 5.3) and so was most likely to retain
detectable concentrations after dilution. The concentrations of elements were
also more homogeneous compared with MBT and AMSW (Table 5.3), so the
variability of different aliquots was less likely to affect the results of ionic and

pH alteration.

5.2.2.2 lonic strength

To alter the ionic strength of the MSW leachate, aliquots of filtered (0.1 pm)
MSW leachate (as used in Chapters 3 and 4) were diluted with 0.1 pm filtered
Milli-Q in order to lower the ionic strength of the solution (also resulting in

lower TOC). There were 4 different dilution values, 1:10, 1:20, 1:50 and 1:100.
117



Chapter 5

Dilution beyond 1:100 was not feasible for this study because many of the

element signals would not be detectable.

5.2.2.3 pH

The pH of MSW (0.1 pum filtered) was adjusted to lower values with the addition
of 3% HNO, solution (high purity sub-boiled diluted with 0.1 um filtered Milli-Q)
using the amounts of HNO, in Table 5.1. The pH was lowered from 8.32 to pH
7, 6 and 5 because these lowered values are representative of the range of rain
(Environment Agency, 2010a) and seawater (Environmental Protection Agency,

2006) which may mix with leachate and alter pH.

HNO, was selected to adjust the pH of MSW because it had been previously
used in leachate adjustment studies (Kim et al., 2002, Christensen and
Christensen, 2000, Fan et al., 2007 ) and because it was readily available in
high purity grade (also used in this thesis for acidifying samples for HR-ICP-MS

analysis).

Drops of 10 pL were continuously added to 10 ml of MSW and the pH change
was monitored with each drop. Once the required pH was reached, each
solution was left to equilibrate and measured again after 12 hours. The MSW
was well buffered and therefore the pH of the solutions rose after the initial
addition of HNO,. More drops were subsequently added, whilst measuring the
pH, and the solution pH measured every 12 hours until the desired pH levels
were reached and were stable. The EC (electrical conductivity-ionic strength
indicator) was also monitored to establish the effect of altering pH on the EC

and only minor changes were observed.

Table 5.1 3% HNO, addition for pH alteration of MSW samples

Required pH 3% HNO, added (uL)
5 1830
6 1710
7 1340
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5.3 Results and Discussion

This section presents the results from the fractionation of three different UK
landfill leachates in order to identify their nanocolloidal element distribution
and to validate the method developed in Chapters 3 and 4. Results of the

fractionation of a modified leachate (pH and ionic strength) are also presented.

Results will be presented and discussed in sections dependent on the method
used. Those relating to the validity of the AF4-HR-ICP-MS method will be
presented before a comparison of MSW v MBT v AMSW results. Initial results of
pH and ionic strength effects on elemental distributions of MSW will also be
shown.

5.3.1 DLS Results

DLS was used to analyse the PSD of MSW, MBT and AMSW. The results shown
are the number (%) of particle sizes detected in particle size fractions in the 3

leachates. These are presented in Figure 5.1 to Figure 5.3.
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Figure 5.1 MSW Particle Size Distribution from DLS Analysis
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Figure 5.2 MBT Particle Size Distribution from DLS Analysis
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Figure 5.3 AMSW Particle Size Distribution from DLS Analysis

The results from DLS analysis show that:

e No particles <30 nm were detected in any of the leachates.

e All leachates contained particles larger than the 100 nm filter size used
in sample preparation indicating that particle aggregation occurred after
initial filtration (See Section 3.3.1).

e MSW PSD ranged from 35 to <200 nm with a mode of 50 nm

e MBT PSD ranged from 30 to < 200 nm with a mode of 40 nm

e AMSW had the largest particles with PSD ranging from 48 to <200 nm

with a mode of 70 nm.

The results from the PSD comparison showed that MSW and MBT leachates had
a similar particle size range; however AMSW demonstrated a higher range,
indicating larger particles. This could be explained by the age of AMSW which
results in a lower leachate TOC value and therefore less organic particles
present in the leachate and proportionally greater numbers of inorganic.

Organic particles such as humic and fulvic acids are known to be generally of a
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smaller size than inorganic particles (Lead and Wilkinson, 2006)(Figure 1.3)

therefore AMSW can be expected to have larger particles.

No other studies have used DLS to investigate PSD in landfill leachates
therefore no direct comparisons can be made. However Baalousha et
al.,(2006b) used DLS to investigate the size of humic substances by using
SRHA as a synthetic standard. This study found that humic substances were <
10 nm which suggests that the leachate samples in this study did not contain
any humic substances because no particles of this size were detected,
although this maybe a gross oversimplification, as humics have been shown to

be very variable in nature.

It is possible that the leachates contained aggregated humic substances or
humic substances complexed with larger inorganic which is why they were not
detected at smaller sizes but it is also important to note that, as discussed in
Section 2.2.1.3, DLS is less sensitive to the detection of smaller particles. This
is particularly known to occur in polydisperse samples because the large
particles mask the presence of smaller particles because they scatter light
more effectively (Filella et al., 1997) and therefore this may be occurring in
these measurements. These results must be therefore be used in conjunction

with AFM and AF4 results before drawing any final conclusions.

5.3.2 AFM Results

AFM analysis was carried out for each of the three leachates (Table 5.2).

Table 5.2 Leachate Particle Sizes from AFM Analysis

Dilution Min Diameter (hm) Max Diameter (hm) Mean Diameter (nm)

MSW 5.29 15.3 8.88
MBT 1.96 54.8 24.1
AMSW 9.78 88.5 41.9
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The AFM analysis confirmed the presence of nanocolloids in each of the three

leachates but there were different size ranges in the leachates.
In summary:

e MSW particles had the smallest size range from 5.29 nm to 15.33 nm.

e MBT particles were detected from 1.96 nm to 54.8 nm.

e AMSW particles were larger than MSW and MBT particles and ranged
from 9.78 nm to 88.5 nm.

e The PSD detected with AFM was smaller than that with DLS.

It was surprising that the largest particles detected in MSW were 15.33 nm
because this contrasts with the results from DLS for MSW in which particles
were between 35-200 nm. It appears that the particles detected in MSW using
AFM may be the organic particles that were masked by larger particles in DLS
however it is not clear why no larger particles were detected in this sample.
Smaller particles in the size range of humic acid (Baalousha et al., 2006) were
also detected in MBT and AMSW using AFM that were not detected using DLS.
AMSW PSD was larger than MBT and MSW and this is in agreement with the
findings by DLS.

When comparing the PSD obtained from AFM with DLS, it was clear that the DLS
detected a larger particle population in all leachates than AFM and this was
because each method uses a different principle to determine particle sizes (See
Section 2.2.1). Variation between AFM and DLS was also recognised by
Baalousha and Lead (2012) in which it was found that comparison between the
sizes obtained by the two methods can only be carried out when using highly
monodisperse hard spheres. Therefore the results of samples with
polydisperse populations, such as those in this study, must be reported
alongside details of the actual methods used. For the benefit of this study
however, both AFM and DLS were useful to confirm the presence of

nanocolloids within the leachates prior to analysis using AF4-HR-ICP-MS.

5.3.3 Bulk Elemental Concentrations

Total element concentrations of the bulk samples analysed by HR-ICP-MS are
presented in Table 5.3 (with variation of sample concentrations from analysis
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of replicate aliquot dilutions of the bulk sample).These were prepared as

described in Section 4.2.2.

Table 5.3 Total Element Concentrations for MSW, MBT and AMSW

MSw MBT AMSW

LOD Conc. % LOD Conc. % LOD Conc. ZORSD

(ppb) (ppb) RSD | (ppb) (ppb) RSD | (ppb) (ppb)
Li 0.004 568 11 0.010 57 5 0.002 50 18
Mg 0.122 56160 9 0.204 58822 2 0.363 49355 16
Al 1.540 1443 24 1.008 1211 12 3.318 155 13
Si 1.068 55283 4 4.244 4870 3 0.800 6768 14
K 1.014 1028 9 1.47 494 10 0.060 361 16
Ca 8.350 37437 7 2.918 31156 97 9.402 36052 10
Ti 0.007 490 9 0.112 18 20 0.067 0.54 14
Vv 0.002 105 9 0.013 5.2 1 0.006 0.22 18
Cr 0.066 640 10 0.021 83 3 0.019 6.43 20
Mn 0.003 29 7 0.003 0.71 70 0.006 0.41 13
Fe 0.263 3128 7 0.139 2885 37 0.342 70 18
Co 0.002 77 10 0.011 25 11 0.007 3.0 16
Ni 0.005 288 6 0.072 230 12 0.035 57 14
Cu 0.050 18 5 0.066 248 9 0.075 54 16
Zn 0.377 1897 24 0.625 1037 15 0.488 656 6
As  0.001 2.5 10 0.001 0.01 2 0.063 BD 5
Br 4.484 219 10 2.20 14 11 1.349 20.2 18
Sr 0.015 1099 6 0.115 210 74 0.040 271 14
Mo 0.041 6 5 0.022 BD NA 0.031 21 16
Cd 0.019 BD NA 0.010 BD NA 0.015 BD NA
Sn 0.023 106 2 0.003 6.9 19 0.044 2.3 15
Cs 0.0001 21 13 0.0002 1.4 11 0.000 0.14 17
Ba 0.084 907 10 0.006 4.8 54 0.073 8.0 14
Au 0.034 BD NA 0.006 BD NA 0.033 BD NA
Hg 0.045 BD NA 0.016 BD NA 0.056 BD NA
Pb  0.019 31 13 0.002 9.3 71 0.015 2.5 14
u 0.0002 0.15 18 0.00003  0.13 23 0.001 0.07 37

% RSD = Relative standard deviation (n=3) LOD= Limits of Detection (3 standard deviations of the blank)

BD= Below Detection

The most prominent observations from these data are:

e MSW leachate had the highest concentration of all elements other than
Mg and Cu which were highest in MBT leachate and Mo which was
highest in AMSW leachate.
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MSW leachate concentrations ranged from 0.15 ppb of U to 56,160 ppb
of Mg, MBT ranged from 0.1 ppb of U to 58,822 ppb of Mg and AMSW
ranged from 0.07 of U to 49,335 ppb of Mg.

e Mg, Si and Ca, were the major elements in all leachates ranging from
37,437 ppb (Ca) to 56,160 ppb (Mg) in MSW, 4870 (Si) to 58,822 ppb
(Mg) in MBT and 6,768 ppb (Si) to 49,355 ppb (Mg) in AMSW.

e Fe was a major element in MSW (3129 ppb) and MBT (2885 ppb) but not

AMSW (70 ppb).

e U was present at the lowest concentrations in all leachates.

e For Li, Si, Ti, V, Cr, Mn, Co, Cs, Ba and Pb concentrations in MSW were at
least an order of magnitude higher than AMSW.

e Cd, Hg and Au were not detected in bulk samples of all the leachates.

e % RSD values (calculated from 3 replicate analyses of diluted aliquots)
for MSW were all under 18 % except for Al (24%) and Zn (24%) which
both had high concentrations (>1 ppm).

e MBT had five elements with % RSD values over 20% (Ca, Mn, Fe, Sr, and
Ba) indicating that the concentration of these elements was variable.

e All elements in AMSW had % RSD values < 20%.

The concentrations of elements in MSW and AMSW leachates were within the
ranges expected when compared with an MSW leachate components review
(Christensen et al., 2001). However, MBT values for Mg, K, Ca, Mn, Fe, Ni, Cd,
Pb, As and Hg, were lower than typical MBT concentrations reported by
(Robinson et al., 2005), except Cr ( 60% higher), Cu (500% higher) and Zn
(300% higher). Due to limited literature, element concentrations for all the
elements in thus study were not available for comparison. The MBT leachate
was however synthetically leached, therefore this may explain the lower

concentrations observed.

It was interesting that MBT had higher levels of Cu than MSW because it was
expected that MSW would have higher concentrations because there had been
no metal removal process. The lower values of Cu may therefore be due to less
metals being present in the original MSW landfilled waste than the MBT waste
prior to treatment or due to greater leaching in the MSW. It is important to note
here that although there are typical values of leachate concentrations derived

from studies of many landfill leachates, it is not possible to characterise or
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predict leachate compositions without knowing the initial waste composition
and therefore typical ranges must be taken as an indicator and individual site

characteristics must be considered.

The AMSW waste concentrations were lower than MSW and this is expected
because in an older landfill there will have been more water intrusion, thus

diluting element concentrations over time.

The variability of the concentrations was mostly lowest in MSW and this may be
because the leachate contained higher concentrations and was therefore less
affected by counting statistics (Section 4.3.4). This explains the increase in
variability from MSW to AMSW (as concentrations decrease) however the
variability seen in replicate MBT aliquots cannot be attributed to this and must
therefore be a real characteristic of the MBT waste and resulting leachates or

an artefact of the synthetic leaching process used.

5.34 Fractionation Recovery (mass balance) Results

In order to assess the recovery of each element during the AF4 fractionation
process, a mass balance experiment was conducted for each of the three
leachates (Section 4.2.4.5.7). These were analysed using offline AF4-HR-ICP-MS
(collecting channel and cross-flow elutants) and the results are shown in Table
5.4.

The mass balance results of the leachates show that there were elements for
which a higher mass was recovered from the system than was injected (as
previously observed and discussed for MSW in Chapter 4). The measurement
precision was calculated using the sum of the % RSD value for each fraction

collected.
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Table 5.4 Recovery (mass balance-offline) and measurement precision for MSW,
MBT & AMSW Leachates

MSW MBT AMSW

Element Recovery Measurement Recovery Measurement Recovery Measurement

% Precision (%RSD) % Precision (%RSD) % Precision (%RSD)
Li 68 0 130 7 130 3
Mg 66 1 81 1 42 1
Al 1766 1 108 4 6 0
Si 9 1 NA NA 128 5
K 89 2 80 1 40 1
Ca 193 1 26 0 5 1
Ti 77 8 211 16 55 27
\% 82 10 NA NA 79 68
Cr 64 1 38 1 63 5
Mn 128 5 1 9 40 1
Fe 128 2 63 0 81 0
Co 73 13 147 16 93 13
Ni 164 46 87 8 59 2
Cu 223 12 82 4 43 0
Zn 98 70 109 1 9
As 77 18 159 25 NA NA
Br 69 1 54 1 65 1
Sr 62 3 64 1 25 6
Mo 268 6 NA NA 71
Ag NA NA NA NA NA NA
Cd 1550 2 NA 19 41 15
Sn 81 4 37 1 43 0
Cs 102 36 NA NA 139 49
Ba 3 18 93 19 339 140
Au NA NA NA NA NA NA
Hg NA NA NA NA NA NA
Pb 212 8 60 7 42 7
U NA NA NA NA NA NA

RSD% represents analytical variation using HR-ICP-MS NA= Data not available (below detection limits)

In summary:

e MSW recovery values were previously discussed in chapter 4 and showed
9 elements with >100% recovery and that all, except Ba (3%), had a
recovery of at least 62%.

e For MBT, 6 elements had a recovery value higher than 100%. Recoveries
ranged from 1% to > 100%.
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e Mn in MBT had a low recovery of 1% however the sample variation (Table
5.3) was 9% suggesting that a high proportion of Mn is lost in the
system.

e AMSW recovery values showed that only Li (130%), Si (128%) and Ba
(339%) had recovery values above 100 when the sample and
measurement precision were considered (Cs was 139 £49%.).

e There was no consistency between the leachates as to which elements
were subject to loss in the system. For example Ba shows low recovery
(3%) in MSW but higher (93%) and (339%) in MBT and AMSW, respectively.

e Mn also showed different recoveries in each leachate (128%, 1% and
40%) in MSW, MBT and AMSW, respectively. This cannot be explained by
the amount being measured because MSW had higher concentrations
than MBT and AMSW and would therefore be expected to show higher
recoveries.

e Si,V, Mo, Cd, Cs and U were not detectable in the MBT leachate recovery

experiment above baseline fraction concentrations.

There is no mass balance data in the literature to compare the results of this
study with. However, as discussed in section 4.3.5, the results of these
recovery experiments confirm that real sample losses occur within the system,
perhaps through adsorption to the membrane or system tubing. This confirms
the need to detect the baseline for each sample fractionation in order to rule
out system contamination altering the results of the study, as will be discussed
further in Section 5.3.6.1.

Thang et al., (2001) investigated the recovery of groundwater humic colloids
and purified humic and fulvic acids using AF4 and found that colloidal recovery
decreased when ionic strength and cross flow was increased. This suggests
that higher recovery rates may be achieved using different fractionation
parameters (e.g. carrier solution), but these may alter the fractionation results
obtained by influencing the PSD of the sample in question and the efficiency of
the separation (e.g. width of the peaks). It is likely that lower cross flows may
also reduce the variability of the recovery results because there will be less

sample exposure to carrier solution and less adhesion to the membrane. It is
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therefore important to determine the recovery and state the possible variations

on results for each set of fractionation parameters for each sample.

5.3.5 Dissolved/nanocolloidal distribution

The mass balance recovery data can also be used to show the distribution
between the truly dissolved (cross flow elutant <1 kDa) and colloidal phases
(channel elutant >1 kDa). Figure 5.4 shows the recovered mass for each
element as a percentage distribution between the truly dissolved and colloidal

phases.
In summary:

e For MSW leachate Al, Ti, V, Fe, Ni, Sn, Ba and Pb were mostly in the
colloidal fraction, and apart from Fe and Ti, this observation was the
same in the MBT and AMSW leachates.

e Fe was more than 90% colloidal in MSW leachate.

e For MBT, only Ti, Mn and As were at least 50% present in the colloidal
fractions with the remaining elements predominantly dissolved.

e For AMSW, Fe was the only element that had more than 50% in the
colloidal fraction however, Fe in the colloidal fraction (55%) was only
slightly higher than that in the dissolved fraction.

e Liwas observed to be 100% in the dissolved fraction of the MSW and
MBT leachates and 97% in the AMSW leachate.

e Br showed a similar pattern to Li, in which 100% was in the truly
dissolved phase in MSW and MBT and 91% in AMSW.

e Srwas at least 90% present in the dissolved fraction for all the leachates
and Mg, K, Ca, Mo, and U were more than 70% present in the dissolved
fraction.

e The first row transitional metals and Pb have higher colloidal fractions

than the other elements particularly in MSW.
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The collection and analysis of the cross flow fraction revealed that Sr, Mg, K,
Ca, Mo, and Cd were predominantly present in the truly dissolved fraction in all
leachates. This was in agreement with Oygard et al.,(2007) in which Mg, K, and
Ca were shown to be truly dissolved, but their study found Cd to be present
predominantly in the colloidal fraction. Observations by Jensen and
Christensen (1999) however agreed with the findings reported here in which
Cd was predominantly found in the dissolved fraction. It must be noted
however, that neither of these studies used the AF4 elutant collection approach
for their research and instead used ultrafiltration which make comparisons
difficult.

Li and Br distributions both showed that nearly 100% was present in the truly
dissolved fraction in all leachates suggesting that these elements do not
readily complex with particles and remain as free ions confirming their
suitability as passive tracers in transport studies (Woodman et al., 2011, Oman
and Rosqvist, 1999).

As was expected to be present solely in the truly dissolved fraction because it
was previously found in this fraction by both Li et al., (2009a) and Matura et
al., (2010). Whilst this was the case for the MSW leachate, in MBT As was found
to be mostly colloidal (87%).

Fe showed a higher affinity to the colloidal fraction in MSW and AMSW and this
was expected because many studies have found Fe to be predominantly
colloidal (Oygard et al., 2007, Jensen and Christensen, 1999). Although MBT
showed a portion to be colloidal, Fe was found to be predominantly dissolved
although recovery for Fe in this leachate was lower than MSW and AMSW and
the initial concentration was more variable (37%) which could explain this

unexpected observation.
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5.3.6 Online AF4-HR-ICP-MS Analysis Results

The following results are those obtained using the AF4-HR-ICP-MS online

configuration (Figure 4.3)

5.3.6.1 Baseline and Sample Fractograms

Baseline and sample data for repeat AF4-HR-ICP-MS fractionations that have
been corrected for signal and sensitivity drift are presented in Figures 5.5-
5.10. These figures are shown as Retention time v CPS because only the signal
above the baseline was corrected to concentration values (ppb) as this
represents the concentration of the sample only. Interpretation of the
fractograms will be discussed in Section 5.3.7. Only results related to analytical

methods validation are presented in this section.

5.3.6.1.1 MSW

Figures 5.5 and 5.6 show MSW results which have previously been discussed in

Chapter 4. Briefly however:

e Only the MSW colloidal fraction signals of Cd, Au and Hg were difficult

to discriminate from the baseline.

e All elements in MSW showed a peak in intensity before 20 minutes and a
second smaller peak at around 50 minutes apart from Li, K, Ca, As, Br
and Cs which only showed the first peak and Si.

e Sishowed a unique distribution and did not show a peak, however
counts increased after 50 minutes (elution of residual peak) and did not
decrease.

e All element signals above the baseline showed the same signal shape for
all of the replicates however, the intensity of the signals varied between

runs.

5.3.6.1.2 MBT

e Figures 5.7 and 5.8 showed that As, Br and Hg signals were not

detectable above the baseline.

e There was a very narrow peak in Au in one of the replicates which

indicates contamination in the system from previous injections of Au
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nanoparticles. No Au was detected in any of the samples used in this
study (Table 5.3) therefore it cannot be contamination from sample
carryover and may be attributed to contamination from the use of Au
NPs from another study using the AF4. No Au signal was detected above

the baseline apart from this peak.

All element signals in MBT showed a peak in intensity before 20 minutes
and a second smaller peak at around 50 minutes apart from Li, Mg, K,

Ca, Mo, and Cs which showed only the first peak.

Si showed a unique distribution and did not show a peak, however
counts were observed to increase after 50 minutes, the same as seen in
MSW.

All element signals in MBT above the baseline showed the same
distribution in each replicate however the intensity of the signals varied

between them and the peak widths differed for some elements.

5.3.6.1.3 AMSW

Due to the lower concentrations of many elements in AMSW (Table 5.3)
compared with MSW and MBT which resulted in lower signal to noise
ratios, only Mg, K, Fe, Co, Ni, Cu, Br and Pb were detectable above the

baseline.

The U signal was visible above the baseline; however the CPS values
(300) were below detection limits (Table 5.3) and thus cannot be

guantified.

The Si signal was similar to that in MSW and MBT in that no distinct
peaks were visible but there was an increase in CPS after 50 minutes.
All detectable element signals showed a single peak before 20 minutes
apart from Fe, Pb and Br.

Fe and Pb showed the peak before 20 minutes as well as a small
increase in sample signal at around 50 minutes but no clear peaks were
observed apart from the initial peak.

Sn showed a peak in all replicate runs around 20 minutes however the

signals were lower than the baseline runs so could not be quantified.
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A narrow Ti peak was present in a baseline run indicating contamination
in the system.

As well as a Br peak before 20 minutes, a Br peak was also present at 70
minutes, but only in run 2 which suggests that this may be due to
system contamination. The 1% RSD of Br concentration in replicate
aliquot analysis also supports this.

Other than Br, the peak intensities and retention time of the replicates

appeared to be similar.
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The replicate injections of sample and baseline for MSW have already been
discussed in Chapter 4 but briefly they showed that that the baseline between
replicates was a useful tool for quantifying sample-only concentrations and for
acting as a rinse run between sample injections and this is true for all of the
three leachates. Carryover particles represented by sharp narrow spikes were
present in baseline runs for some elements in all the leachates and thus

reinforced the need for a baseline/rinse run between sample injections.

Fewer elements were quantifiable above the baseline in MBT and AMSW than
with MSW however this was due to the low nanocolloidal concentrations, which
were expected due to the lower bulk element concentrations in MBT and

AMSW, rather than the high baseline concentrations.

Replicate runs for MSW and AMSW appeared (by visible observation) to be
repeatable in terms of retention times, however the signal intensities varied.
MBT replicates appeared much more variable than the other leachates with
respect to both peak width and intensity. This may be attributed to variations
in the injected aliquot of sample and will be discussed further in the next
Section (5.3.6.2)

5.3.6.2 Fractionation Repeatability

So that the repeatability of the replicate fractionations could be assessed
statistically, three subsequent injections of baseline and sample were carried
out. The results for the assessment of repeatability of the nanocolloid

elemental distribution of each of the leachates are reported in Table 5.5.

In order to determine the repeatability of the fractionation process, the first
peak maximum was used as an indicator of the repeatability of the
fractionation process and of the nanocolloid distribution in the sample because
replicate sample injections would expect to show similar distributions and
therefore peak retention times. The total peak area (calculated using
OriginsPro software) was used as an indicator of the repeatability of the sample

nanocolloidal concentration for each element.
In summary and for further discussion:

e For MSW, element distributions were highly repeatable (<5 %) apart from
Cs (173%) and Fe (55%) (See Section 4.3.4).
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The high % RSD value for Cs, observed in MSW, was also seen in MBT
and this can be explained by the presence of Peak 1 in only 1 of the 3
replicates.

e The same result (high % RSD value) was also recorded for Li and Mo in
MBT and Al in AMSW, again due to the peak presence in only 1 replicate.

e MBT retention times were less repeatable than MSW (all <12% except
where mentioned) and for all elements detected in AMSW RSD were <
2%, so were highly repeatable (discussed below).

e The total peak area (above the baseline) represents the mass of the
element in the colloidal fraction and was used to indicate the
repeatability of the sample signal response and thus the recovered
colloidal mass.

e % RSD values for the total colloidal mass (peak areas) were far higher

and more variable than the retention time values for the same runs,

ranging from 15 to over 100% in MSW, 1 to over 100 % in MBT and 1 to

28% for AMSW excluding those where only 1 peak was observed.

Repeatability for MSW has already been discussed in Chapter 4 and the factors
affecting fractogram repeatability are applicable to all of the leachates used in

this chapter.

The results of the replicate injections have shown that it is important to assess
how variable the initial sample is prior to performing replicates because this
may explain variability in the results. The MBT fractogram repeatability was
found to be higher than that of AMSW and MSW for most elements, for both
peak retention time and for the total colloidal concentrations. This can be
explained by the expected variability in the concentration of injected aliquots
of sample which was higher than AMSW and MSW as discussed in Section 5.3.3.
Although it may be expected that repeatability of replicate runs would be
reduced with lower element concentrations (because of lower signal to noise
ratios and counting statistics), this does not appear to be the case when
comparing repeatability of MSW and AMSW. Fewer elements however, were
detectable in AMSW.

The variability of total colloidal concentrations may also be attributed to the

HR-ICP-MS analysis parameters used. The analysis time was optimised to
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measure multiple elements by reducing the mass windows (see Section 4.2.3.2)
and therefore this could result in variations in signal intensity. Increasing the
mass windows may result in more repeatable results, however this would
reduce the number of elements able to be analysed in a single run and
therefore a compromise between number of elements and measurement

repeatability may need to be assessed to meet the needs of individual studies.

The aim of this study was to investigate the nanocolloidal element distribution
within landfill leachates and therefore although the results may be variable,
this method has enabled multiple elements to be assessed in a single
fractionation run. In order to obtain less variable results, it would be possible
to focus on single elements and optimise the HR-ICP-MS parameters for their
analysis thus providing more precise data for modelling purposes. It is
therefore important to report all analytical parameters used in order to obtain
substantiated quantitative data and subsequent formative interpretation, which

are lacking in studies reported in the literature, of all sample types, so far.
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Table 5.5 Repeatability of replicate sample injections determined using

retention time of Peak 1 and integration of total peak area

MSW MBT AMSW
Element Retention Total Peak Retention Total Peak Retention Total Peak

Time(% Area (%RSD) Time (%RSD) Area (%RSD) Time (%RSD) Area (%RSD)
Li TSD) 113 173* 17*3 BD BD
Mg 2 18 1 153 0 85
Al 3 58 5 51 173* 173*
Si NA 169 NA 173* BD BD
K 0 11 0 47 2 17
Ca 5 37 5 37 BD BD
Ti 2 16 9 31 BD BD
\Y 1 30 7 2 BD BD
Cr 1 23 7 26 3 3
Mn 1 23 7 26 3 3
Fe 56 18 8 12 1 15
Co 1 23 6 11 0 28
Ni 1 28 6 14 2 3
Cu 2 64 8 32 BD BD
Zn 1 92 9 38 BD BD
As 3 13 BD BD BD BD
Br 0 54 1 76 BD BD
Sr 4 15 2 132 BD BD
Mo 2 137 173* 173* BD BD
Cd BD BD BD BD BD BD
Sn 1 18 10 1 BD BD
Cs 173* 173* 173* 173* BD BD
Ba 2 34 12 34 BD BD
Au 3 97 3 97 BD BD
Hg BD BD BD BD BD BD
Pb 1 39 8 49 2 1
U BD BD BD BD BD BD

BD= Below Detection Limits % RSD= % Relative standard deviation n= 3 *= Only 1 peak detected in 3

replicates

5.3.7 Comparison of Nanocolloidal Fraction of UK Landfill Leachates

The nanocolloidal distribution of the three leachates are shown in the
fractograms (Figure 5.11 and Figure 5.12) of MW v uv,, MW v FLU and MW v

ppb of all detectable elements.
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5.3.7.1 UV and Flu Results for MSW, MBT and AMSW

The distribution of organic nanocolloids in MSW, MBT and AMSW was indicated
by the UV, and FLU intensity (

Figure 5.11 (Li-Ni) and Figure 5.12 (Cu-Pb)).
Initial observations include:

e In all three leachates there was a peak in UV, intensity representing low
MW organic particles (Peak 1). This was between 2 -20 kDa in MBT and
MSW and 2-10 kDa in AMSW.

e A second less intense and broader peak (Peak 2) was present in MBT and
MSW leachates indicating the presence of particles in the larger fraction
(> 60 kDa). These particles eluted when the cross flow was removed
and all remaining material was able to leave the channel, thus this
fraction may contain a large variety of colloids of different sizes and
compositions.

e The intensity of Peak 2 however, indicates that there was less organic
material than in Peak 1 therefore the organic material present was likely
to be organic coatings rather than aggregated organic particles (which
would have a higher intensity).

e The organic humic-like particles as shown by the fluorescence signal
(Excitation: 260 nm, Emission: 450 nm) followed a similar pattern to the
UV,,,signal in all leachates, however in MSW and MBT this peak was
narrower than the UV, signal indicating UV,,, absorbing particles other
than humic and fulvic-like in MSW and MBT.

e The organic fulvic-like signal (Excitation: 335 nm, Emission: 450 nm)
peak was less intense, narrower and peaked slightly earlier (~ 2 kDa)
than the humic- like signal in both MSW and MBT, however the humic-
like and fulvic-like signals were synchronous in AMSW and peaked ~ 2
kDa.
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Element Distributions in MSW, MBT and AMSW

The distribution of elements as revealed by AF4-HR-ICP-MS in the nanocolloidal
fraction of MSW, MBT and AMSW is also shown in Figures 5.11 and 5.12 and

show two distinct populations of nanocolloids (Peak 1 and Peak 2). Noticeably:

The distribution profiles of elements in the three leachates match
closely with the distribution of organic particles in the leachates and
with the exception of Si, all were either present in both the smaller
fraction (Peak 1) and the collection of larger unfractionated particles
(Peak 2) or present in only the smallest fraction (Peak 1).

The same distribution patterns between small (Peak 1) and larger (Peak
2) fractions was seen in the three leachates for elements in which there
was a detectable concentration in all of the leachates however peak 1
was broader in the MSW leachate for some metals (Fe, Mn,Cr, Ti, V, Sn).
Larger concentrations of all elements (except Si) were found in the
smaller fraction in the MSW, MBT and AMSW leachates which coincides
with the largest concentration of organic particles suggesting a strong
association between organic nanocolloids and metals.

The broader Peak 1 in the MSW leachate for some metals may indicate
the presence of metal oxide nanocolloids towards the higher MW of
Peak 1 which overlap with lower MW organic nanocolloids.

Si was the only element that was present solely in the large fraction and
did not have a distribution similar to any other elements or to the
organic particles which indicates that it does not complex with organics
or associate with any of the metals.

Li and Cs showed the same size distribution and peaks were very narrow
and appeared at the lowest MW, similar to the fulvic-like signals (only in
Peak 1). This suggests they may preferentially bind with fulvic-like
particles.

Mo was only detected in the smallest fraction in MSW and MBT (and was
presumably below detection limits in AMSW) and the peak was very
narrow and similar to Li and Cs peaks in MBT.

As was present only in MSW and closely followed the distribution pattern
of the organics, with peaks at the same sizes indicating a strong

association with organic particles.
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e ltis difficult to compare the three leachates because concentrations in
AMSW were much lower than in MSW and MBT however, the elements
that can be detected matched the distribution patterns of that observed
in the MSW and MBT Leachates and all detectable elements except Si

showed association with organic particles.

5.3.7.3 Percentage Nanocolloidal Distribution

To further illustrate the distribution of elements in the nanocolloidal fraction
the colloidal peak areas (ug of recovered mass) were integrated into three
fractions. The fractions (< 2 kDa, 2-60 kDa and > 60 kDa) were representative
of the fulvic-like particles, the humic-like particles and the larger less organic
particles highlighted above. Figure 5.13 displays the integrated areas as a
percentage of the total peak area (recovered mass). The integrated areas were

calculated using the OriginsPro software.
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Figure 5.13 Percentage distribution of nanocolloidal fraction determined by
integration of total peak areas for MSW, MBT and AMSW as shown in
Figures 5.11 and 5.12.
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e Li, Cd and Cs were present only in the smallest < 2 kDa fraction which
indicates their association with the lowest MW fraction and the fulvic-like
particles.

e Siwas only present in the largest (> 60 kDa) fraction in MSW and MBT
(below detection limits in AMSW) and was the only element with this
distribution

e The < 2kDa and 2-60 kDa fractions combined, contained the majority of
all the elements apart from K and Br in AMSW which were highest in the
> 60 kDa fraction.

e All elements in AMSW were present in the < 2 kDa fraction apart from K

and Br.
e MSW had more elements present in the > 60 kDa fraction than MBT and
AMSW.
e The partitioning between fractions of Ba and Pb were similar in MSW and
MBT.
5.3.8 Leachate Nanocolloid Composition and Distribution

The element distribution results showed that two distinct size populations
existed in all leachates, in accord with previous AF4-ICP-MS studies
investigating landfill leachates (Dubascoux et al., 2008a) and river studies
(Hassellov et al., 1999, Stolpe et al., 2005, Stolpe et al., 2010b). Many landfill
studies (Hennebert et al., 2013, Jensen and Christensen, 1999, Jensen et al.,
1999, Oygard et al., 2007) have recognised the presence of both organic and
inorganic particles in the nanocolloid fraction as well as particles which are a
mixture of both however, the filtration methods used in these studies were not

able to further fractionate the colloidal fraction to separate the populations.

In this study, a distinct organic-rich fraction was present at lower MW (< 20
kDA), with a less abundant organic fraction also present at higher MW (>60
kDA). The patterns of both the UV and fluorescence peaks were closely

matched, indicating that both humic and fulvic components were present in

the same type of organic macromolecules as found by (Stolpe et al., 2010b).

It is also worth noting that the fulvic peak appeared at lower molecular weights
than the humic peak, which agrees with the findings of Beckett (1987).
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Thang et al.,(2001) found that various groundwater humic and fulvic-like
substances were distributed in the size ranges of 1.1-1.8 kDa and 1.8-3.3 kDa
respectively using FFF which were slightly smaller than those found in this
study however, an older FFF version ( F-1000, FFFractionation, Inc. (Salt Lake
City, USA)) was used and a different carrier solution (Tris buffer). Differing
calibration results can however be expected because carrier solution and
channel characteristics effect fractionation. The size of the fulvic- like peak in
this study at around 2 kDa is typical for that of fulvic- like particles in other
studies (Coble, 1996, Buffle et al., 1998) however larger than Beckett (1987)

who suggested it was 1.1 kDa.

The fulvic-like peak was smaller than the humic-like peak in MSW and MBT
indicating that there were less fulvic-like particles however, this disagreed with
a previous study in which NOM was found to be composed of 70 to 80% fulvic
acids (Thurman, 1985) although this was not in a landfill but a natural water
environment. This suggests that there may be fulvic-like particles in the truly
dissolved fraction which could have traversed through the membrane and be
lost to the detection system and this is further supported by the size

distribution of Li and Cs (discussed further below).

Lyven et al., (2003) investigated freshwater and found that organic-rich
fractions were only present at molecular weights < 10 kDa, but this study
showed that organic particles were present in fractions > 60 kDa in size. This
larger size fraction of organic particles could be caused by the agglomeration
of fulvic and humic acids when they were complexed with tri- and tetravalent
cations (Bolea et al., 2006) however, due to the lower intensity of the signal it
is likely due to coating of organic matter on larger, inorganic particles
(Gounaris et al., 1993, Lead and Wilkinson, 2006). This study also suggested
that there was a competition between organic and Fe colloids for the binding

of trace elements however this was not seen in the results of this study.

Fe-rich particles have been shown to form a distinct class of particles (Stolpe et

al., 2010a, Plathe et al., 2013) in river studies. However, Matura et al.,(2012)

investigated landfill leachates and concluded that Fe-rich particles only have a

minor role in trace element binding in landfill leachates. In this study it

appears that there may be Fe-rich nanocolloids in the MSW leachate but they

cannot be resolved from the organic rich particles so conclusions cannot be
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drawn. It appears that in both MBT and AMSW leachates Fe was predominantly
found in association with the small organic particles, rather than as a separate
inorganic fraction or in free ion form. Benedetti et al.,(2003) also found that Fe
distributions had only minor differences from UV, signal intensities,
supporting the results in this study and those by Krachler et al.,(2010) where

Fe complexed with NOM in the < 10 kDa fraction was observed.

Silica was the only element present in the larger leachate fraction in the
absence of organics and the only element that did not appear to completely
elute from the system during fractionation, indicating that Si was present in
much larger particles than the rest of the elements and did not associate with
organic particles or any of the other elements. In a previous landfill leachate
study, (Jensen and Christensen, 1999) clay particles were present in a colloidal
fraction from 1 to 400 nm which supports the finding here that Si particles

may be larger than the majority of nanocolloids in the leachates.

5.3.9 Distribution of Metal(loids) in Nanocolloidal Fraction

It was clear that some elements had significant concentrations associated with
the smaller organic-rich fraction, suggesting that they formed organic
complexes and thus were colloidal carriers of trace elements. It was apparent,
however, that a proportion of some metals were also found in the larger MW
fraction that contained a lower organic component. In these cases, the metals
appeared to be present in largely inorganic particles, perhaps complexed with

organic coatings as mentioned previously.

Li, Cs and Mo showed the strongest association with only the lowest MW
organic-rich fraction, which suggests that these elements formed organic
complexes with fulvic-like substances rather than humic-like. It is possible that
the low proportion of these elements present in this fraction may be due to
very low MW < 1 kDa fulvic metal complexes passing through the membrane
suggesting that these elements have high dissolved concentrations. This is
supported by the high dissolved proportion (70-100%) for these elements

shown in Figure 5.4.
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Cs was found by Bouby et al.,(2011) to be barely bound to colloids, but this
study used a 5 kDa membrane, therefore the fraction present in the smallest
peak in this study will have eluted with the cross flow via the membrane
making comparison with this study difficult. They suggested however, that
metal ions preferentially sorb to smaller colloids because of their higher
specific surface area which would support preferential binding to smaller fulvic

particles.

The first row transitional metals all showed similar distribution between the
two populations in the MSW and MBT leachates however Peak 1 in MSW was
broader for Fe, Mn, Cr and Ti,. In addition to finding the association of this
group of metals with low MW humic substances, the study suggests that the
presence of these metals with much larger particles may be due to organic
coatings on larger inorganic NP as discussed by Gounaris et al.,(1993). It
appears that this group of elements is largely complexed by low molecular
weight organic-rich NP (that may form coatings on larger inorganic NP)

however metals existing as a separate inorganic form were also possible.

Bolea et al.,(2006) suggested that polyvalent ions may be more likely to form
complex species with humic substances than monovalent ions but they could
not explain this influence with only humate/fulvate complex information. The
findings of this study support this suggestion with polyvalent elements such as
Cu and Pb forming organic complexes with all humic substances whereas
monovalent Li and Cs formed complexes with only the lowest MW humic

substances and appeared predominantly in truly dissolved form .

Previous studies of landfill leachate have yielded conflicting results. Matura et
al., (2010) found that organic-metal complexes formed a very small fraction of
the total metal speciation and concluded that most metals were present in
inorganic colloid complexes. In contrast, others have found that metal-organic
complexes are a major component of landfill leachates (Jensen and
Christensen, 1999, Jensen et al., 1999, Li et al., 2009a). The results of this
study appear to agree with the findings of the latter and an appreciable
amount of all elements is associated with organic complexation however it is
possible that within the < 60 kDa organic rich fraction there were both organic

and inorganic nanocolloid populations which overlapped.
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In previous landfill leachate studies, Pb has been found to be largely affiliated
with low MW particles (Jensen and Christensen, 1999, Li et al., 2009a), however
the results here showed that Pb was associated with both small and larger
particles, both organic and inorganic, as well as a significant amount present in
the dissolved fraction. Gounaris et al.,(1993) also found that Pb was either
dissolved, or associated with non-humics in landfill leachates using
ultrafiltration however, organic complexation was not observed which
contrasts with this study. These previous leachate studies however, have not

used the same method as in this study making comparisons difficult.

Bolea et al.,(2006) investigated compost leachates rather than landfill
leachates, but their characteristics were similar to the leachates used here and
they used the same separation methods, hence some comparison with this
study can be made. They found that Pb was able to form separate colloidal
phases from the organic-rich fraction, however it appears that in this study Pb
was closely associated with the organic fraction because in AMSW, with no

second peak, no Pb was present in the larger fraction.

Worms et al.,(2010) used wastewater effluent in their study however the results
were comparable because of the methods used. They found that whilst Pb was
associated with larger NP, it was equally bound with low and high MW particles.
A competition for binding of Pb between low and high MW particles was
suggested; with low MW particles having a higher affinity for metals which

supports the larger, lower MW, peak in this study.

As a divalent cation, Zn would be expected, according to Bolea et al.,(2006), to
complex with small organics. This was also shown by it’s distribution in the
three leachates in this study, which is in agreement with the findings of Jensen
and Christensen (1999).

Cd was only detected in MBT and was present in the low MW fraction which has
been seen in a previous landfill leachate study (Lu et al., 2009) as well as a
wastewater study (Worms et al., 2010) and thus if Cd was present in higher
concentrations in MSW and AMSW it would be expected to show the same size

distribution pattern.

Si was present only in the largest size fraction, suggesting that it may be able

to exist in a distinct NP form, perhaps forming SiO, colloids although it was
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mostly present (> 90%) in the dissolved fraction. Additionally, Si did not appear
to elute completely from the system in the 120 minute fractionation time. It
may be that the results for the dissolved: colloidal distribution were not
entirely representative of the Si in leachates because not all Si was recovered in
the 120 minute period. There are limited studies to compare the Si distribution
with, because it has been shown to be difficult to detect using ICP-MS because
of it’s high background levels (Bouby et al., 2008). Because of this, in their
study, Al was therefore chosen as an indicator for clay colloids. However this
study showed that Si and Al have a different distribution and therefore that Al
cannot be used as a clay colloid indicator in leachates. They also found that
there was a clear size separation of humic (3 to 20 nm) and clay colloids (30 to
200 nm) (as indicated by Al) however, this was not seen here and Al was
instead complexed with organics. Hennebert et al.,(2013) also found Al and Si
particles to be separate and thus were not identified as aluminosilicates but

instead were associated with Na, Ca and Mg.

Wu et al., (2012) suggested that humic functional groups e.g. phenols which
make up humic substances play an important role in determining metal-
particle associations, but these have not been investigated in this study.
Indeed, it may be that elements which have a more complicated distribution
may benefit from identification of these groups in the different types of

particles.

Without a clear pattern from atomic weight or valency to indicate element
affiliation to dissolved or other fractions it would be fair to suggest that those
elements not present or in low amounts in dissolved fractions were either able
to form their own NPs or that when competing with others, these were able to
form complexes quicker or easier than other elements and thus are more likely

to be present in the colloidal fraction.

5.3.10 Comparison of Elemental Distribution between Leachates

The only difference between the nanocolloidal distributions of the three
leachate types was that the size range of the lower MW fraction (Peak 1) in
MSW was broader for some metals however the overall distribution of elements

between the two populations was similar for all leachates.
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The broader low MW peak for some metals in MSW indicated that these metals
were not only complexed with organic particles but may have also been able to
form their own inorganic fraction which formed the upper range of the low MW
fraction. Fe-rich nanocolloids have been observed in river studies (Stolpe et al.,
2010a, Plathe et al., 2013) alongside organics and shown to associate with
both Mn and Cr (Stolpe et al., 2010b, Stolpe et al., 2014). It is therefore
possible that there was a separate Fe and/or Mn population which overlapped
with the organic population in the low MW fraction however this cannot be

substantiated with the results of this study.

The potential Fe-rich population was only observed in the MSW leachate and
could perhaps be explained by the differences in redox chemistry in the
leachates. The MSW leachate was the youngest leachate and thus would be less
methanogenic than the older leachates (See Figure 1.1) and the environment
less reducing (Christensen et al., 2001). Both Fe and Mn can be subject to
redox processes so it is possible that the reduction of the nanocolloidal Fe and
Mn oxides have resulted in the true dissolution or precipitation of this Fe and
Mn in the MBT and AMSW leachates. The MSW leachate did however contain
higher concentrations of Fe (Table 5.3) and Mn than MBT and AMSW which

could also explain this result.

It is important to also recognise that although the landfill leachate would be
anaerobic in situ, these conditions were not maintained when sampling and

analysing the leachates and could affect the results.

Noting any similar distribution between the leachates of different types is in
contrast to previous studies (Jensen and Christensen, 1999, Li et al., 2009a) in
which no distinct behaviour of individual metal distributions were found and
thus reinforces the benefits of AF4-HR-ICP-MS compared with filtration
methods.

It could be hypothesised that organic nanocolloids within the leachate become
saturated as metals and metalloids complex. Therefore if the organic
concentration was increased, the amount of metals complexed with organic
nanocolloids would increase and the amount of truly dissolved metals reduce.
A young leachate (higher organic concentration than an older leachate) would

therefore have higher amounts of metals present in the colloidal fraction than
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an older leachate because there are more humic and fulvic components
available for complexation. The AMSW leachate results support this statement
because lower amounts of elements (0 to 55%) are found in the colloidal
fraction when compared with the younger MSW (0 to 100%). This is also in
agreement with the findings of Li et al.,(2009a) in which less colloidal OM was

found in an aged MSW leachate compared with a young MSW leachate.

It can therefore be suggested that over time the amount of metals present in
larger size fractions of MSW leachate will decrease, as the OM in these fractions
degrade. The humic and fulvic-like particles may also change chemically with
age as the amounts of O-containing functional groups in humic and fulvic acids
have been shown to decrease with age (Xiaoli et al., 2008). Thus, the
distribution of metals in MSW will likely become similar to that of AMSW with

age as humification and chemical changes occur.

The similarities between MSW and MBT metal/nanocolloidal distributions
suggest that whilst MBT literature is limited, MSW leachates may be used to
provide data for MBT when investigating colloidal distributions. The similarities
also suggest that whilst MBT wastes produce less landfill gas and have a
smaller volume than MSW leachates, the regulations imposed on landfilling
waste do not have any impact on the potential for colloidal transport in the

environment compared with traditional MSW waste.

The comparison of the leachates indicates that element distributions do not
change significantly over time and that mechanical biological pre-treatment of
MSW waste does not impact significantly on the element distributions within

this size fraction

5.3.11 Influence of pH on Element Distribution in MSW

The effect of lowering the pH of MSW from 8.3 to 7, 6 and 5 (Section 5.2.2.3)
on the elemental distribution of MSW is illustrated in Figure 5.14 and Figure
5.15. These results are the data from one injection of each sample

modification.

157



Chapter 5
In brief:

e No clear effects of the lowering of pH on the elemental distributions
were seen at all lowered values.

e The distribution of elements followed the same pattern as the MSW
sample in that an initial peak at lower retention times (Peak 1) was
visible followed by a much smaller broad peak at higher retention times
(Peak 2).

The pH of a leachate may be altered if it escapes in to the subsurface
environment or if acid/alkaline water infiltrates into the landfill. However, this
study shows that there is little effect on the nanocolloidal distribution of
elements when MSW was lowered to pH 5. This may be due to the small effect
that the pH change has on the organic content of the sample. As discussed in
Section 5.3.9 and 5.3.10, the distribution of elements in the nanocolloidal
fraction appears to be controlled by the organic content and therefore little
effect of pH on distribution may be observed. A study by Balnois et al.,(1999)
investigated the effects of pH between 3- 10 on humic substances using AFM
and found no aggregation of humic substances within this range and this

supports the results seen here.

Mohd Omar et al., (2014) found that whilst pH did influence the stability of NP,
this was reduced with the addition of SRHA and thus the high OM content in
the MSW leachate (> 450x higher than the SRHA concentration of 5 mg/L)
compared with their study may reduce the influence of pH on aggregation of
particles and thus the distribution of elements. It must also be noted that both
of these stuides used synthetic environmental samples and therefore it is

difficult to compare the findings of the studies.

The shape of humic substances has shown however, to be strongly influenced
by pH and at low pH they are fibrous, at neutral more sponge-like and at
higher pH they are more plate like (White, 2013). Therefore, although no
change in the size distribution with pH is seen, shape changes could have
occurred which may impact on transport of these nanocolloids in the

environment (Seymour et al., 201 3).
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Figure 5.14 Influence of pH change on elemental distribution (Li- Ni in mass
order) in MSW leachate.
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Figure 5.15 Influence of pH change on elemental distribution (Cu- U in mass
order) in MSW leachate.
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5.3.12 Influence of lonic Strength on Element Distribution in MSW

The effect of lowering the ionic strength of MSW on the size distribution of
elements by diluting with Milli-Q (Section 5.2.2.2 ) is displayed in Figures 5.16
and Figure 5.17.

e No effect of lowering the ionic strength on the distribution of elements
was observed apart from Fe, Mn and Cr at a dilution of 1:50 in which,
for these elements, Peak 2 increased in size.

e For most elements the modified samples showed the same distribution
as the initial sample with the majority of each element contained in the
low MW fraction (Peak 1) and a smaller flatter peak present in the high
MW fraction (Peak 2) containing lower concentrations of the element.

e For Fe, Peak 2 was larger than Peak 1 indicating that more of this
element was now present in the higher molecular weight fractions than
the lower. This was not observed at the 1:100 dilution.

e For Mn and Cr, Peak 2 was not larger than Peak 1 however, it increased
proportionally compared with Peak 1 and thus the elements were more

evenly distributed between low and higher MW fractions.

The lowering of ionic strength of a leachate may occur when a leachate

escapes in to the subsurface environment or is diluted by intrusion of water in
to the landfill. The results in this study indicate that as a leachate is diluted, Fe
colloids which were most likely previously bound to or coated with OM may be

able to form their own population which is associated with Mn and Cr.

This theory is supported by the findings of Baalousha et al., (2008) who
suggested that the stability of colloidal Fe is highly dependent on adsorbed OM
and therefore in the MSW leachate, the high OM content is supporting the
stability of smaller Fe colloids bound with OM and restricting their aggregation.
As the MSW is diluted, the OM content decreases and the Fe colloids are

therefore less stable and aggregation occurs.

This conflicts with the results of Stolpe and Hassellov (2007) who found that
simulated mixing of freshwater with synthetic seawater to increase the ionic

strength, induced aggregation of the Fe-rich colloidal matter.
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The differences however are the environments, landfill leachates have typically
higher TOC contents than rivers and as such the OM is more dominant in
controlling the colloidal population than in rivers. Mn and Cr have however,
both been found associated with Fe colloids in rivers (Stolpe et al., 2010b,
Stolpe et al., 2014).
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Figure 5.16 Influence of ionic strength on elemental distribution (Li-Ni in mass
order) in MSW leachate.
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5.3.13 Implications of nanocolloidal element distributions for the

environment

The results of this study clearly show that current risk assessments, in which
all elements present below 0.45 pm are assumed to be present as free ions
and therefore travel as dissolved components, do not realistically model the

subsurface environment.

Humic substances tend to be highly refractory and therefore resist biological
decomposition and have a high residence time in water, from weeks to
thousands of years (White, 201 3). Metals bound to humic substances may
therefore be more persistent in the environment than if they were in dissolved

form because the OM is not likely to degrade and thus remobilise the metals.

Fulvic-like particles have been shown to be more mobile than humic-like (Weng
et al., 2002) due to their smaller size and Persson et al.,(2006) has found that
particles with lower MW travel further away from a landfill in a leachate plume.
Therefore the finding that a significant proportion of metals are complexed
with low MW fulvic and humic-like particles suggests that these potentially
toxic metals are likely to be more persistent in the environment and may travel
further away from a landfill than metals complexed with larger particles in the
subsurface environment .Thus metal/nanocolloidal interactions must be

accounted for in risk assessment models.

The finding that the majority of toxic metals are complexed with organic
matter also has implications for the treatment of landfill leachates in that
removal of organics through processes such as lime precipitation (Renou et al.,

2008) would likely also remove contaminants.

5.4 Conclusions

The key findings of this chapter concerning the MSW, MBT and AMSW leachates

were:

DLS and AFM both confirmed the presence of nanocolloids in the leachates
however they detected a different range of particle sizes within the same
leachates and must therefore be used in conjunction. DLS was not able to

detect particles below 30 nm in all three leachates, presumably due to masking
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of smaller particles by larger particles. AMSW showed the highest range of
particle sizes compared with MSW and MBT.

HR-ICP-MS analysis of bulk concentrations of the MSW, MBT and AMSW leachate
showed that MSW had typically higher element concentrations than the other
leachates and that MBT element concentrations were more variable than MSW

and AMSW indicating a less homogenous leachate.

AF4-HR-ICP-MS was capable of analysing the distribution of 24 elements in the
nanocolloidal fraction of landfill leachates. The fraction collection of cross flow
and channel elutants provided mass balance recovery data to compliment AF4-
HR-ICPMS fractograms. Although AMSW had significantly lower element
concentrations than MSW, this did not affect the recovery results. MSW, MBT
and AMSW all showed real losses in the AF4 system for some elements, but
there was no apparent pattern between particular elements within the

leachates.

The mass balance recovery showed that the majority of metals in the
nanocolloidal fraction were in fact truly dissolved (< 1 kDa) however a
proportion of metals (1-100%-variable between elements and leachates) were
present in the nanocolloidal fraction and thus may be affected by colloid

facilitated transport.

The AF4-HR-ICP-MS analysis alongside UV,  and FLU revealed that within the
nanocolloidal fraction of MSW, MBT and AMSW leachates there were two

distinct populations:
1) An organic-rich low MW fraction

The OM rich low MW can be further divided in to two sub fractions,

humic-like and fulvic-like with fulvic-like the smaller of the two.
2) An inorganic-rich higher MW fraction with organic coatings

The OM was found to be a host for most metal(loids) which preferentially
bound to OM rather than inorganic nanocolloids and the majority of these

metal(loids) were associated with the fulvic-like particle (< 2 kDa in this study).

Si did not interact with other particles or elements and appeared to form its

own colloids whilst Li and Cs were bound to fulvic-like particles only.
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There was no difference in the element distribution in nanocolloids between
the MSW, MBT and AMSW leachates suggesting that the effect of recent
regulations, such as the pre-treatment of waste or the age of the waste, do not

alter the distribution within the nanocolloidal fraction.

The lowering of MSW leachate pH from pH 8.32 to pH 5 did not alter the
distribution of elements in the nanocolloidal fraction of MSW leachate, thus
implying that mixing of leachates with lower pH value waters would not impact

on the potential for colloid facilitated transport.

The lowering of the ionic strength of MSW leachate did however appear to
promote aggregation of Fe nanocolloids (associated with Mn and Cr), likely
caused by the decrease in OM content which controls the distribution of
elements in the nanocolloidal fraction. Thus nanocolloidal Fe, Mn and Cr may

be less mobile at lower ionic strengths due to their larger particle size.
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Chapter 6: Conclusions and Future
Perspectives

6.1 Conclusions

This thesis aimed to investigate the behaviour of metals and metalloids in the
nanocolloidal fraction of leachates in order to obtain quantitative data of the
partitioning of these species between the various components of the “dissolved

fraction” that may be used to enhance landfill risk assessment models.
To achieve this, the research was conducted in two parts:

1) The first part of the research focused on the optimisation of techniques to
enable the quantitative analysis of nanocolloids in landfill leachates. This
required extensive method development for the AF4 fractionation and for the
coupling of AF4-HR-ICPMS. The main findings from the method optimisation

were:

AF4 method parameters must be optimised to consider compatibility with
leachate samples (e.g. effects of carrier solution on the sample) and
compatibility with HR-ICP-MS analysis (e.g. concentration of elements of

interest in the carrier solution compared with sample concentration).

Separating and fraction collecting leachate samples using AF4 for subsequent
analysis with HR-ICPMS was shown to be a useful tool for preliminary and
complementary experiments prior to the online coupling of AF4-HR-ICP-MS.
Whilst the offline method was able to provide information on element
distribution, the online coupling of AF4-HR-ICP-MS provided higher size
resolution and lower detection limits than the offline fraction collecting

method.

The interface between AF4-HR-ICP-MS (diluting AF4 elutant with internal
standard spiked HNO, and splitting the flow to match HR-ICP-MS uptake) was
shown to be integral for optimising and monitoring the performance of the
online system. The internal standards were of particular importance for flow

monitoring and it was demonstrated that these must be selectively chosen for
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each sample type to reduce interaction and interference with sample element

concentrations, the carrier solution and the AF4 system.

The data transformation steps (flow, sensitivity, baseline and concentration
corrections) presented in this study were shown to be successful in quantifying
element concentration and the internal standard was integral for these
corrections. The sensitivity baseline sample was particularly useful for
correcting for sensitivity variations. Accurate reporting of the data
transformation was recommended so that the data can be assessed with these

transformations in consideration.

The introduction of a baseline measurement provided information about
sample carryover and showed that the baseline concentrations in the AF4
system were in flux due to increasing system inputs. A baseline measurement
was recommended between each sample injection so that a new baseline was
established for use with the next sample measurement and thus to ensure that

representative results of sample concentrations were obtained.

Repeatability assessments using peak retention times and the total colloidal
fraction concentration were shown to be useful for method validation. Fraction
collecting the cross flow and channel elutants provided an indication of the
mass balance in the system and was an improvement on previous recovery
assessment approaches because it identified that real sample loss occurred in
the system. It was also able to infer the split between colloidal and dissolved
fractions and therefore it was recommended to be conducted for each sample

and set of AF4 parameters.

The first part of this thesis presented the first approach to quantifying multiple
elements associated with colloidal size fractions in a landfill leachate using
AF4-HR-ICP-MS considering the baseline, mass balance of the system and
repeatability of the method.

2) The second part of this research was to apply the techniques developed to
landfill leachate samples, thus validating the method and providing knowledge
on the distribution and interaction of metals and nanocolloids in leachates.

This part of the research showed that:
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.DLS and AFM can both be used to investigate the presence of nanocolloids
within leachates however they detect different ranges of particle sizes within
the same leachates because of the different principle used to determine

particle size. They must therefore be used in conjunction.

DLS was not able to detect particles below 30 nm in all three leachates,
presumably due to masking of smaller particles by larger particles. AMSW

showed the highest range of particle sizes compared with MSW and MBT.

HR-ICP-MS analysis of bulk concentrations of the MSW, MBT and AMSW leachate
showed that MSW had typically higher element concentrations than the other
leachates and that MBT element concentrations were more variable than MSW

and AMSW indicating a less homogenous leachate.

AF4-HR-ICP-MS was capable of analysing the distribution of 24 elements in the
nanocolloidal fraction of landfill leachates. The fraction collection of cross flow
and channel elutants provided mass balance recovery data to compliment AF4-
HR-ICP-MS fractograms. Although AMSW had significantly lower element
concentrations than MSW, this did not affect the recovery results. MSW, MBT
and AMSW all showed real losses in the AF4 system for some elements, but
there was no apparent pattern between particular elements within the

leachates.

The mass balance recovery showed that the majority of metals in the
nanocolloidal fraction were in fact truly dissolved (< 1 kDa) however a
proportion of metals (1-100%-variable between elements and leachates) were
present in the nanocolloidal fraction and thus may be affected by colloid

facilitated transport.

The AF4-HR-ICP-MS analysis alongside UV,  and FLU revealed that within the
nanocolloidal fraction of MSW, MBT and AMSW leachates there were two

distinct populations:
1) An organic-rich low MW fraction

The OM rich low MW can be divided in to two sub fractions, humic-like

and fulvic-like, with fulvic-like the smaller of the two.

2) An inorganic-rich higher MW fraction with organic coatings
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The leachate OM was found to be a host for most metal(loids) which
preferentially bound to OM rather than inorganic nanocolloids and the majority
of these metal(loids) were associated with the fulvic-like particle (< 2 kDa in

this study).

Si did not interact with other particles or elements and appeared to form its

own colloids whilst Li and Cs were bound to fulvic-like particles only.

There was no difference in the element distribution in nanocolloids between
the MSW, MBT and AMSW leachates suggesting that the effect of recent
regulations such as the pre-treatment of waste and the age of the waste do not

alter the distribution within the nanocolloidal fraction.

The lowering of MSW leachate pH from pH 8.32 to pH 5, did not alter the
distribution of elements in the nanocolloidal fraction of MSW leachate thus
implying that mixing of leachates with lower pH value waters would not impact

on the potential for colloid facilitated transport

The lowering of the ionic strength of MSW leachate did however appear to
promote aggregation of Fe nanocolloids (associated with Mn and Cr), which
was likely caused by the decrease in OM content which controls the
distribution of elements in the nanocolloidal fraction. This aggregation may

reduce the mobility of Fe, Mn and Cr in the nanocolloidal fraction.

Thus this thesis has shown that current risk assessments may not accurately
predict the potential transport of pollutants in the environment because they
do not account for metal/nanocolloid interactions in landfill leachates and

therefore these must be incorporated.

6.2 Future Perspectives

Whilst the methods applied in this study have shown to be successful in
providing quantitative data about nanocolloid behaviour, there are some
alterations to the analytical techniques and additional data analysis which

would benefit landfill risk assessment models.

Injecting larger sample volumes would likely achieve more repeatable results

and overcome precision issues which stem from low CPS values. Larger
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volumes may also reduce detection limits, allowing for an increased number of
elements to be measured. This would however require longer focusing times

and may increase sample carryover and baseline concentrations.

This study has focused on the low MW colloids in leachates because as
expected, and as shown, the majority of metals and metalloids are present in
this fraction. Fractionation runs with lower cross flow to separate higher MW
colloids would provide further information on inorganic colloids and

complexes as well as the behaviour of Si in the leachate.

Additional data analysis may provide supplementary information for

incorporation into risk assessment models.

Correlation analysis of the interactions between elements in the nanocolloidal
fraction may highlight interactions that were not obvious from visual
observation and would also quantify them. This would require a powerful

statistical software programme due to the large number of data points.

Further data analysis could also be undertaken to determine the types of clays
and minerals present in the leachate fractions by examining ratios e.g. Al:Si.

Furthermore, chemical speciation software could predict compounds.

Investigation of a larger number of leachate types would also provide more

substantive data for incorporation into risk assessment models.

6.2.1 Complementary Research

To complement the research undertaken in this study, experiments to examine
sorption and transport of nanocolloids in landfill leachates and the

surrounding environment could also be undertaken.

AF4-HR-ICP-MS analysis before and after batch sorption experiments (as
described in Environment Agency (2003)) consisting of leachate and landfill
lining material (e.g. clay) would provide insight in to how the nanocolloids
interact with lining materials and provide further data to be incorporated into

risk assessments.

Column transport studies (also described in Environment Agency (2003)) in

conjunction with AF4-HR-ICP-MS could further provide data for risk assessment
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models, by indicating the transport behaviour of nanocolloids. This approach
could also be used to explore the transport of manmade NPs in a landfill
environment. NPs such as Au or Ag (which are of low concentrations in the
leachates presented here) could be added to leachate and thus information on

the transport of natural and manmade NPs could be ascertained.

Although this study has focused on the association of metals with nanocolloids
within landfill leachates, there are other contaminants e.g. pesticides which
may be present in the nanocolloid fraction and thus influenced by colloid
facilitated transport. These could also be examined using AF4-HR-ICP-MS
however alternative detectors (GC and HPLC-MS) would be required. The
method could also be applied to other environmental samples e.g. wastewater

for which multi-elemental analysis is required.
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Appendix 1.1 UK Regulations related to landfills (Butt et al., 2014)

Regulation

1. Waste Management
Licensing Regulations (S,
19944, 2005):

2. Groundwater Regulations
(SI, 1998, 2009):

3. EU Directive on IPPC
(Integrated Pollution Control
and Prevention) (EU, 1996):

4. EC Directive on EIA
(Environmental Impact
Assessment) (EC, 1985):

5. Environmental Protection
Act, 1990 and
Environmental Act, 1995:

6. Strategic Environmental
Assessment (SEA) Directive
(ODPM, 2003):

7. EC Directive on the
Conservation of Natural
Habitats and of Wild Fauna
and Flora (The Habitats
Directive) (EC, 1992)

8. Water Framework
Directive — WFD (EC, 2000):

Details of relevant legislation.

Under these regulations, waste management licences are issued by the
Environment Agency to ensure that the authorized activities do not cause
pollution to the environment, harm to human health or serious detriment to
local amenities.

This environmental legislation is an environmental protection measure which
completes transposition of the environmental protection Groundwater
Directive (80/68/EEC) and provides enhanced protection for measure which
completes transposition of the groundwater.

This Directive (‘the IPPC Directive’) enforces a requirement for industrial and
agricultural activities with a high pollution potential to have a permit which
can only be issued if certain environmental conditions are met, so that the
companies will bear the responsibility for preventing and reducing any
pollution they may cause.

The Directive has been applied to the assessment of environmental effects of
those public and private projects which are likely to have significant effects
on the environment.

The 1990 Act places certain obligations on businesses to ensure that their
waste is suitably contained and disposed of in a proper wide and abandoned
mines; to make further provision in relation to National Parks; environment.
This Act is to make provision with respect to contaminated land range of
issues which are related directly and/or indirectly to the manner. The 1995
Act covers a to make further provision for the control of pollution, the
conservation of natural resources and the conservation or enhancement of
the environment; to make provision for imposing obligations on certain
persons in respect of certain products or materials; to make provision in
relation to fisheries; to make provision for certain enactments to bind the
Crown; to make provision with respect to the application of certain
enactments in relation to the Isles of Scilly; and for connected purposes.
The Directive ensures environmental effects to be taken into account by
authorities during the preparation of plans and programmes in the fields of
land-use, transport, waste and water management, energy, and a range of
other sectors. Thus, this legislation enhances the degree of integration
between various sectors rather than each sector being treated on its own as a
separate entity.

: The EC Habitats Directive promotes the maintenance of biodiversity by
requiring Member States to take measures to maintain or restore natural
habitats and wild species at a favourable conservation status. The Directive
introduces robust protection for those habitats and species that are of
European importance. In applying these measures Member States are
required to take account of economic, social and cultural requirements and
regional and local characteristics.

The 1980 Groundwater Directive (80/68/EEC) aims to protect only
groundwater whereas the WFD lead to a major overhaul of water protection
legislation (Burges Salmon LLP, 2009). The WFD commits European Union
member states to protecting and making all water bodies (rivers and lakes),
transitional waters (estuaries), coastal waters and groundwater of good
qualitative and quantitative status by 2015. Thus, this introduces integrated
approach on much larger scale.
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9. Landfill Directive (EC,
1999) and Landfill
Regulations (Scottish
Executive et al.,2005; SI,
2002):

The overall aim of this environmental legislation is to prevent or reduce as
far as possible negative effects on the environment, in particular the
pollution of surface water, groundwater, soil and air, and on the global
environment, including the greenhouse effect, as well as any resulting risk to
human health, from the landfilling of waste, during the whole life-cycle of the
landfill. This legislation also has important implications for waste handling
and waste disposal. Principles of the Landfill Directive and WFD together aim
for: - The minimum requirement of ‘no deterioration’ for all waters, -
Achieving good ecological and chemical quality status for inland and coastal
waters. Good ecological status can be defined as only a slight departure from
the biological community that would be expected in conditions of minimal
anthropogenic impact. Good chemical status fulfils all the standards set by
EU legislation for the concentration of chemicals in water. Additionally, more
stringent requirements for ‘protected zones’ such as drinking waters,
bathing waters, designated areas for the protection of habitats or species
(including Natura 2000 sites), also other zones may be designated for the
protection of economically significant species or recreational activities. -
Achieving international agreements such as OSPAR and eliminate emissions
of priority hazardous substances, such as heavy metals and PAHs.
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Appendix 1.2 Principle Chemical Compositions for Routine Monitoring(Environment
Aaencv. 2014b)

Determinand Symbaol Minlmum Fleld/ Major Tolerable
reporting Lab® lon uncertalnty”
balanc

Tem perature Temnp C £1" £51 F 4
pH pH pH unlts* | 201" 05 | Fandl 4
Electrical conductiwity EC us/cm® 10 50 Fand L 4
Dissolved oxygen’ DO mug/l £1° ] F 4
Eedoy potentials Enh my +]= 5 F 4
Total suspended solids TS mig/l 5 5 L 4
Total dissodwed solids TDS mag/fl 10 20 L 4
(gravimetric)

ammoniacal nitrogen (as N) | NH.-M mg/i 0.05 1 L (#) 4
Total oxldised nitrogen (as My* TO mag/fl oz oF L =) 4
violatile fatty ackds {C,—C,) VFA mug/l 0.1 o1 L {4 4
Total organic carbon (Flltered) TOC mag /i 1 1 L 4
Blochemical oxygen demand BOD ma/i 1 10 L 4
Chemical axygen oemand EoD g, 5 n L 4
Caldum™ il mag/fl 1 20 L + 4
Magnesium'™ Mg mag/l 1 20 L + 4
Sodlum™ Ma mag/fl 1 10 L + 4
Potassium™ K magyl 1 10 L + 4
Total alkalindty {zs C3C0) MK mig/l 5 10 Forl - 4
Sulphate 20, mi/l 3 10 L - 4
Chiloride Cl mag/fl 1 10 L - 4
fron™ Fe pgi 0 50 L (+] 4
Manganese Mn g/l 10 10 L {#) 4

1. Actual reporting values should be determined in consultation with the analytical laborstory. A reporting values or better

should akways be used If attalnable. Reporting values “&° are Tor “Clean’ waters. “B° values are for keachabes. Values for bracklsh

wiaters should be agreed with the analytical lsboratory and the Agency.

Measurements designated *L' would normally be determined at a laboratory, though selected field measurements of indicator

parameters may be acceptable to the Agency subject to agreermant of callbration procedures.

Determinands maroed *+° are catlons and *-* are ankons wsed for major lon balance caloulstion. Bracksted values are those

freguently at sufficiently knw concentration in natwral waters to omit from caloulation, but that woulkd nomally be Incleded In

3 major kon balance for leachates.

% The tolerable uncerainty 5 determined fodioswing compietion of the Inltlal characterisation monkoring and may not

necessarlly be applled to all measuremants. It may be expressed a5 3 percentage o a fhoad value. It Is sibe, location and

measurement specic (see Section .3.5).

Typical Instrumentation accurscy required, rather than reporting value.

Callbration temperature should be stated. Mormally, this B 20°C.

FAWhere D and En measurements are required these shaould only be detemmined In the Theld. Analyses on grounowater
samples should only be taken In fiow-through cells. Measuremeants would not normally be carfed out on keschate samples.

= Total exidised nitrogen may be expressed as the sum of nitrate (NO5) and nitrite {(NO5) analyses

= [ wolatlle fatty adds are included ina major lon batance, 3 correction 15 required for the effect of these 0ids on the alkallnity
value (see Appendix 13).

104l metals shoukd be dissolved metals unless conditions require total metals {e.g. for surface water or groundwaters that are
tast flowing, of where precipitsbion of Fa/Mn Is oCourring In otherwise Clear water).



Appendix

Appendix 1.3 Minor Chemical Composition Measurements for Routine Monitoring

(Environment Aaencv. 2014b)

Minimum Tolerable
reporting uncertalmiy®
value?
I
Examples of Cadmiurmy! Cd ug/l 0.1 1 X
Inorganic Chrgmium? Cr gl 10 1o 3
substances Copper Cu ug/l 10 o k|
Milcke!* Pl gyl 10 o 3
Lexd* PO ugysl 10 1o 3
Zinc? In gl 10 1o 3
orthaphosphate {as P) 0-POy mail 0.1 0.1 3
Arsanic As gyl 10 1o 3
Barium B3 ugyl 10 LLE) 3
Bonon B mail ol o 3
Cyanide CH it 10 10 3
Fluoride F g/ 50 50 3
MgrcLry Hg P 1 1 3
Dissoived methane D1s.CHy pail 5 5 3
Examples of Fhenobs {e.g. by HPLC) sono-P mig/l o1 1 3
organlc Mineral olls hydrocarbons’ Min O gl 1o 1o 3
substances Pesticides - gyl 1 1 3
(2.0 Atrazine, Mecoprop)
Palychiorinated biphenyls PCHs payl 0.5 0.5
Chiorinated soivents - ugul 1" 1 3
{e.q. trichloroethylene)
Other Ortier List | and List 1l List 1 - - - 3
substances determinands specfied by List 1l
monitored for Reguilation 15 survey
regulatory Ortiher Red LIst/LISE | Red List - - - 3
purposes determinands for lexChate List I
dizchange

-

- All analyses would normally be determined at a laboratory. Feld messurements of scme determinands may be allowable subject 1o
approval of calbraton procedurnes.

- Actual reporting values should be determined in consultation with the anadytical bboratory. A’ reporting values or better should
akways be used if attainable. Reporting walues ‘A" are for ‘dean” waters. ‘B’ walues are for leachates. Values for brackish wabers should
b= agreed with the analytial kboratory and the Agency.

. The tolerable uncertainty & detemined following completion of the inftial characterisation monitoring and may not necessarily be
applied to all measurements. It may be expressed 25 a percentege or a ficed vahees. Rt is site, location and measurement spedfic
{see S=ction &.3.5).

- All metals should be dissobesd metals unless conditions requine total metals (e.q. for surface water or groundwater that is fast
flowving, orwhere precipitation of Fe/Min is ocourring in otheraise clear water).

- HPLC, high performance liquid chromatography. There are many phenolic compounds. Exact analysis should be spedfied in
consultation bebyeen the operator, Agency and analytical Ixboratory.

& Lioser minamum reporting values wall be necessary in some circumstances {e.g. compliance with drnking waber limits).

Method of mineral oilhydrocarbon determination should be specified in consultation betwesn the operator, Agency and

analylical hboratory.

bal



Appendix

Appendix 1.4 PSS standard Retention times and Molecular Weights

MW log (MW) Retention Retention Log (RT)
Time Time
(minutes) (Seconds)
1,000 3 14 824.5002 2.916191
4000 3.602059991 15.24167 914.5002 2.961184
6000 3.77815125 16.24167 974.5002 2.988782
14900 4.173186268 17.9 1075.5 3.03161
33290 4.522313795 22.30833 1338.5 3.126618

63000 4.819543936 30.4 1824 3.261025
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